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Editorial on the Research Topic

Structure, Functioning and Conservation of Coastal VegetatedWetlands

Coastal vegetated wetlands—mangroves, saltmarshes, and seagrass beds, hereafter called coastal
wetlands—are marine ecosystems constituted of rooted macrophytes living intertidally or
subtidally (Hopkinson et al., 2012, 2019). They occupy a narrow fringe along the shores of all
continents except Antarctica (Duarte et al., 2013; Hopkinson et al., 2019). Their global cover is
small, yet they are profoundly important to human livelihoods and the regulation of physical,
chemical, and biological processes (Borja et al., 2015), and thus for coastal resilience. Mangroves
and saltmarshes contribute 2,000–215,000US$ ha−1 yr−1 to coastal economies through the delivery
of numerous ecosystem services (Costanza et al., 2014; Gopal, 2016; Macreadie et al., 2019). The
equivalent value for seagrass and algae beds is 29,000 US$ ha−1 yr−1 (Costanza et al., 2014;
Dewsbury et al., 2016), while climate regulation alone contributes 1,250 US$ ha−1 to >90,000
US$ ha−1 (graphical estimates), with variation depending on the valuation approach and type
of coastal wetland (Macreadie et al., 2019). Coastal wetlands have a central role in nature-based
flood and erosion protection, much to the interest of mitigative coastal zone planning (Bouma
et al., 2014). Up to 10% of all oceanic carbon passes through coastal wetlands (Jennerjahn and
Ittekkot, 2002; Dittmar et al., 2006) and their “blue carbon” burial rates, on a per area basis,
exceeds that of most terrestrial forests (Howard et al., 2017). Coastal wetlands are important filters
of coastal pollutants and pathogens and provide habitat to a wide array of species, including
commercially important fisheries stocks and threatened birds and mammals (Borja et al., 2015;
Lamb et al., 2017). Unfortunately, land reclamation, deforestation, eutrophication, and other
anthropogenic perturbations threaten coastal wetlands. Although area losses are contextually and
geographically variable, with some regions showing gain in wetland cover (Ladd et al., 2019),
global declines were 25–50% over the past five decades (Lotze et al., 2006; Duarte et al., 2013;
Telesca et al., 2015) and 54–87% if including the pre-1900s (Davidson, 2014). The array of
functional processes—biological, chemical, physical—which in combination give rise to natural
benefits, such as coastal protection and carbon storing, are not always well-understood (Macreadie
et al., 2019; Rendón et al., 2019). Nevertheless, ongoing declines in the cover of coastal wetlands
will undoubtedly diminish the ecosystem services they provide (Waycott et al., 2009) and could
initiate a new source of greenhouse gas emissions through remobilization of carbon they store
(Belshe et al., 2017). The current concern is that climate change will affect the functioning and
future distribution of coastal wetlands (Wernberg et al., 2016), for instance through poleward
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migration (Sorte et al., 2010), rainfall-driven changes to carbon
capturing (Sanders et al., 2016) and shifts in the lateral extent of
wetlands due to sea level rise (Pergent et al., 2015; Spencer et al.,
2016; Schuerch et al., 2018).

While coastal wetlands were understudied in preceding
decades (Orth et al., 2006; Duarte et al., 2008) they are
now in vogue and are commonly used as model systems to
address globally important research frontiers, such as CO2

emissions after disturbance (Lovelock et al., 2017). Numerous
methods and metrics have been used to assess their ecological
status (Best et al., 2007; Gobert et al., 2009; Marbà et al.,
2013; Faridah-Hanum et al., 2019). Yet, the understanding
of their functioning and the use of resultant environmental
indices is often inconsistent or not practiced, and/or it is
reliant on the knowledge of reference conditions and long-
term assessment programs, which may or may not exist
(Duarte et al., 2017). Conservation and restoration programs
carried out worldwide alongside environmental assessments
have yielded both encouraging and disappointing impacts on
ecosystem functioning and human welfare (Gittman et al., 2019).
Restoration successes depend primarily on the habitat type, site
selection and the techniques applied (Bayraktarov et al., 2016).
It is essential to have a thorough understanding of the causes
for variation in the functioning of coastal wetlands to inform the
practices that receive considerable global investment for wetland
restoration (Simenstad et al., 2006; Bayraktarov et al., 2016).
Lack of research knowledge in many areas of coastal wetland
functioning hampers decision-making processes concerning
their management and the implementation of successful
mitigation programs.

We felt the time was ripe for a special issue to bring
together recent research into the functioning of coastal wetlands.
The present Research Topic placed particular emphasis on
the functioning of seagrasses, saltmarsh plants, and mangrove
trees as engineering species, and on processes associated
with the ecosystem structure that they constitute. Five main
research themes were addressed: (i) biogeochemical fluxes
and balances of carbon, nutrients, and chemicals, (ii) coastal
and seascape ecology, interspecific relationships, and food
webs, (iii) patterns and processes of change in cover and
distribution of coastal wetlands, (iv) degradation and resilience
to environmental and anthropogenic disturbances, including
climate change, and (v) the monitoring, management, and
restoration of coastal wetlands. These themes are addressed
in this Research Topic e-book by 13 contributions from 67
scientists and 11 countries. Most contributions were made
by researchers from the United Kingdom (32), the USA
(9), Belgium (8), Spain (5), and France (5), with only two
from Africa (Kenya) and Middle East (Israel). All but two
of the articles concern seagrass beds and saltmarshes, given
the geographic origin of the scientists and research institutes
involved. These geographical and system associated biases
were unintended and purely a reflection of the manuscript
submissions received by the editorial team. The patterns and
responses presented in the 13 papers of the Research Topic e-
book still provide useful insights for other regions, as well as for
other wetland systems.

The Research Topic e-book starts with a review that
demonstrates how crucial positive species interactions of
mutualism, commensalism, and facilitation are to the restoration
and disturbance-recovery of mangroves and saltmarshes (Renzi
et al.). Following that is an experimental study on mangrove
tree seedling development, which outlines how mangroves could
mitigate climate change in the context of rising atmospheric CO2

and increasing tidal flood duration (Jacotot et al.). These first
two studies illustrate that successful protection and restoration of
coastal wetlands require in-depth knowledge of the biology and
dynamics of the species that underpin ecosystem functioning.
Sediment dynamics, in particular accretion and erosion, are
abiotic processes that greatly influence the distribution and
resilience of coastal wetlands, and thus the success of restoration
and environmental compensation measures—a point that is
exemplified in three saltmarsh papers (De Battisti et al.;
McCloskey et al.; Taylor et al.). The spatial complexity of
saltmarshes, as an integrated system of vegetated platforms,
tidal channels and ponds, gives rise to contextually variable
biogeochemistry and resilience to disturbance, as illustrated
by two studies (Huertas et al.; Hutchings et al.). Intuitively,
one would expect livestock grazing of saltmarshes to have a
negative impact on carbon stock; yet a broad-scale study in
the UK shows carbon stores were un-affected by variation in
the intensity of sheep grazing, probably because grazing has
minimal impact on carbon stores relative to the influence of
environmental context (Harvey et al.). The Research Topic e-
book includes five studies on seagrass beds. These explore an
array of topics, from degradation to restoration, at the scale
of individual species to whole ecosystems. An experimental,
in situ test validates a simple and cost effective method
for restoring Zostera marina beds, using seeds packed in
hessian bags (Unsworth et al.). In response to water quality
degradation, seagrasses exhibit various changes in morphology
and physiology. The response of Z. marina is tested in controlled
laboratory conditions to provide a consistent set of biological
response variables to light deprivation and to assign minimum
light thresholds for that species (Bertelli and Unsworth). A study
shows Posidonia oceanica is the highest marine producer of
two organosulfur compounds, dimethylsulfoniopropionate and
dimethylsulfoxide, that are central to the marine sulfur cycle
and which have mitigating influence on the greenhouse gas
effect (Richir et al.). Another study highlights the dichotomous
dynamics of seagrass seascapes, as influenced by natural and
anthropogenic (anchoring) factors (Abadie et al.). The final
paper of the e-book is an 18-month experimental study that
demonstrates that seagrass removal in a multi-species tropical
meadow causes surface erosion, the diminishing of carbon stock,
as well as changes in the local composition of faunal communities
(Githaiga et al.).

The novel research findings on the functioning of coastal
wetlands published in these 13 studies bring new insights into
several research gaps highlighted in this editorial. Although a
wide variety of topics have been covered, a common message
arises here, which is that we have many shortcomings in
our understanding of fundamental ecosystem processes, in
particular those associated with ecosystem service delivery.
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This common message is generalisable to all marine and
tidal wetlands worldwide. Thus, the e-book underscores the
need for continued effort to provide a solid knowledge-
base on coastal wetlands, in support of effective management
practice, conservation and restoration, and for the benefit of
future generations.
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Coastal wetlands are among the most productive ecosystems in the world. They

generate critical services for humans including shoreline protection, carbon storage,

pollution mitigation, and fisheries production. Restoration of coastal wetlands has

historically been viewed as a secondary conservation strategy, but recently—given

the continued loss of wetlands worldwide—many non-governmental and governmental

organizations have elevated habitat restoration to be a primary method for wetland

conservation. The long-held paradigm in coastal wetland restoration has been to

restore target habitats by reducing physical stressors and avoiding competition among

outplants, such as mangrove saplings or Spartina plugs. Recent ecological research,

however, reveals that positive species interactions, such as facilitation, are critical to

wetland recovery after disturbance. Here, we review the scientific evidence for the

importance of positive species interactions in the recovery of salt-marsh and mangrove

ecosystems and assess the extent to which they have been integrated into restoration

studies. We found that only a small proportion of studies of marsh and mangrove

restoration examined the effects of positive species interactions, despite the important

role they play in the regrowth of coastal wetlands. We outline how positive species

interactions can be systematically incorporated into future restoration work and discuss

how this incorporation can help the reestablishment of coastal wetland biota through: (1)

trophic facilitation, (2) stress reduction, and (3) associational defenses. The absence of

positive interactions in restoration designs may partially explain the significant disparities

between the functioning of natural and restored coastal plant ecosystems.

Keywords: salt marshes, mangroves, restoration, positive interactions, facilitation, coastal wetlands

THE IMPORTANCE OF COASTAL WETLANDS AND THE THREATS

THEY FACE

Coastal wetlands are among the most productive ecosystems on Earth and generate vital services
that benefit human societies around the world. Sediment-stabilization by wetlands such as salt
marshes and mangroves serves to protect coastal communities from storm-waves, flooding, and
land erosion (Gedan et al., 2011). Coastal wetlands also reduce pollution from humanwaste (Kadlec
and Wallace, 2008; Yang et al., 2008), remove excess nutrients from the water column (Ouyang
and Guo, 2016), trap pollutants (Gambrell, 1994), and sequester carbon (Mcleod et al., 2011).
Further, near-shore wetlands act as both essential nursery habitats and feeding grounds for game
fish, supporting a diverse group of economically important species (Lipcius et al., 2005; Mumby,
2006; Aburto-Oropeza et al., 2008; Nagelkerken et al., 2008).
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Despite their immense ecological and economic importance,
coastal wetland ecosystems are in decline. In this review, we focus
on salt marshes and mangroves, which, like many other coastal
wetlands, are facing serious threats from coastal development,
a rapidly changing climate, pollution, invasive species, and
overfishing. North American salt marshes, for instance, have
decreased by 30–90% (Gedan and Silliman, 2009a). Similarly,
in 2001 scientists estimated that over 35% of mangroves had
been lost worldwide, which surpasses habitat losses in other
ecosystems such as rainforests (Valiela et al., 2001). Furthermore,
mangrove deforestation is not halting; the Food and Agriculture
Organization of the United Nations estimates that 1–3% of the
remaining area of mangroves is lost each year (FAO, 2007).

Increased physical stress resulting from coastal development,
climate change, and pollution is one of the key mechanisms
underlying coastal wetland degradation and loss. Dredging, for
example, can alter marsh hydrologic regimes that are vital for
determining marsh function (Crain et al., 2009) and economic
development can lead to the degradation of coastal ecosystems
(He et al., 2014). Climate change and pollution also cause wetland
loss by increasing drought, toxicity, and nutrient stress (Bertness
et al., 2002; Gedan et al., 2009). Human-induced sea level rise
poses a drowning threat to coastal wetlands (Ellison and Stoddart,
1991; Nicholls et al., 1999; Craft et al., 2009), particularly
where shoreline development impedes plant migration to higher
ground (Schuerch et al., 2018). Similarly, subsidence as a result of
sediment starvation is a serious threat to salt marshes around the
world (Gedan et al., 2009). On a regional and local level, oil spills
frequently harm marsh-associated animals (Zengel et al., 2016);
can kill salt-marsh plants, which causes erosion and further
ecosystem loss (Silliman et al., 2016); and are responsible for the
loss of∼120,000 ha of mangrove forests (Duke, 2016).

In most coastal wetlands, these physical forces do not act
alone; biotic forces also contribute to coastal wetland loss
and degradation. An increasingly recognized biotic mechanism
of coastal wetland degradation is trophic downgrading (i.e.,
loss of high trophic-level consumers) as well as its associated
interactions with climate stress. Overfishing of consumers, for
example, can damage coastal wetlands by releasing grazers from
top-down control. Particularly in salt marshes, overfishing of
predators has been shown to drive coastal wetland loss by
increasing grazing on salt-marsh plants which leads to the
development of expansive salt and mudflats (Silliman and
Bertness, 2002; Altieri et al., 2012; Silliman et al., 2013; He
et al., 2017). In China, Argentina, Canada, and the southern U.S.,
drought stress has been shown to interact with top-down effects,
which can lead to wetland loss (Silliman et al., 2005; Costa et al.,
2009; Henry and Jefferies, 2009; He et al., 2017). During droughts,
salts build up in the soils and make plants more susceptible to
grazing. Once plants die-off and mud flats are formed, elevated
salt concentrations in soils and intensified grazing pressure can
prevent marsh recovery, resulting in the emergence of a stable
alternate mud flat state (Henry and Jefferies, 2009; He et al.,
2017). Similarly, reduced habitat complexity, which can be a
feature of restored marshes (Lawrence et al., 2018), can affect
biological interactions that hasten marsh decline. Finke and
Denno (2006) found that marsh habitat complexity increases the

beneficial impacts of predatory arthropods that control Spartina
consumers, while in simplified habitats the beneficial effects of
these predators are weakened. In these two cases, both biotic (i.e.,
grazing, predation) and abiotic (i.e., drought, complexity) factors
interact to drive ecosystem change.

Invasive species have also altered the structure and
functioning of coastal wetlands. A meta-analysis of aquatic
biotic invasions revealed that invasive species decrease native
species abundances as well as alter nutrient cycling across
diverse ecosystems, including coastal wetlands (Gallardo et al.,
2016). In eastern U.S. salt marshes, for instance, invasive
species such as Phragmites australis can alter trophic structure
(Gratton and Denno, 2005, 2006) and outcompete native species,
reducing ecosystem diversity (Silliman and Bertness, 2004;
Minchinton et al., 2006). In Chinese, western U.S., Australian,
and Mediterranean salt marshes, Spartina species and their
hybrids are outcompeting native species and taking over
mudflats (Nieva et al., 2005; An et al., 2007; Strong and Ayres,
2009). Although less studied, mangroves are also affected by
species invasions (Biswas et al., 2007), which likely influences
community functioning. In many cases, these invasions can be
exacerbated by human-induced changes, such as eutrophication,
which have the potential to facilitate the spread of non-native
species (e.g., Tyler et al., 2007). Additionally, younger ecosystems
may be more susceptible to species invasions (e.g., native
invasion in Veeneklaas et al., 2013) and estuarian wetlands
are particularly susceptible to invasions (Byers, 2009), making
a thorough understanding of species interactions particularly
relevant to coastal wetland restoration projects.

THE ROLE OF RESTORATION IN THE

FUTURE OF COASTAL WETLANDS

Given the current state of coastal wetlands, immediate action is
needed to slow the loss of these systems and bolster the services
they provide. Although preservation is typically seen as the best
way to conserve ecosystems, in some cases restoration may be
a better or key supplemental option (Possingham et al., 2015)
and vital to the future of natural habitats (Dobson et al., 1997).
Particularly if sea level rises faster than shoreline wetlands can
migrate, if migration is impeded by coastal development, or if
environmental disturbances increase, restoration that facilitates
wetland migration and/or re-colonization after die off may
be essential to ensure wetland functional longevity. Indeed,
major non-governmental and governmental organizations are
beginning to discuss whether restoration at large scales (10–
1,000 s km2) can be an effective way to not only halt decline, but
actually increase total wetland coverage, and the United Nations
declared the upcoming 10 years the decade of restoration.

Many restored ecosystems, however, fail to completely
achieve the structure and functioning of natural communities.
Recovering wetland diversity through restoration can take
decades (Borja et al., 2010) and many projects never achieve
the desired state, which can limit the ecosystem services they
provide. A global meta-analysis across a variety of ecosystems
revealed that restored sites consistently have lower biodiversity
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than natural sites (Rey Benayas et al., 2009). A study in western
India found that restored mangroves contributed only 22% of
what natural forests contribute to associated fisheries (Das, 2017)
and a study in southeast England found that even after 100
years most restored salt marshes failed to replicate natural species
richness (Garbutt andWolters, 2008). In addition to having lower
supporting and regulating services (Meli et al., 2014), restored
ecosystems may have altered levels of biogeochemical function.
Even decades after restoration is initiated, important nutrients
like carbon and nitrogen may be dramatically lower. A 2012
meta-analysis of coastal and inland wetlands by Moreno-Mateos
et al. (2012) found that restored sites had 26% lower functioning
in terms of structural services and 23% lower functioning in
terms of biogeochemical services.

In addition to ecological challenges, restoration can be costly
and impractical at large scales, particularly if restored areas are
slow to become self-sustaining. In 2010 the median reported
restoration cost was $8,961 for one hectare of mangrove and
$67,128 for one hectare of salt marsh (Bayraktarov et al.,
2016). If restoration is going to be a primary mechanism for
wetland recovery, as conservation organizations have proposed,
we need to improve restoration efficiency (e.g., the cost to
amount of restored habitat ratio) and implement restoration
designs that support the rapid creation of natural, high-
functioning wetlands. Although restoration ecology often draws
from ecological theory and understanding (Palmer et al., 1997;
Young et al., 2005), marine managers often do not integrate
important ecological concepts (e.g., positive species interactions)
into restoration projects, which may mean coastal wetland
restoration is underperforming (e.g., Shaver and Silliman, 2017;
Zhang et al., 2018).

IMPORTANCE OF POSITIVE

INTERACTIONS IN COASTAL WETLANDS

Positive interactions are interactions between organisms where
at least one partner benefits and no partners are adversely
impacted (e.g., mutualism, commensalism, facilitation). Over
the past few decades, ecological experiments have shown that
positive interactions are critical to the success and recovery of
ecosystems (Stachowicz, 2001; Bruno et al., 2003; Hay et al.,
2004). For example, oysters recruit to other oyster shells, which
offer predator protection (O’Beirn et al., 2000); seagrass can
reduce desiccation stress for other seagrasses (Tsai et al., 2010);
and adult sea urchins protect urchin larvae (Quinn et al., 1993).

Recolonization and succession processes, which are integral to
restoration, are influenced by positive interactions. In the case of
seagrass, facultative rhyizophytic algae can help plants overcome
nutrient limitations, which facilitates the recolonization of
nutrient-limited seagrasses (Williams, 1990). In the rocky
intertidal zone, coralline algae and understory species can
facilitate kelp recruitment and canopy cover (Barner et al., 2016).
Similarly, in mangroves and salt marshes, neighboring plants can
reduce both soil salt and low oxygen stress, while aboveground
plant structure can create habitat that facilitates biodiversity by
lowering predation and insolation stress for associated species

(Figures 1, 2). These interactions often create positive feedback
loops, where the establishment of new species is aided by the
addition of another species—a process that can and should
be harnessed in restoration and recolonization. When these
interactions are missing, communities may struggle to recover
and the development of biodiversity and ecosystem functioning
may be hindered.

A recent multi-ecosystem meta-analysis (He et al., 2013)
revealed that positive interactions are particularly important
in stressful environments (i.e., the Stress Gradient Hypothesis)
such as tidal flats, which experience extreme salinity and tidal
fluctuations. These results also revealed that positive interactions
are critical for plant community diversity and function during
ecosystem recovery from disturbance (e.g., large scale plant
mortality due to drought). To elucidate the potential importance
of positive species interactions to coastal wetland restoration
efforts, we first examine how positive interactions are crucial
to salt marsh and mangrove recovery from disturbance via (1)
stress amelioration, (2) associational defenses, and (3) trophic
facilitation (Figures 1, 2) and then outline how these positive
interactions can be systematically incorporated into coastal
wetland restoration plans.

Stress Amelioration
Natural clumping of foundation species such as oysters, mussels,
or mangroves is common in stressful environments where
survivorship of individuals is higher in groups than when
found alone. Clumped organisms can reduce both physical
(e.g., low oxygen) and biological (e.g., predation) stress, which
facilitates conspecifics as well as other associated species, allowing
for community development. For instance, oxygen stress in
mudflats is often alleviated through positive interactions among
clumpedmarsh plants andmangrove saplings. Salt-marsh grasses
and mangroves planted closely together benefit from oxygen
leaking out of the roots of nearby plants (Howes et al., 1986;
Gedan and Silliman, 2009b) and plants in clumps can grow
2–3x faster (Silliman et al., 2015). Similarly, mangroves can
lessen sedimentation and salinity stress for other mangroves or
other foundation species such as oysters (Aquino-Thomas and
Proffitt, 2014). Species that benefit from the establishment of
these foundation species can generate further positive feedbacks
through reciprocal facilitation. For instance, fiddler crabs benefit
from the conditions provided by foundation species and in turn
increase oxygen availability for marsh plants through burrowing
(Bertness, 1985); detritivores recycle nutrients in mangrove
ecosystems (Nagelkerken et al., 2008); and mangrove crabs
reduce anoxic conditions in sediments (Stieglitz et al., 2000),
improving conditions for associated species.

Positive interactions can also ameliorate nutrient stress in
coastal wetlands. For example, sponges on mangrove roots
provide nitrogen to and receive carbon from mangroves, which
promotes the growth of both species (Ellison et al., 1996).
Similarly, mutualistic mussels can augment Spartina success and
resilience after disturbance by reducing sulfide and nutrient
stress (Derksen-Hooijberg et al., 2018) and marsh crabs can
slow soil nitrogen depletion, promoting the growth of marsh
plants (Zhang et al., 2013). Although less visually apparent,
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FIGURE 1 | Examples of positive interactions in salt-marsh ecosystems. (1) Mussels provide nutrients to marsh grasses, reduce sulfide stress (Derksen-Hooijberg

et al., 2018), enhance biodiversity (Angelini et al., 2015), and increase marsh resistance to drought (Angelini et al., 2016). Cordgrass facilitates mussel establishment

(Bertness and Grosholz, 1985) and reduces heat stress (Angelini et al., 2015). (2) Predators such as blue and green crabs act as important top-down controls on

herbivores and help prevent run-away grazing on marsh grasses (Silliman and Bertness, 2002; Bertness and Coverdale, 2013). (3) High densities of salt-marsh plants

increase wave attenuation, promote sedimentation, and thus increase sediment accumulation (Borsje et al., 2011). (4) Fiddler crabs can mitigate stress caused by

snail grazing (Gittman and Keller, 2013) and the facultative effect of mussels and fiddler crabs can be increased when present together (Hughes et al., 2014). (5)

Fiddler crab burrowing can increase oxygen in marsh sediments (Bertness, 1985). Further, crab burrowing can faciliate mycorrhizal fungi, which can account for

∼35% of plant growth (Daleo et al., 2007). (6) Biodiverse assemblages increase biomass and nitrogen accumulation (Callaway et al., 2003). (7) Marsh grasses mixed

with other plants can provide a refuge for snails from predators and indirectly protect grasses from grazing (Hughes, 2012). (8) Close by marsh grasses can help

reduce communal stress as they provide shade (Whitcraft and Levin, 2007) and oxygen to sediments (Howes et al., 1986). (9) Spartina alterniflora can act as a nurse

plant for other species (Egerova et al., 2003). (10) Salt marshes provide nutrients to neighboring ecosystems (van de Koppel et al., 2015) and long-distance facilitation

from nearby systems such as oyster reefs can reduce wave stress (Meyer et al., 1997). See acknowledgments for vector credits.

microorganisms living symbiotically with marsh plants or
mangroves in natural communities can also promote plant
growth and aid in restoration yields (Bashan and Holguin, 2002;
Daleo et al., 2007; Bledsoe and Boopathy, 2016). In these cases,
proximity to other macro- or micro- organisms helps ameliorate
the stress of living in a highly dynamic environment. Given that
we are discovering an increasing number of positive interactions
among organisms that may be pivotal to long-term ecosystem
functioning, these examples of stress-reducing, positive species
interactions are likely only the beginning of our understanding
of facilitation in coastal wetlands.

Associational Defenses
Wetland species can benefit from the associational defenses of
co-occurring organisms. For example, sponges and ascidians on
mangrove roots protect mangroves from isopods that impede
root growth (Ellison and Farnsworth, 1990). Between plants,
mixed stands of mangroves defend trees from crab herbivory
(Erickson et al., 2012) and co-occurring marsh plants can
reduce snail herbivory on Spartina (Hughes, 2012). Although
largely unexplored, there may also be facilitation among different
genotypes of coastal wetland plant species. For example, different
Spartina genotypes have different morphologies [e.g., heights

and stem lengths: (Proffitt et al., 2003)] as well as different
interactions with herbivores (Zerebecki et al., 2017). In other
plants, genotype has been shown to affect plant interactions
with associated species (e.g., ants and aphids on milkweed:
Mooney and Agrawal, 2008), which—if present in wetlands—
may provide associational defenses to clumps of foundation
species. Associated species can also facilitate non-foundation
species, leading to greater ecosystem diversity. For instance,
mangrove sponges can encourage growth of other sponge species
in return for protection from predators (Engel and Pawlik, 2005).

Trophic Facilitation
Historically, coastal wetland research focused on how “bottom-
up” factors, such as nutrient and hydrologic regimes, controlled
communities. However, research over the past 15 years has
shown that consumer or “top-down” controls on plants are
also important (He and Silliman, 2016). Indeed, grazer control
of salt-marsh and mangrove plants has been found on every
continent where coastal wetlands occur (He and Silliman,
2016). Top-down control in food webs can lead to trophic
cascades, which indirectly affect plant success. In these cascades
predators control grazers, which facilitates plant growth and
has positive impacts on coastal wetland structure and function.
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FIGURE 2 | Examples of positive interactions in mangrove ecosystems. (1) Multi-species plantations can sequester more carbon in sediments (Chen et al., 2012) and

can increase root yields (Lang’at et al., 2013). (2) Microbial communities receive food from mangrove root exudates and can help recycle nutrients (Bashan and

Holguin, 2002). (3) Mixed stands of mangroves can provide association defense against herbivory (Erickson et al., 2012). (4) Mangrove roots allow for oyster

recruitment and reduce sedimentation stress, and the presence of oysters in turn supports other species (Aquino-Thomas and Proffitt, 2014). (5) Mangroves provide

carbon to sponges and sponges provide nitrogen to mangroves (Ellison et al., 1996). (6) Mangrove roots provide habitat for sponges and tunicates, which protect

mangrove roots from harmful isopods (Ellison and Farnsworth, 1990). (7) In a facilitation cascade, mangrove pneumatophores trap algae and oysters, which act as

secondary foundation species and support diverse mollusk communities (Bishop et al., 2012). (8) Mangrove plantations sequester carbon in sediments (Mcleod et al.,

2011), which is affected by planting density and may be facilitated by top predators (Atwood et al., 2015). (9) Other plant species can increase recruitment of

mangroves by trapping seeds and ameliorating abiotic stress (McKee et al., 2007). (10) Higher densities of mangroves can increase seedling success and sediment

accumulation, which may allow for more resilience to sea level rise (Huxham et al., 2010). (11) Nearby coral reefs protect mangroves from wave action, while

mangroves reduce sedimentation stress and increase reef fish biomass on reefs (van de Koppel et al., 2015). See acknowledgments for vector credits.

The exact species operating in these trophic cascades vary
geographically, but generally consist of a top predator that
controls an intermediate species, which in turn influences a
foundation species (Figure 3). Because foundation species are
critical to ecosystem functioning, decreases in top predators—
which lead to increases in intermediate species and decreases in
foundation species—can have ricocheting effects on the entire
ecosystem (Figure 3).

In U.S. salt marshes, consumers such as predatory crabs and
fish regulate grazers that can decimate cordgrass populations.
Overfishing of blue crabs and fish has been linked to marsh
vegetation loss through reduced consumer pressure on grazing
snails and crabs (Silliman and Bertness, 2002). Trophic cascades
are less well-documented in mangrove systems, but are likely
important (He and Silliman, 2016). Traditional competition
alone does not explain large scale patterns of phytophagous
insects and the incorporation of facilitation may improve our
understanding of the insects that exert top-down control on
plant communities (Kaplan and Denno, 2007), such as those
in mangroves.

Ants have been shown to indirectly facilitate mangroves by
removing insect herbivores, which in turn makes tree leaves

less susceptible to crab herbivory (Offenberg et al., 2006) and
predator presence may facilitate carbon sequestration (Atwood
et al., 2015). Beyond trophic facilitation via direct consumption,
predators can facilitate communities through fear, which can
alter herbivore behavior and helpmaintain important foundation
species (Kimbro, 2012).

In addition to protecting coastal wetlands from overgrazing,
recent research has shown predators may also facilitate wetland
recovery. In New England, for instance, invasive green crabs were
found to compensate for native predator declines and facilitate
marsh vegetation recovery on Cape Cod by reducing herbivory
(Bertness and Coverdale, 2013). Similarly, in seagrass ecosystems
Hughes and co-authors found that sea otters could help seagrass
resilience by promoting epigrazers (Hughes et al., 2016) and sea
otter presence could reduce the impacts of eutrophication on
seagrass populations (Hughes et al., 2013). Species that consume
fruits may also play an under-appreciated role in ecosystem
functions such as seed dispersal. Mangrove-associated birds
are important seed dispersers and may facilitate invertebrate
dispersal through wading (Buelow and Sheaves, 2015). Similarly,
other grazing vertebrates can facilitate marsh seed dispersal by
moving uneaten seeds (Shanholtzer, 2012).
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FIGURE 3 | Demonstrated trophic cascades in United States salt marshes. (A) In the western U.S. sea otters control herbivorous crabs, which can cause erosion and

loss of salt marshes (Hughes et al., in personal communication). (B) In New England Blue crabs control herbivorous crabs, which can cause runaway grazing on

cordgrasses (Altieri et al., 2012). (C) In the Southeast U.S. blue crabs and terrapins control periwinkle snails, which graze on marsh grasses (Silliman and Bertness,

2002). See acknowledgments for vector credits.

The importance of predators in facilitating plants is likely
to become more extreme as abiotic stressors increase in coastal
wetlands worldwide. For instance in a Chinese salt marsh, He
et al. (2017) showed that drought conditions led to complete
ecosystem loss in the presence of herbivorous crabs, whereas
marsh plants survived drought in areas protected from crabs.
Similarly Silliman et al. (2013) found that grazers had a
disproportionately large negative impact on marsh cover in
declining marshes because grazers flocked to remaining marsh
grasses, increasing the relative top-down pressure on surviving
grasses. Related research found that wolf spiders can be effective
in controlling important Spartina consumers (Prokelisia dolus
and Prokelisia marginata), but that the strength of this top-
down control was mediated by nutrients and vegetation structure
(Denno et al., 2002). Restoration groups that do not address
the top-down pressures, as well as bottom-up pressures, on re-
vegetated marshes can suffer significant losses and be forced to
continually replant (e.g., He et al., 2017). Robust intact predator
assemblages are vital to coastal wetlands as they mediate the
effect of primary consumers on foundation species. Through the
introduction of predator species, trophic cascades can likely be
leveraged to promote restoration.

POSITIVE INTERACTIONS ARE

UNDERREPRESENTED IN CURRENT

COASTAL WETLAND RESTORATION

The coastal wetland restoration paradigm is in part borrowed
from plantation methodology and forest restoration, which

center on the idea that plant populations are limited by physical
stress and negative species interactions, such as competition.
Accordingly, managers generally disperse outplants and focus
on ameliorating abiotic stresses, such as unnatural hydrologic
regimes (Silliman et al., 2015). To examine whether the scientific
research in coastal wetland restoration reflects these paradigms,
we conducted a literature review of relevant articles since
1980. We searched Web of Science for English articles using
the search terms: “TS=(restoration) AND TS=(salt marsh OR
mangrove)” from 1980 to 2017, which yielded 1,415 results.
We reviewed abstracts and only included studies about coastal
salt marshes and mangroves that were about restoration or
conducted in a restored area, which reduced the number of
studies to 605. Of those, only 22 examined positive interactions.
The vast majority of studies did not examine biotic interactions,
instead focusing on other topics (e.g., physical factors such as
hydrologic regimes, policy/management structures) (Figure 4),
which may help explain the lag in incorporating facilitation into
restoration projects.

There were fewer studies conducted in mangrove than
in salt-marsh ecosystems. Of the 605 relevant studies, 395
were about salt marshes, 177 were about mangroves, and 33
looked at both systems. The disproportionately low number
of mangrove studies (less than half the number of salt-marsh
studies) could partially explain why there are fewer documented
trophic cascades and positive interactions in the current body
of mangrove research. However, over the past few decades
the proportion of mangrove relative to salt-marsh research
has increased (Figure 5). The number of new relevant studies
was relatively consistent from 1984 to 1995, with only a few
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FIGURE 4 | Results from a Web of Science literature review for articles about salt-marsh and mangrove restoration from 1980 to 2017. See acknowledgments for

vector credits.

FIGURE 5 | The number of studies from 1980 to 2017 that examined

salt-marsh or mangrove restoration. Studies that examined both mangroves

and salt marshes were included in both groups.

studies coming out each year. Beginning around 1995, however,
the annual number of new studies began increasing, with
over 60 mangrove and salt-marsh restoration studies published
in 2017 (Figure 5).

Over the past decade, in response to primary research
showing the importance of positive species interactions in aquatic
communities, there have been multiple calls to expand the
traditional, abiotic- and competition-centric view of coastal
wetland restoration in order to take advantage of positive
interactions (Halpern et al., 2007; Silliman et al., 2015; Shaver
and Silliman, 2017). Our review, however, suggests that positive
interaction research and implementation is lacking in coastal
wetland restoration science. Below we outline potential methods
for harnessing positive interactions to increase coastal wetland
efficiency and success.

Context-Dependent Clumping Design:

Moving Away From a Past Paradigm to

Reduce Physical Stress
According to the stress-gradient hypothesis (Bertness and
Callaway, 1994), positive interactions are more prevalent, and
more important, in stressful environments. In the case of
high physical stress, positive interactions help lessen abiotic
factors by making the local habitat more suitable. In the
case of high consumer pressure, positive interactions become
important in the form of associational defenses. At medium
levels of stress, competitive interactions tend to dominate. This
ecological theory can be translated into restoration practice
by implementing a planting design that changes relative to
abiotic stresses.

Some of the most prominent stressors in coastal wetlands
come from tidal fluctuations. Organisms that live in the
intertidal zone must be adapted to deal with an extreme
range of temperature, moisture, oxygen, and salinity. For the
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FIGURE 6 | Visual depiction of clumped vs. dispersed restoration designs in a

salt marsh with increasing physical stress along an elevation gradient. Red

boxes indicate the more efficient method of planting. Created by

Amanda Sonti.

purposes of restoration, stress can be approximated by tidal
changes, with outplants planted more closely together where the
environment is most stressful and outplants planted farther apart
where competitive interactions are more likely to be important
(Figure 6).

In the intertidal zone, a dense restoration design fosters
positive interactions between neighboring conspecifics. For
example, clumped planting designs in salt marshes at small
scales (1 m2) nearly doubled restoration success (Silliman et al.,
2015), and mangrove restoration with a clumped design can
result in significantly lower mortality when compared with a
uniform design (Sofawi et al., 2017). Clumps of foundation
species, such as cordgrass and mangroves, trap sediment, share
oxygen, and reduce evaporation through shading. Bare ground
can hamper restoration by lowering the redox potential of
marsh soils (Mossman et al., 2012), which can be alleviated by
denser clumping patters that promote sedimentation and allow
colonization by other species (Castellanos et al., 1994). Dispersed
designs, which have been prevalent in restoration, lose these
benefits because these interactions act on such a local scale (e.g.,
oxygen leaking from the roots of one plant is only available
to a close neighbor). Although less-studied, clumped designs
may also allow outplants to reap the benefits of neighbors with
different genotypes and promote resilience in periods of stress
[e.g., in seagrasses: (Hughes and Stachowicz, 2009)]. However,
where competitive interactions dominate, such as in the high
intertidal zone where salt and oxygen stress tend to be lower,
these interactions become more competitive. Competition for
resources then outweighs the benefits provided by conspecifics

and a clumped design could result in higher outplant mortality
due to limited resources (Silliman et al., 2015). In this case,
outplants should be planted in the traditional dispersed design.
Therefore, a context-dependent clumping plan that changes
dispersal distance with physical and consumer stress (Figure 6)
has the potential to increase restoration yields as well as reduce
restoration costs.

Holistic, Community-Level Restoration

Design: Co-introducing Predators and

Biodiverse Assemblages
In addition to restoring the physical and hydrologic regimes
needed to sustain coastal wetlands, managers should restore
biotic regimes that support critical foundation species in
salt marshes and mangroves. Top predators often have
disproportionate impacts on ecosystems (Duffy, 2003) and
mediate many of the aforementioned trophic cascades. Although
restoration managers have traditionally focused on bottom up
controls on restoration (e.g., hydrologic regime, nutrient loading,
etc.), top-down controls are vital to coastal wetland ecosystems
(He and Silliman, 2016). Loss of predators from coastal wetlands
may be one reason for the initial degradation, such as in salt
marshes, where overfishing of predatory fish and crabs can lead to
marsh die-off through a trophic cascade that facilitates runaway
grazing on cordgrass. In these cases, restored coastal wetlands are
unlikely to be able to fully recover without predator restoration
or restoring wetlands in areas where predators are protected.

In other marine ecosystems, species richness has been
shown to improve restoration outcomes (Williams et al., 2017),
highlighting the importance of biodiverse assemblages in
restoration. Passive restoration designs that rely on dispersal
from nearby wetlands can limit restoration projects (e.g., river
floodplain: (Bischoff, 2002); freshwater marsh: Neff and Baldwin,
2005) because of the relatively short dispersal distance of species,
unless there is a close, well-developed wetland. By introducing
a multifarious community of plants and animals along with the
focal foundation species, managers introduce diverse services
to the ecosystem, which support community development. This
introduction leverages documented associational defenses in
salt marshes and mangroves, while potentially also leveraging
undocumented interactions. Given that positive interactions
such as associational defenses are under-studied, introducing
an array of organisms similar to the natural community
allows for undescribed positive interactions to support
wetland functioning. Further, dispersal from these species
could potentially “spill-over” into neighboring communities
and support populations outside of the restoration area—a
phenomenon noted in marine reserves (Halpern and Warner,
2003).

Positive interactions among a suite of community members
are likely important to wetland establishment and restoration
success. Large-scale meta-analyses suggest that, even in highly
diverse marine environments, there is little redundancy
(Micheli and Halpern, 2005; Worm et al., 2006), and most
organisms provide unique services in an ecosystem. For example,
herbaceous plant species can facilitate mangrove restoration
after a disturbance, with different species performing different
functions, such as trapping propagules, providing abiotic stress
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FIGURE 7 | Theoretical diagram describing a potential workflow for systematically incorporating positive species interactions into restoration design.

ameliorations, and creating structural support (McKee et al.,
2007). Along the same train of thought, positive interactions
are not necessarily linear and some associated species may
increase facilitation by other species. For example, the interactive
effect of ribbed mussels and fiddler crabs on Spartina is greater
when the two species are together than either alone (Hughes
et al., 2014). Similarly, organisms associated with foundation
species may only have observable positive effects when present
together (e.g., Stachowicz and Whitlatch, 2005) and protective
animals may be most effective in the presence of other co-
defenders (e.g., McKeon et al., 2012). If biodiverse assemblages
of associated species are co-introduced with focal foundation
species, these positive interaction networks can be used to restore
damaged ecosystems.

Systematic Incorporation of Positive

Species Interactions Into Coastal Wetland

Restoration
Positive interactions can be coupled with traditional restoration
strategies to create a more efficient strategy for restoring coastal
wetlands (Figure 7). When selecting a site, land managers
should continue to consider abiotic factors, such as hydrologic
and nutrient regimes, but also consider the proximity of a
site to other wetlands that can help a developing community

through dispersal and long-distance facilitation. Restoration
groups can implement a context-dependent clumping design,
where clumped designs are used in the most stressful parts
of the site and dispersed designs are used in less stressful
areas. Introducing both genetically diverse outplants and
diverse species assemblages as part of the restoration plan
should allow for a suite of positive interactions among
wetland organisms and help facilitate the development of a
natural community (see Table 1 for examples). Similarly, co-
introducing predators, or choosing a site with healthy predator
populations, may help increase the resilience of the ecosystem.
Although co-introduction of all species would be ideal from
an ecological perspective, it is financially prohibitive in many
cases. Restoration managers will ultimately need to choose
which species to introduce and there will need to be additional
research on what introduction combinations are most effective
for restoration goals. Beyond initial introductions, consistent
monitoring and evaluation of restoration progress (biodiversity,
ecosystem function, etc.) is vital to effective restoration. Results
from monitoring should be leveraged to adapt restoration
strategies as needed, can be used to develop accurate cost-benefit
analyses for species co-introductions, and will further inform
our understanding of how positive interactions influence coastal
wetland restoration.

Frontiers in Ecology and Evolution | www.frontiersin.org 9 April 2019 | Volume 7 | Article 13117

https://www.frontiersin.org/journals/ecology-and-evolution
https://www.frontiersin.org
https://www.frontiersin.org/journals/ecology-and-evolution#articles


Renzi et al. Harnessing Positive Species Interactions

TABLE 1 | Examples of positive species interactions in salt marshes and mangroves that may be useful for restoration managers.

Interaction Species involved Associated research

Reduced oxidative stress for conspecifics Marsh grass: Marsh grass, Mangrove: Mangrove Howes et al., 1986; Gedan and Silliman, 2009b

Reduced oxidative stress for associated species Fiddler crab: Marsh grass Bertness, 1985

Reduced sedimentation and salinity stress for other

foundation species

Mangrove: Oyster Aquino-Thomas and Proffitt, 2014

Reduced carbon and nitrogen stress Mangrove: Sponge Ellison et al., 1996

Reduced sulfide and nutrient stress Marsh grass: Mussels Derksen-Hooijberg et al., 2018

Promote biodiversity Marsh grass: Mussels Angelini et al., 2015

Reduced wave stress, increased sedimentation Marsh grass: Marsh grass
Borsje et al., 2011

Reduced long-distance wave stress Salt marsh: Oyster reef, Mangrove: Coral reef Meyer et al., 1997; van de Koppel et al., 2015

Promote plant growth Mangrove: Bacteria, Marsh grass: Bacteria Bashan and Holguin, 2002; Bledsoe and Boopathy,

2016

Promote growth of associated species by acting as a

nurse plant

Marsh grass: Associated marsh plants Egerova et al., 2003

Defense from harmful isopods Mangrove: Sponges and ascidians Ellison and Farnsworth, 1990

Defense from herbivory Mangrove: Mangrove, Marsh grass: Associated

marsh plant, Ants: Mangrove

Offenberg et al., 2006; Erickson et al., 2012; Hughes,

2012

Reduced grazer pressure via top down control Predatory crabs: Marsh grass Silliman and Bertness, 2002; Bertness and Coverdale,

2013

Aid in re-establishment Mangrove: Associated mangrove plants McKee et al., 2007

Increase drought resistance Marsh grass: Mussels Angelini et al., 2016

Promote biodiversity Mangrove: Oysters and algae Bishop et al., 2012

Facilitate recruitment Associated plant species: Mangrove McKee et al., 2007

AVENUES FOR FURTHER INVESTIGATION

Despite mounting evidence of the importance of positive
interactions in coastal wetlands, surveys show that the negative
interactions model is still an entrenched view in restoration
organizations (Silliman et al., 2015). One potential reason for
this lag is scale. Although studies on small scales have shown the
potential benefit of positive interactions to restoration, there is
no guarantee that these results will scale up to whole-wetland-
sized projects. More experiments are needed at scales that
are relevant to real-world restoration projects, both to better
inform managers and to see whether new, unpredicted patterns
emerge at larger experimental areas. For example, althoughmany
benefits of a clumped planting design are noticeable at small
scales (e.g., oxygen benefits), others (e.g., wave attenuation)
may be more evident with large experimental units. Large-
scale experiments would also allow for a cost-benefit analysis
that quantifies money saved—or lost—by incorporating positive
interactions into restoration. These cost benefits could come
in the form of labor reductions or resource reductions (e.g.,
fewer plants planted). Concrete numbers on potential economic
savings could prove persuasive for restoration organizations
considering incorporating facilitation into foundation species
restoration projects.

Coastal wetlands are valued for their ability to sequester
carbon, which is largely unparalleled in other ecosystems.
Although carbon sequestration by wetlands is studied around
the world, we have not quantified how positive interactions
may change the ability of coastal wetlands to sequester carbon.

This quantification could act as an economic mechanism for
restoration, particularly when carbon incentives are in place.
Given that positive interactions can alter plant productivity,
plants may sequester more carbon through growth and given the
heightened sediment-trapping abilities of closely planted species,
higher planting densities can be related to higher sediment
organic carbon levels (e.g., Chen et al., 2017). Facilitation in the
form of predator reintroduction could also positively benefit blue
carbon stocks (Atwood et al., 2015), which further emphasizes
the importance of holistic, community-scale restoration designs
for both ecosystem services (e.g., carbon sequestration) and
community development.

Despite these gaps, there is a large body of evidence that
supports the importance of positive interactions in coastal
wetland functioning. While we focus on three categories of
positive interactions, there are many instances of positive
interactions present in wetlands (e.g., Figures 1, 2) and likely still
more to be discovered, such as hitherto undescribed instances of
long-distance facilitation and undescribed facilitation cascades.
Harnessing the current research on positive interactions, along
with insights from future research, to improve restoration is
an untapped opportunity that could dramatically improve the
outlook of wetland restoration—and the future of the vital
ecosystem services they provide.
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We investigated the effects of elevated CO2 concentrations and longer tidal flooding

duration on two-year-old Avicennia marina and Rhizophora stylosa seedlings for a full

year. The seedlings were grown in greenhouses for ambient CO2 (400 ppm) and in

enclosed CO2-controlled chambers, which were installed inside the greenhouses for

elevated CO2 (800 ppm). The tidal flooding duration was set-up according to the species

distribution in the intertidal zone in New Caledonia for the controlled treatment and was

increased by 1 h 45min for the experimental treatment. A total of 400 A. marina and

720 R. stylosa were monitored during this experiment. We measured heights and basal

diameters of all seedlings every 90 days, and we determined the above and below

ground biomass at the end of the experiment. Our results showed that elevated CO2

increased the growth rates of both A. marina and R. stylosa, for which the final biomass

was, respectively, 46 and 32% higher than in the ambient CO2 treatment. We suggest

that this increase was driven by a stimulation of photosynthesis under elevated CO2, as

demonstrated in a previous study. Considering the tidal flooding duration treatment, we

observed a contrasted effect between the species. Longer tidal flooding increased the

growth of A. marina, whereas it reduced the growth of R. stylosa in comparison to the

controlled treatment. This result may be related to the specific ecosystem zonation in this

semi-arid climate, which limits water inputs into the Avicennia zone that increases the salt

concentration in the soil, whereas Rhizophora is regularly submerged by tides due to its

lower position in the intertidal zone. As a result, the combination of both treatments had

a positive cumulative effect on the growth of A. marina. Although it was not the case for

R. stylosa, the negative effect of longer tidal flooding on this species did not suppress the

enhancement of growth resulting from elevated CO2 concentrations. At the end of the

experiment, elevated CO2 increased the C:N ratios of the seedlings, thereby producing a

more refractory organic matter, which will potentially result in lower decomposition rates
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and thus may increase carbon accumulation in mangrove soils. These results suggest

that future climate changes may enhance the productivity of mangrove seedlings by

increasing their growth, which may in turn increase the carbon storage potential of

mangroves in their biomass.

Keywords: mangrove, elevated CO2, sea-level rise, growth, biomass, climate changes

INTRODUCTION

The steady increase in anthropogenic greenhouse gas
emissions since the preindustrial age resulted in a substantial
atmospheric CO2 concentrations augmentation, from 280 ppm
to over 400 ppm currently (Betts et al., 2016). This increase is
strongly inducing global warming (Cook et al., 2016), which,
in turn, leads to an augmentation of the global mean sea-level.
Projections agree that atmospheric CO2 concentrations will
continue to rise in the future, and are predicted to range
from 794 to 1,150 ppm by the end of the 21st, depending on
simulation models (Collins et al., 2014). As a result, the global
mean sea-level is expected to increase from 0.26 to 0.98m by
2,100 (Church et al., 2013).

Mangroves are forested ecosystem that develop along
tropical and subtropical coastlines and are mainly composed
of halophytic C3 trees. Due to their high primary productivity
(average of 218 ± 72 Tg C yr−1) (Bouillon et al., 2008),
mangroves are considered as major ecosystems in the coastal
carbon cycle, and have therefore been recently named “blue
carbon” sinks (Mcleod et al., 2011). Many studies have
investigated the response of C3 terrestrial plants to elevated
CO2 concentrations, which mainly results in photosynthesis
stimulation and higher productivity (Norby et al., 2005; Prior
et al., 2011). However, only a few studies have focused on
the response of mangroves to elevated CO2 concentrations.
These studies showed that that the response of mangroves
plants is similar to other C3 plants with an increase in
photosynthesis and productivity (Farnsworth et al., 1996; Ball
et al., 1997; McKee and Rooth, 2008; Luo et al., 2010; Reef
et al., 2016; Jacotot et al., 2018), highlighting their valuable role
in climate change mitigation. However, the effects of elevated
CO2 concentrations may be strongly dependent of other biotic
and abiotic factors such as temperature, nutrient availability, or
flooding (Alongi, 2015).

Due to their position at the interface between land and
sea, increase in global mean sea-level may be a major
threat to mangroves (Ellison, 2015; Ward et al., 2016).
Mangrove ecosystems have the ability to cope with sea-
level rise through surface elevation change processes
(Krauss et al., 2014), however, this capacity is influenced
by several factors (Ward et al., 2016) and may be specific
to each mangrove forest. In fact, (Lovelock et al., 2015)
reported that 69% of mangroves surveyed in the Indo-
Pacific region were not building surface elevation at rates
that equal or exceed sea-level rise and, consequently, will
experience major changes in their tidal flooding duration if
their landward migration is prevented by human activities
(Gilman et al., 2008).

A handful studies have examined the response of mangroves
plants with climate changes and they mainly focused on elevated
CO2 in interaction with salinity (Reef et al., 2015), nutrient
availability (McKee and Rooth, 2008; Reef et al., 2016), or
species competition (McKee and Rooth, 2008). However, to our
knowledge, no studies have focused on the effects of elevated
CO2 in interaction with an increase in tidal flooding duration on
mangrove seedlings before, thus, the present study is the first to
have investigated this interaction.

During one complete year, between 2016 and 2017, we
conducted, in New Caledonia, a greenhouses experiment in
which 720 R. stylosa and 400 A. marina were grown at two
CO2 concentrations (400 vs. 800 ppm) over two tidal flooding
durations (one typical of Neo Caledonian mangroves, and a
longer one). In a previous paper concerning this experiment
(Jacotot et al., 2018), we were mainly interested in the variability
of leaf-gas exchange parameters of both species, and our main
results were: (i) elevated CO2 concentrations affected seedlings
physiology, notably by increasing photosynthesis by more than
37 and 45% for A. marina and R. stylosa, respectively, (ii) higher
mean temperature during the warm season further enhanced this
photosynthesis increase, and (iii) longer tidal flooding duration
slightly reduced photosynthesis but not enough to offset the
carbon gain induced by the elevated CO2 concentrations. In the
present complementary study, we now focus on seedlings growth
and tissues quality (using C:N ratio as a proxy). Measurements
presented herein were conducted at the same time, and thus, on
the same seedlings as in Jacotot et al. (2018). In the present study,
the questions we wanted to answer were: (i) does atmospheric
CO2 enrichment, which increased photosynthesis, lead to a
stimulation of growth and biomass? (ii) is the growth response to
tidal flooding duration reduced due to waterlogging variations?
(iii) what will be the effects of these two parameters on the plant
tissues quality, and notably on C:N ratios?

MATERIALS AND METHODS

Greenhouses and Closed

Chambers Experiments
Description of the Facility
The study was conducted in New Caledonia (22◦13′49′′S,
166◦31′09′′E) from June 2016 to May 2017, a period
encompassing the two main seasons (i.e., the cool season
from June to November, and the warm season fromNovember to
June). Experiments were realized in three semi-open greenhouses
(Figure 1a) (12× 6m, 6m height, 72 m² each), following a split-
plot design with CO2 atmospheric concentrations as the
whole-plot (Ambient, 400 ppm vs. Elevated, 800 ppm) and
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FIGURE 1 | Illustrations of the exterior (a) and interior (b) of the CO2 facility.

tidal flooding duration (TFD) as the split-plot nested within
CO2 (Natural vs. Longer). Inside each greenhouse, a circular
closed chamber of 36 m² (2.4m height) was constructed to
maintain elevated atmospheric CO2 concentrations (Figure 1b).
To control the tidal duration treatment, custom-designed tidal
tables were built (Figure 1b). The tidal tables consisted of a 700
liters polypropylene tank (1 m² area over 0.7m height) serving
as a water reserve, surmounted by a 300 liters planting tray
(1 m² area over 0.3m height). Each tidal table worked as an
individual unit. Every 2 weeks throughout the studied period,
the water reserves were renewed with fresh seawater pumped
into the adjacent lagoon (20m). To simulate high tide periods,
an aquarium pump placed in each tank sent the water to the
planting trays. During low tide periods, a siphon pipe allowed the
planting tray to drain the water back into the reserve. To control
the tidal treatment assigned to each tank, the aquarium pumps
were connected to three custom-build current controllers (one
per greenhouse). The controllers were built from open source
Arduino plans freely available under public licenses and were
programmed according to the needs of the experiment. Water
quality (pH, salinity, DO) in the tanks was checked periodically
using YSI probes.

Air temperature and humidity were recorded every
5min inside the greenhouses and the closed chambers with
HOBO sensors (Onset, Cape Cod, Massachusetts, USA). The
temperature and humidity could fluctuate naturally inside the

greenhouses, however, air cooling units have been installed in
the closed chambers to prevent large temperature fluctuations.
During the experimental period, average temperatures were, for
inside the greenhouses and the closed chambers respectively, 23.1
± 2.6 and 22.3± 3.0◦C during the cool season and 26.4± 3.2 and
26.7± 3.5◦C during the warm season. The relative humidity was,
for inside the greenhouses and the closed chambers respectively,
85.8 ± 12.6 and 78.4 ± 12.2% during the cool season and 80.7 ±
14.2 and 80.8± 12.8% during the warm season.

Plant Materials
A total of 720 R. stylosa and 400 A. marina propagules were
collected from multiple trees in the pristine mangrove of
Oundjo, in New Caledonia (21◦4′8′′S, 164◦42′51′′E). They were
collected between February and March 2014, during the optimal
fruiting period. They were then individually planted in 2.5-
liters polyethylene bags in a 1:1 mixture of mangrove peat and
sand and grown for two complete years before being used in
the experiment.

The mangrove seedlings were randomly allocated between the
tidal tables, with 25 A. marina or 30 R. stylosa on each tidal table,
resulting in 100 A. marina (4 tidal tables) and 180 R. stylosa (6
tidal tables) for each of the four treatments (Figure 1b). The tidal
tables were then distributed between the three greenhouses as
true experimental replicates, and then either inside or outside the
closed chambers according to their CO2 treatment. During the
experiment, mangrove seedlings were regularly rotated within
each tidal table and were rotated three times between the
greenhouses to minimize positional effect.

CO2 Enrichment
Pure CO2 was supplied into each of the three closed chambers
between 5:00 a.m. to 7:00 p.m. and the concentrations were
maintained between 780 and 820 ppm throughout this period.
The CO2 concentrations inside the chambers were continuously
monitored using CO2 probes connected to a central unit that
controlled the entire system (MAXICLIM NG 08/3Z, Anjou
Automation). In addition, CO2 concentrations were periodically
checked using two different infrared portable CO2 analyzers (a
G2131-i CRDS analyzer from Picarro Inc., Santa Clara, USA; and
a Li-8100A from LI-COR Biosciences, Lincoln, USA).

Tidal Flooding Duration Treatment
The natural tidal flooding duration (TFD) was set up according
to the average flooding duration measured in New Caledonian
mangroves for both species (unpublished data). These tidal
durations may be different and variable according to the
geographical position of the studied mangrove (e.g., Van Loon
et al., 2007). In New Caledonia, mangroves develop in semi-
arid conditions with a specific zonation of the vegetative species:
Rhizophora spp. colonizes the sea side, while Avicennia marina
develops at higher elevations. Previous studies have suggested
that the main factor controlling this distribution of mangrove
species in New Caledonia is soil salinity, which in turn is
controlled by the duration of tidal inundation, and thus, by
the soil elevation (Marchand et al., 2011b, 2012). As a result,
the flooding duration for Rhizophora trees is higher than for
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Avicennia. Consequently, in the experiment, natural TFD was 3 h
15min for A. marina and 6 h 00min for R. stylosa for each high
tide. Simulated tidal cycles were semi-diurnal, meaning that there
were two high tides each day, separated by a low tide period of 8 h
30min and 5 h 45min for A. marina and R. stylosa, respectively.

We hypothesized that an increase in mean sea-level would
similarly affect the flooding duration of both species; thus, in
the experiment, longer TFD was simulated by increasing the
natural times by 1 h 45min, which corresponded to a high tide
of 5 h 00min and 7 h 45min for A. marina and R. stylosa,
respectively. Consequently, low tides periods were reduced to 6 h
45min and 4 h for A. marina and R. stylosa, respectively. This
increase in flooding duration has been randomly defined but
remains realistic given the projected sea-level rise at the end of the
century. Although we have chosen a similar increase in flooding
duration for both species, we are aware that this may be not
the case, and that the flooding duration may increase differently
in both stands in the natural system. Nevertheless, an increase
of 1 h 45min of tidal duration will have different implications
for both species, as it corresponds to an increase of 45% of the
natural tidal duration of A. marina, whereas it is only 25% for
R. stylosa. During high tide, the water level in the planting trays
was identical for all tidal tables, 5 cm above sediment surface to
completely submerge the root system.

Measurements
Growth and Biomass
All mangrove seedlings were measured for their height and basal
diameter. Height measurements were made along the main axis,
from the soil for A. marina, and from the top of the hypocotyl for
R. stylosa. Basal diameters were taken at 0.5 cm above these two
limitations. The measurements were realized five times during
the experimental period: at the beginning, after 90, 180, 260
days, and at the end of the experiment, when the seedlings were
three-years old.

Biomass was measured at the beginning and at the end of the
experiment. For each species and treatment, 30 seedlings were
randomly selected and separated into below (root system) and
above (leaves and stems) ground parts. All plant components
were then thoroughly washed with deionized water. Then, all
plant materials were dried at 60◦C during 72 h before being
weighted for dry mass (g). Relative growth rates (RGR) were
calculated as the difference between final and initial mass over
the duration of the experiment. In addition, the leaf mass area
(LMA, g cm−2) was calculated as the inverse of the surface leaf
area (SLA), which was previously determined on the same trees
and during the same experiment (Jacotot et al., 2018).

Carbon and Nitrogen Content
Carbon and nitrogen contents were measured at the end of
the experiment. For each species and treatment, 30 individuals
were randomly selected and separated in three batches of 10
individuals. Within each batch, all seedlings were separated into
leaves, stems and roots. All plants materials were then dried
at 60◦C for 72 h, and then ground using a ball mill, to finally
obtain three batches of leaves, stems and roots for each species
and treatment, each one constituted by 10 individuals. Three

subsamples (∼2mg) of each lot of leaves, stems and roots were
then analyzed for total carbon (C) and nitrogen (N) contents
(%) using an elemental analyzer (Integra2, Sercon, UK). All
the analyses were performed at the French National Institute
for Sustainable Development (IRD) of Noumea, New Caledonia
(France). The analytical precision of the analyzer was checked
using IAEA-600 caffeine standard (IAEA Nucleus) and was less
than 0.3% for C and 0.15% for N. All C:N ratios in this study
were calculated on the mass basis.

Statistical Analysis
Final heights, basal diameters, final above and below ground
biomasses, below to above ground ratios and C:N ratios were
analyzed for significant differences (p < 0.05) between the four
treatments. Both species were analyzed independently. We used
a Linear Mixed-Effects model (LMER) in which we set the CO2

treatment (whole-plot) and the TFD treatment (subplot) as fixed
effects. Multiple pairwise comparisons were then realized using
a Tukey test for above and below ground biomasses, below to
above ground ratios and C:N ratios, and a Scheffe post-hoc test
was used for heights and basal diameters. All statistical analyzes
were performed using R software version 3.5.1 (R Development
Core Team, 2008). All results in the manuscript are reported by
their mean± standard error (SEM).

RESULTS

Basal Diameters and Heights
Changes in basal diameters and heights of A. marina and
R. stylosa subjected to the four different treatments along
the year of experiment are presented in Figure 2. The CO2

enrichment resulted in a strong stimulation of seedlings growth
from the start of the experiment (Figure 2); however, this
effect was significant only 6 months after the beginning of the
enrichment. For A. marina, final basal diameters and heights
were significantly higher at elevated CO2 than at ambient CO2

concentrations (Figures 2A,C and Table 1), either with normal
or longer tidal flooding duration (TFD). In addition, within
each CO2 treatment, the longer TFD significantly increased final
basal diameters and heights (Figures 2A,C and Table 1). For R.
stylosa, elevated CO2 significantly increased final basal diameters
and heights for both natural and longer TFD treatments
(Figures 2B,D and Table 1); however, no significant effect was
observed for longer TFD within each CO2 treatment (Table 1).

Biomass, Below to Above Ground Ratios

and Relative Growth Rates
Results of final above and below ground biomass are presented
in Figure 3. For A. marina, elevated CO2 significantly increased
final above and below ground biomass, either under natural
or longer TFD (Figure 2A and Table 1). However, the increase
of the above ground biomass was higher (140 and 126% for
natural and longer TFD) than the augmentation of the below
ground biomass (78 and 74% for natural and longer TFD), which
resulted in a significant decrease of the below to above ground
ratio (Figure 2C). In addition, no significant effect of the TFD
treatment was observed within each CO2 treatment (Figure 2A
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FIGURE 2 | Changes in basal stem diameters and heights of A. marina (A,C) and R. stylosa (B,D) grown in ambient (closed symbols) and elevated (open symbols)

CO2, and two lengths of tidal flooding: normal (solid lines) and longer (dotted lines). Values are means ± SEM (A. marina n = 125; R. stylosa n = 180).

TABLE 1 | Significance values reported after a Linear Mixed-Effects model.

Avicennia marina Rhizophora stylosa

CO2 TFD Interaction CO2 TFD Interaction

Height 2.015* 4.124* 0.422NS 117.178*** 0.040NS 2.376NS

Diameter 204.141*** 17.151*** 1.303NS 23.877*** 3.841NS 0.289NS

BIOMASS

Above ground 376.099*** 0.825NS 0.0596NS 298.433*** 6.961** 3.044NS

Below ground 112.676*** 4.695* 0.168NS 75.337*** 4.653* 0.062NS

BG/AG ratio 44.228*** 1.584NS 0.149NS 54.142*** 0.332NS 3.221NS

C:N

Leaves 2.434* 0.007NS 0.446NS 3.727NS 10.806* 14.352**

Stems 4.161NS 22.057** 4.033NS 26.955*** 4.288NS 0.896NS

Roots 22.418** 3.243NS 6.096* 1.371*** 0.281NS 0.0744NS

***, **, * indicates significant effects at p < 0.001, 0.01, and 0.05, respectively. NS, non-significant.

and Table 1). For R. stylosa, elevated CO2 concentrations also
significantly increased the final above and below ground biomass
(Figure 3B andTable 1). As forAmarina, the increase was higher
for the above ground biomass (84 and 78% for natural and longer
TFD) in comparison to the below ground biomass (37 and 50%
for natural and longer TFD), which resulted in a significant
decrease of the below to above ground ratio (Figure 3D).
Concerning TFD, a significant reduction was observed for the
above ground biomass under elevated CO2 (Figure 3B).

Concerning the whole period of the experiment, relative
growth rates (RGR) of A. marina were, under ambient CO2

concentrations 18.19 ± 1.33 and 20.36 ± 0.96 g yr−1, and under
elevated CO2 concentrations 35.56 ± 0.69 and 38.38 ± 1.46 g
yr−1, for natural and longer TFD, respectively. For R. stylosa,

RGR were 42.87 ± 1.89 and 37.39 ± 1.33 g yr−1 under ambient
CO2 concentrations, and 63.23 ± 1.85 and 58.44 ± 1.99 g
yr−1 under elevated CO2 concentrations, for natural and longer
TFD, respectively.

C:N Ratios
Results of C:N ratios in the leaves, stems and roots of A. marina
and R. stylosa at the end of the experiment are presented in
Table 2. Elevated CO2 concentrations significantly increased the
C:N ratios in the leaves and roots of A. marina, as well as in
the stems and roots of R. stylosa (Tables 1, 2). In addition, TFD
significantly decreased the C:N ratios in the stems of both species
(Tables 1, 2).
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FIGURE 3 | Final above ground (AG) and below ground (BG) biomass (g), and below/above ground biomass ratios of A. marina (A,C) and R. stylosa (B,D) grown in

ambient or elevated CO2, and under normal (dark-gray bars) and longer TFD (gray bars), for 12 months. Values are means ± SEM (n = 30). Different letters indicate

significant differences (p < 0.05).

TABLE 2 | C:N ratios in leaves, stems and roots of A. marina and R. stylosa

grown in ambient and elevated CO2, and under natural (N) and longer (L) TFD, for

12 months.

C:N Ambient CO2 (400 ppm) Elevated CO2 (800 ppm)

N TFD L TFD N TFD L TFD

Avicennia marina

Leaves 36.53 ± 1.89 35.41 ± 2.05 41.30 ± 1.02 42.18 ± 0.33

Stems 76.10 ± 0.30 71.27 ± 0.42 72.45 ± 2.13 62.02 ± 2.12

Roots 52.56 ± 0.39 53.20 ± 0.75 61.22 ± 0.87 57.14 ± 1.48

Rhizophora stylosa

Leaves 61.75 ± 0.56 69.94 ± 1.05 70.06 ± 0.92 69.47 ± 1.76

Stems 132.20 ± 0.39 119.26 ± 2.84 172.26 ± 7.47 167.61 ± 2.06

Roots 101.57 ± 2.06 100.02 ± 4.20 159.64 ± 3.39 154.80 ± 10.58

Values are means ± SEM. (n = 3).

DISCUSSION

Elevated CO2 Will Enhance Mangrove

Productivity, Carbon Storage, and

Seedlings Establishment
Our results clearly confirmed that rise in atmospheric CO2

concentrations would affect the growth of mangrove seedlings.
In this experiment, doubling CO2 concentrations for one year

resulted in an increase of RGR of more than 89 and 47% for
A. marina and R. stylosa, respectively. These strong raises in
RGR may be partly related to an increase in the photosynthetic
activity of both species under elevated CO2 concentrations.
Indeed, the present study was performed concomitantly with
another one that focused on the photosynthetic response of the
seedlings (Jacotot et al., 2018), and both were conducted during
the same time period and on the same seedlings. In this related
study, we observed that CO2 enrichment enhanced the mean
photosynthetic response of both species (Jacotot et al., 2018).
However, a 89% increase in RGR for A. marina and 47% for R.
stylosa was surprising as it was much higher than the increase of
photosynthesis that rose by more than 37% for A. marina (from
6.25 ± 2.24 to 10.52 ± 3.24 µmol m−2 s−1) and by more than
45% for R. stylosa (from 6.247 ± 1.63 to 11.35 ± 2.91 µmol m−2

s−1). In fact, Kirschbaum (2011) reported a RGR augmentation of
10% for a 30% increase in photosynthesis, which is a reverse ratio
in comparison to our study and we should have expected a lower
increase in RGR, but no clear explanation was found to clarify
this result. However, Kirschbaum (2011) suggested that excess
carbohydrates produced by the enhancement of photosynthesis
might not be converted into plant tissues due to other resource
limitations. In this case, carbohydrates may accumulate in leaves
as sugars and starches, resulting in an increase in the leaf mass
area ratio (Poorter and Navas, 2003). In fact, a decrease in the leaf
mass per area was observed for both species under elevated CO2
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concentrations (Jacotot et al., 2018), by more than 33 and 21%
for A. marina and R. stylosa, respectively (Figures 5C,D). This
development of seedlings leaves suggests that they have not been
affected by nutrient limitations during the experiment, which
have been sufficiently provided by the frequent water renewal that
was operated in the greenhouses.

RGRs were higher during the last 180 days of the experiment
than during the first 180 days (Figure 2), i.e., during the
warm season rather than during the cool season. Inside the
greenhouses, the mean monthly temperature raised from 22.3
to 26.7◦C during the warm season. This raise in temperature
is thought to be responsible for the increase in productivity
of both species. In fact, photosynthetic activity of A. marina
and R. stylosa under elevated CO2 increased by 40 and 45%
during the warm season, whereas it was only enhanced by 32
and 38%, respectively, during the cool season (Figure 4) (Jacotot
et al., 2018), which confirms our hypothesis. Photosynthesis of
tropical C3 species, such as A. marina and R. stylosa, can operate
between 15 and 45◦C, however, there is a temperature optimum
for which photosynthesis is maximal. Gilman et al. (2008)
reported a temperature optimum for photosynthesis of 28–32◦C
for mangroves species, but lower temperatures were reported
for specific species, such as 24.5◦C for Avicennia germinans
(Reef et al., 2016), or 26.8◦C for A. marina in New Caledonia
(Leopold et al., 2016). The temperature reached during the warm
season in our study was closer to the temperature optimum for
photosynthesis than the one reached during the cold season,
therefore, we suggested that seasonal variations in temperature
drove the RGRs throughout the year of experiment. With future
climate change, the global temperatures are expected to rise by
0.3–4.8◦C (Stocker et al., 2013), and our results suggest that
elevated CO2 concentrations and increased temperatures could
further promote productivity, and thus carbon storage, at least in
biomass, of mangrove forests.

Elevated CO2 reduced the below to above ground ratio due
to a higher increase of the above ground biomass than of the
below ground biomass (Figures 3C,D). This allocation of carbon
under elevated CO2 with more carbon invested in the above
ground parts has previously been observed for A. germinans by
Reef et al. (2016). This newly acquired carbon investment reveals
a strategy of light capture and photosynthesis optimization
that suggests a lack of limitations of the availability of soil
resources. This result was consistent with our previous study
(Jacotot et al., 2018), in which we observed, for both species, an
increase in the specific leaf area with elevated CO2 (Figure 5),
which leads to a higher potential for light interception. Although
more carbon was invested in above ground parts, a significant
increase in the below ground biomass was also observed for
both species (Figures 3A,B). This result may lead to several
beneficial implications in the response of mangroves ecosystems
to climate change: (i) the soil carbon storage potential of the
ecosystem may increase, (ii) the increase in root development
may facilitate seedlings establishment in intertidal sediments
(Balke et al., 2011), which could in turn promote ecosystem
expansion, and (iii) the capacity of mangrove ecosystems to
face sea-level rise could be improved, as higher root density
will increase soil volume and soil organic matter content,
two important factors contributing to the vertical accretion of

mangrove soils (Cahoon et al., 2006; McKee et al., 2007; McKee,
2011; Krauss et al., 2014, 2017).

In addition to increases in growth and biomass, we also
observed a significant change in plant composition, and notably
an increase in the C:N ratios in roots and leaves of A. marina and
in stems and roots of R. stylosa under elevated CO2 (Tables 1, 2).
The effects of elevated CO2 on C:N ratios have been extensively
examined in natural ecosystems, however, the available literature
shows contrasting results (e.g., Gifford et al., 2000; Luo et al.,
2006). C:N ratios may increase, decrease or be unaffected under
elevated CO2 but, in general, a 15% of increase is observed
(Gifford et al., 2000). In our study, the increase in C:N ratios was
mainly due to a decrease in nitrogen content (N) in plant tissues.
Such a decrease of N with elevated CO2 has often been observed
in terrestrial plants (Cotrufo et al., 1998; Yin, 2002; Ainsworth
and Long, 2005; de Graaff et al., 2006), including mangroves
(McKee and Rooth, 2008), but remains poorly understood (Taub
and Wang, 2008; Lotfiomran et al., 2016). Some authors have
shown a general decrease in the specific N uptake rates by
the roots under elevated CO2 (McDonald et al., 2002; Taub
and Wang, 2008; Lotfiomran et al., 2016). These authors have
suggested that this decrease results from both a decrease in
N demand by shoots and from a reduction of the soil-root
system ability to supply N. They also suggested that the best-
supported mechanism for decreased N supply is a decrease in
transpiration-driven mass flow of N in soils due to decreased
stomatal conductance at elevated CO2. In fact, such a decrease
in stomatal conductance has effectively been observed for A.
marina and R. stylosa grown under elevated CO2 (Jacotot et al.,
2018), which adds to this last hypothesis. Higher C:N ratios
may have an important implication, as it may be negatively
correlated with lower rates of organic matter decomposition
in soils (Hättenschwiler and Gasser, 2005; Zhang et al., 2008;
Zimmermann et al., 2009; Jacob et al., 2010), which may lead to
a reduction in the greenhouse gas production, and, in turn, to
a higher carbon storage capacity. However, this reasoning must
be nuanced considering that OM quality is not the only driver
of GHG production and emissions in mangrove soils, other
parameters influence these biogeochemical processes and will
also vary with climate changes and must be taken into account.
For example, the increase in soil organic matter decomposition
rates with increasing temperature has been widely described in
the literature for different ecosystems (Segers, 1998; Fang and
Moncrieff, 2001; Fierer et al., 2005; Davidson and Janssens, 2006;
Conant et al., 2011; Inglett et al., 2012), including mangroves
(Mackey and Smail, 1996; BarrosoMatos et al., 2012). Conversely,
the increase in tidal flooding duration may lead to a lower
renewable of the electron acceptors pool within the soil and to
a more anoxic environment, which may limit the organic matter
decomposition processes.

Contrasting Effects of the Increase in Tidal

Flooding Duration Between A. marina and

R. stylosa
According to our initial hypothesis, growth and biomass of
R. stylosa were reduced under longer tidal flooding duration
(Figures 2B,D, 3B) although this effect was not significant
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FIGURE 4 | Heights (mm), diameters (mm) and photosynthesis (µmol CO2 m−2 s−1) of A. marina (A,C) and R. stylosa (B,D) grown in ambient (black bars and

markers) or elevated CO2 (white bars and markers) for 12 months. Values are means ± SEM (Heights and diameters: A. marina n=125; R. stylosa n = 180;

photosynthesis: n = 30). The white and shaded area correspond respectively to the cool and the warm seasons. Photosynthesis data are from Jacotot et al. (2018).

(Table 1). Under longer TFD, basal diameters decreased by 13
and by 5%, and seedlings heights decreased by 6 and 11%
for ambient and elevated CO2, respectively. Consequently, final
biomass of R. stylosa was reduced by 11 and 4% for ambient
and elevated CO2, respectively, in comparison to the controlled
TFD treatment. Although we agree that the effect of longer
TFD was not significant, we suggest that the reduction in the
seedlings growth should not be ignored. We also suggest that
the lack of significance in the present work may be due to the
limited duration of the experiment and that a longer study could
highlight a significant effect of increased TFD on mangrove
seedlings. This result may be explained by the 3% reduction in
photosynthesis that we observed for R. stylosa seedlings growing
under longer tidal duration (Jacotot et al., 2018). However, this
slight decrease might be related to other factors. For instance,
longer tidal flooding will have probably induced a deficit in
oxygen in the soil due to roots and micro-organisms respiration,
as well as a reduction of air penetration in the soil from
the atmosphere (Naidoo et al., 1997). Although no oxygen
measurements have been performed in our experiment, we can
expect such a decrease after the longer tidal flooding applied,
as it was previously reported in similar experiments (Hovenden
et al., 1995; Skelton and Allaway, 1996). In anoxic mangrove
sediments, rich in organic matter and in sulfates brought at each
tide, organic matter may be oxidized through sulfate reducing
processes, leading to sulfide production (Kristensen et al., 2008;
Balk et al., 2016). Sulfide compounds, including H2S, are highly
toxic to plants (Lamers et al., 2013), and inhibit the growth of

mangrove seedlings (Holguin et al., 2001; Lyimo and Mushi,
2005; Reef et al., 2010). The presence of sulfide in the longer TFD
treatment was assumed due to the dark color of the sediment and
because of the strong rotten egg odor typical of H2S, therefore, we
suggest that sulfides were possibly responsible for the seedlings
growth inhibition.

In contrast to R. stylosa, final biomass of A. marina increased
with longer TFD by 11 and 8% under ambient and elevated
CO2 concentrations, respectively (Figures 2A,C, 3A). Natural
TFD were based on our field observations and measurements
(unpublished data) and were therefore representative of the
natural conditions, in which both species develop along the
intertidal gradient in New Caledonia, with A. marina growing at
a higher elevation than R. stylosa. This position in the intertidal
area, combined to the semi-arid climate of New Caledonia,
implies A. marina suffer from elevated salt concentrations due
to high evaporation processes, low freshwater inputs either by
rains or river discharges and low frequency of tidal submersions
(Marchand et al., 2011a, 2012). We suggest that longer tidal
flooding in our experiment increased water availability that in
turn decreased soil salinity, which are two stressing factors
affecting growth and biomass, and therefore promoted the
growth of A. marina seedlings. With climate changes, due
to its positive response to both longer TFD to elevated CO2

concentrations, we can expect that colonization abilities and
productivity ofA. marina seedlings will be enhanced in the future
in this context of a semi-arid climate, where A. marina develops
behind Rhizophora spp.
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FIGURE 5 | Specific Leaf Area (A,C) and Leaf Mass Area (B,D) of A. marina and R. stylosa grown in ambient or elevated CO2, and under normal (dark-gray bars) and

longer TFD (gray bars), for 12 months. Values are means ± SEM (n = 30). Different letters indicate significant differences (p < 0.05). Data are from Jacotot et al. (2018).

Eventually, to fully understand the response of A. marina and
R. stylosa to future climate changes, other parameters should be
taken into account such as competition between species (McKee
and Rooth, 2008). In New Caledonia, the mangrove ecotone
is composed of a succession of different mangrove species,
including a saltmarsh C4 grass, Sarcocornia quinqueflora, which
competes for suitable spaces for expansion, and future climate
may change their specific distribution.

CONCLUSION

Our results suggest that future climate changes, and specifically
the increase in atmospheric CO2 concentrations and tidal
flooding duration, will affect A. marina and R. stylosa seedlings
physiology. Elevated CO2 concentrations enhanced growth and
biomass, with an increase of the relative growth rates of 89%
for A. marina and of 47% for R. stylosa, for a 100% increase
of atmospheric CO2 concentrations. These results are suggested
to be related to photosynthesis enhancement, measured for the
same seedlings in a previous study. Elevated CO2 concentrations
also increased below-ground biomass, which can lead to soil
vertical accretion, thus helping mangroves to face sea-level rise.
The increase in below-ground biomass could also favor seedling
establishment and mangrove colonization of new available
spaces resulting from sea-level rise. Future increase in surface
temperature will further stimulate trees development, as seasons
affected seedlings productivity with higher relative growth rates
during the warmer period. Additionally, C:N ratios of seedlings
tissues were increased under elevated CO2, which may lower
organic matter degradation in mangrove soils, and thus reduce
greenhouse gas emissions while increasing carbon sequestration.

When increasing tidal flooding duration, the growth of R. stylosa
was slightly reduced, but this effect did not significantly affect
the initial enhancement of growth and biomass resulting from
elevated CO2 concentrations. Conversely, growth of A. marina
was further enhanced by 8% under longer tidal flooding duration
in comparison to the control treatment. This result suggests
that this species develops in a constraining position along the
intertidal gradient in NewCaledonia, probably suffering from the
lack of water and from high salt concentrations in the soil pore
waters. Therefore, the future rise in mean sea level will promote
the development of A. marina by a favorable modification of the
conditions in the intertidal area under semi-arid climate, which
will also affect the recruitment of seedlings and the expansion
of mangroves. This study provides complementary information
about the productivity of mangrove seedlings with future climate
changes.We now suggest that research efforts focus on the impact
of climate change on the mineralization processes in mangrove
soils to better understand the role of mangroves in climate
change mitigation.
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Tjeerd J. Bouma 4, Penelope J. Neyland 1 and John N. Griffin 1
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Recent studies in salt marshes have demonstrated the role of plant roots in sediment

stabilisation, and hence the importance of marshes in providing coastal protection.

However, the relative role of root traits and environmental factors in controlling sediment

stability, and how intraspecific variability of root traits vary within and among marshes,

remain poorly understood. In this study, we investigated which root trait(s) drive sediment

stability (resistance to lateral erosion) in two marsh species with an important role in

coastal protection (Spartina anglica and Atriplex portulacoides) and how the environment

affects the expression of these traits. We sampled three marshes along salinity gradients

in each of two estuaries in Wales (UK), establishing replicate plots in the respective

dominant zones of each species. In all plots we sampled abiotic variables (sand, redox

potential, pH, salinity) and root traits (root density, specific root density, root volume, root

length density); in a subset of these plots (three per species in each marsh) we extracted

soil-plant cores and assessed their erosion resistance in a flume. Sediment stability was

enhanced by increases in root density and reductions in sand content. Abiotic variables

affected root density in different ways depending on species: in S. anglica, redox was the

only significant factor, with a positive, linear effect on root density; in A. portulacoides,

redox had a non-linear (U-shaped) effect on root density, while sand had a negative

effect. Collectively, these results show that (i) intraspecific variability in root density can

influence sediment stability in salt marshes, and (ii) sediment properties not only influence

sediment stability directly, but also indirectly via root density. These results shed light

on spatial variability in the stability of salt marshes to lateral erosion and suggest that

root density should be incorporated into coastal vegetation monitoring programs as an

easy-to-measure root trait that links the environment to sediment stability and hence to

the function and services provided by marshes.

Keywords: resilience, sediment stability, response-effect framework, functional root traits, environmental

gradients, root density
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INTRODUCTION

Salt marshes are coastal ecosystems that provide humans with
valuable services such as carbon storage, forage for livestock,
buffers against eutrophication and coastal protection from
storms (Barbier et al., 2008; Shepard et al., 2011; Nelson and
Zavaleta, 2012; Möller et al., 2014). Several studies demonstrate
the ability of salt marsh vegetation to effectively decrease wave
energy and stabilise the shoreline (Möller and Spencer, 2002;
Bouma et al., 2009, 2010; Shepard et al., 2011; Möller et al.,
2014) indicating that marshes are highly beneficial in terms of
coastal protection (Costanza et al., 2008; Foster et al., 2013). At
the same time, however, researchers have shown the susceptibility
of salt marshes to lateral erosion (Mariotti and Fagherazzi, 2010;
Marani et al., 2011; Fagherazzi et al., 2013; Leonardi et al., 2016).
An increased understanding of what drives the stability of the
sediment in salt marshes is a fundamental requirement to the
effective integration of salt marshes into coastal management
schemes (Feagin et al., 2010; Bouma et al., 2014).

The capacity of salt marshes to resist lateral erosion
has received attention recently, with studies establishing that
sediment sand content and plant roots are the main drivers
of sediment stability (Feagin et al., 2009; Ford et al., 2016; Lo
et al., 2017; Wang et al., 2017). In particular, studies in European
marshes have demonstrated that increasing root biomass strongly
reduces the negative effect of sand on sediment stability (Ford
et al., 2016; Wang et al., 2017). Furthermore, variability in
root biomass has been shown to affect sediment stability within
Spartina spp. (Lo et al., 2017), suggesting that intraspecific
variability may play an important role in sediment stabilisation.
Yet, little is known about the mechanism by which roots bind
the sediment or how the environment drives intraspecific root
variability. The response-effect framework of functional traits
is a powerful approach for understanding the mechanistic link
between the response of organisms to environmental factors and,
in turn, the effect on ecosystem functions (Lavorel and Garnier,
2002; Suding et al., 2008; Lavorel et al., 2013). In this framework,
variability in environmental factors can modify plant traits (e.g.
root length) and, in turn, these changes can affect ecosystem
functions (e.g., sediment stability). Thus, understanding the
cascade effect from abiotic factors to sediment stability in
salt marshes is fundamental to gain insights on marsh lateral
resistance to erosion.

In salt marshes, recent studies have investigated only the
role of root biomass on sediment stability (Ford et al., 2016;
Lo et al., 2017; Wang et al., 2017), while in terrestrial systems
wider exploration of a range of traits has shown that root
traits underpinning a denser and finer root system reduce
soil erosion rates (De Baets et al., 2006; Baets et al., 2007;
Burylo et al., 2012; Bardgett and van der Putten, 2014). In
particular, studies in terrestrial systems highlight that fine roots
are mainly responsible for sediment stabilisation (e.g., Burylo
et al., 2012). Furthermore, both work in terrestrial systems and
salt marshes has also illustrated the potential for environmental
factors to affect root traits that are important for sediment
stability. For example, in nutrient poor soils plants invest
more biomass in the root system and have higher specific

root length (Freschet et al., 2015), which could have a positive
effect on soil stability. Similarly, experimental studies in salt
marshes have shown that an increasing nutrient load corresponds
with a decrease in root biomass and length of first order
roots in some species (Bouma et al., 2001a,b; Deegan et al.,
2012), which could decrease sediment stability. However, in
salt marshes it is unknown how root traits, and fine roots in
particular, vary along other key environmental gradients and the
consequences for sediment stability. Therefore, understanding
the effect of the environment on key root traits has the potential
to enhance our ability to predict the stability of marshes to
lateral erosion.

Salinity, redox potential (a proxy for anoxia in the sediment)
and sand content in soils (a proxy for nutrient levels in the
sediment) are known to be strong environmental stressors for
salt marsh plants (Armstrong et al., 1985; Olff et al., 1997; Tyler
and Zieman, 1999; Crain et al., 2004; Watson and Byrne, 2009),
yet how variation in these abiotic factors affects root traits in
salt marshes remains largely unknown. Plants show a range
of morphological and physiological adaptations to cope with
these factors (Naidoo et al., 1992; Colmer and Flowers, 2008;
Flowers and Colmer, 2008). For instance, plants can produce
glands for salt extrusion in high salinity environments (Tabot
and Adams, 2014) and aerenchyma and adventitious roots to
allow oxygen transport to the root tips in sediment with low
redox (Armstrong, 2000; Nishiuchi et al., 2012). Furthermore,
the low nutrient status of sandy soils and their mobility could
also affect root development (Olff et al., 1997; Tyler and Zieman,
1999; Schutten et al., 2005; Fourcaud et al., 2008; Freschet et al.,
2017). Therefore, when environmental conditions are far from
a plant’s optimum they can directly reduce overall root growth
and induce metabolically expensive adaptations that may affect
root trait expression (e.g., fewer fine roots) at the intraspecific
level. In this way, adaptations to environmental stresses can have
detrimental effects on sediment stability.

We investigated how abiotic factors along environmental
gradients directly and indirectly affect the stability of saltmarsh
sediment through regulating plant root traits. We tested the
stability of extracted cores in a flume system and hypothesised
first (H1), that root traits associated with a finer root system
will be better predictors of sediment stability than other
traits (e.g., root density) because they indicate root biomass
is more evenly distributed throughout the sediment, which
determines that, second (H2), fine roots will be more important
for sediment stability than other below-ground compartments
(rhizomes, coarse roots). Furthermore, we also considered the
effects of sediment properties on erosion and hypothesised
(H3) that increasing sand content would reduce sediment
stability. Finally, we investigated the potential for environmental
factors to indirectly affect sediment stability via their effects on
root traits. We hypothesised (H4) that reduced below-ground
plant growth and investment in roots would be associated
with stressful sediment conditions (e.g., low redox), indirectly
reducing sediment stability. We sampled marshes along two
estuaries in South Wales (UK) to encompass natural salinity
and redox gradients. We focused on Spartina anglica (C.E.
Hubb.) and Atriplex portulacoides (L.) (hereafter Spartina and
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Atriplex, respectively) because in the UK, both species form
large monospecific stands at the marsh edge (Spartina) and
along marsh creeks (Atriplex) (Rodwell et al., 2000), thus being
directly involved in stabilising sediment against lateral erosion.
We analysed the two species separately to understand the
importance of intraspecific trait variability for sediment stability
in salt marshes.

MATERIALS AND METHODS

Site Description
Six salt marshes were selected along a salinity gradient in
two estuaries in South Wales (UK), the Loughor and the Taf
(Figure 1). These marshes showed some variation in community
characteristics, but all shared the common feature of extensive
monostands of the two target species. In the Loughor estuary,
Pembrey Burrows (PB), Penrhyn Gwyn (PNR), and Loughor
(LOG) marshes were situated at the mouth, middle, and head
of the estuary, respectively. Pembrey contains several zones, with
Spartina dominating the pioneer zone andAtriplex occupying the
low-mid marsh. Penrhyn Gwyn is characterised by the presence
of Spartina and Atriplex, which constitute almost the entire

marsh, except for the grazed portion at the landward side; no
signs of grazing (browsing marks) were found in the sampling
area. Loughor marsh is part of a farm, but no grazing from
cattle was observed in the sampled area. Spartina dominates
the pioneer zone and Atriplex is present at the low-mid marsh
along the creeks; landward of these zones a mixed community
is present.

Laugharne South (LS), Laugharne Castle (LC), and Laugharne
North (LN) are the marshes at the mouth, middle, and head
of the Taf estuary, respectively. Laugharne South is dominated
by Atriplex although in the pioneer zone Spartina is dominant
(with some Salicornia spp. and Suaeda marina). In Laugharne
Castle, Spartina is the main species in the pioneer zone with
Atriplex present in the low-mid marsh, as a small strip of patchy
vegetation. Laugharne North is characterised almost entirely by
Atriplex, with the pioneer zone dominated by Spartina.

Study Design
At the end of July 2016, in the areas where Spartina and Atriplex
were dominant we established seven 1 × 1m plots for each
species in each salt marsh and recorded GPS positions. Plots
were separated by roughly 30m, except in the Spartina zone in

FIGURE 1 | The study sites. In (a), the circle indicates the location of the sampling areas in UK. Panel (b) shows the area inside the circle from (a). Marshes sampled

are highlighted in black, other marshes in the estuary are shown in dark grey; from the mouth to the head of the estuary, the position of Pembrey Burrows, Penrhyn

Gwyn, and Loughour marshes in the Loughor estuary (lower side panel) and Laugharne South, Laugharne Castle, and Laugharne North marshes in the Taf estuary (left

side panel). Panel (c), shows the area inside the circle from (b). The green area represents the salt marshes and red dots represent the GPS coordinates were 1 × 1

meter plots were established; red dots at the edge of the marsh represent plots with Spartina anglica, while the other dots represent plots with Atriplex portulacoides.
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Pembrey where they were 10–15m apart due to the limited area
covered by this species. Plots were positioned to ensure that only
the two targeted species were represented with 100% cover and,
thus, excavated roots belonged to the species under study. Thus,
for a suite of abiotic and root trait parameters (Table A1) we
obtained a total of 42 replicates per species (6 marshes × 7 plots
per species). In each marsh and for each species, we collected a
core of 16 cm in diameter and 30 cm depth from three of the
seven plots for a total of 36 cores. Plots were chosen so as to
maximise the distance between cores.

Root Traits
In October 2016, sediment samples of 500 cm3 volume (5 ×

5 cm surface area and 20 cm depth) were collected adjacent to
where the core was extracted for root traits measurements. In
plots where cores were not collected, we excavated a piece of
marsh to simulate the core extraction and collected the sediment
sample as described above. Sediment samples were washed over
a sieve (mesh size, 1mm) to minimise root loss and roots were
collected and divided into rhizome, coarse roots (roots>1mm in
diameter) and a mixture of fine roots (roots <1mm in diameter;
Freschet and Roumet, 2017) and dead plant material. Rhizomes
and coarse roots were distinguished based on their morphology.
Note that, although Atriplex is a dicotyledonous with a tap
root system lacking true rhizomes, its shoots have a prostrate
growth form and are often buried in the sediment, forming
adventitious roots. Thus, from a sediment stability perspective
these buried shoots would play a similar role as rhizomes and,
for ease of discussion, here are grouped in the rhizome category.
The fine roots present in the samples were calculated based of
the proportion of fine roots present in three subsamples of ∼1 g
fresh material.

Root traits were measured on representative subsamples of
rhizome, coarse and fine root sub-samples. We placed the root
material into a petri dish, scanned all the material (black and
white at 1,200 dpi of resolution; Epson Perfection, V550 Photo)
and analysed the root length in the scanned images with Rootnav
software (Pound et al., 2013). All root and rhizome material was
dried at 70◦C for 48 h (Pérez-Harguindeguy et al., 2013) and the
total specific root length (SRLt) was measured as the sum of the
length of all roots (rhizome, coarse roots, and fine roots) divided
by the sum of their dry weight. We used SRLt as a proxy of the
investment of the plant in rhizome/coarse roots vs. fine roots
(Burylo et al., 2012; Freschet and Roumet, 2017). The diameter
of ten roots in each image were measured with ImageJ software
(Schindelin et al., 2012) and used to calculate total root volume as
(r2 · π) · ERL, assuming the root is a cylinder; ERL is the estimated
length of the entire root system based on the weighted length of
scanned roots over the total root weight [(root length/scanned
root weight) · total root weight]. Root length density (RLD) and
root density (RD) are, respectively, the length and the weight of
the entire root system divided by the 500 m3 soil volume sampled
(De Baets et al., 2006; Baets et al., 2007). Also, we measured root
density for rhizomes (RD.R), coarse roots (RD.C), and fine roots
(RD.F) as the weight of each root compartment divided by the
500 m3 soil volume.

Sediment Erosion Rate
Cores (36 in total) were collected in the middle of plots according
to Ford et al. (2016) at the end of the growing season (late October
2016). We tested the cores in a flume facility at Bangor University
using the methods of Ford et al. (2016), except cores were eroded
at only one flow strength (146 Pa). Each core was weighed on
a scale, eroded for 5min and weighed again; we repeated this
process five times for a total of 30min of erosion for each core
(examples of eroded cores in Figure A2). This temporal pattern
of erosion and measurement allowed us to detect weight loss of
clay cores (Atriplex) while avoiding complete erosion of sandy
cores (Spartina).

Abiotic Variables
We sampled sediment abiotic variables (Table A1) in plots on
three spring tides over July-September 2016 to minimise the
influence of variation in tide heights and weather, and plot
averages were used for analysis. We inserted Macrorhizones
(www.rhizosphere.com) at 15 cm depth, extracted the porewater,
and sampled for salinity and pH (Hanna instrument, HI98129).
Redox potential was measured at 5 cm soil depth (Hanna
instruments, HI 98120). We sampled for sediment in two of
the spring tides, using a 10 cm deep, 2.5 cm diameter core;
samples were oven dried for 72 h at 70◦C and consequently
we quantified: sediment moisture content, bulk density, and
organic matter content (loss on ignition, 18 h at 440◦C)
(Feagin et al., 2009). Combusted sediments were sieved to
separate the clay-silt fraction (<53µm), fine sand (53–250µm),
coarse sand (250–1,000µm), and very coarse sand (>1,000µm)
(Denef et al., 2001).

Statistical Analysis
The core erosion data was described by a mixed effects model
(Bates, 2010) with time of erosion (min) both as a fixed
explanatory variable and a random effect nested in core; core was
a random intercept nested within marsh. This model structure
allowed individual cores to vary in their initial mass and erosion
rate; it also accounted for the hierarchical nature of the sampling.
The response variable (loss of core mass) was log-transformed
to account for the non-linear decrease in erosion over time (see

TABLE 1 | Summary results of mixed-effect models of the effect of sand content

and root density (RD) on sediment stability for Spartina and Atriplex.

Coefficient

estimate

Standard

error

t-value P mR2 cR2

Spartina anglica

Sediment stability ∼ Sand −0.0016 0.00022 −4.84 <0.001 0.72 0.72

RD 8.96 2.845 3.15 0.010

RD2
−463.3 186.4 2.49 0.032

Atriplex portulacoides

Sediment stability ∼ Sand −0.00056 0.00032 −1.743 0.105 0.18 0.63

RD 3.291 3.316 0.992 0.345

RD2
−368.8 438.9 −0.840 0.420

RD, root density. Sample size: N = 16 in Spartina and N = 17 in Atriplex. The random

effect of Marsh has been omitted for clarity. Values in bold indicates p<0.05.
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example in Figure A2). After fitting the models (one for each
species), we extracted the slopes for each core and we used
these slopes as a metric of sediment stability (loss of mass/unit
of time).

First, a set of a priori mixed-effect models (full models:
Table A2) were used to identify root traits that affected sediment
stability. Models included parameters for sediment grain size
(e.g., sand) and root character (e.g., RLD) because previous
studies showed their importance for sediment stabilisation (Ford
et al., 2016; Lo et al., 2017; Wang et al., 2017) and marsh
as a random factor. Models were ranked with the corrected
Akaike Information Criteria (AICc; Akaike, 1973; Burnham et al.,
2011) using the MuMIn R package (Barton, 2016). Second, we
designed a set of a priori mixed-effect models (Table A3) using
RD, the trait selected in the best model from the previous
analysis, to understand which root compartment (Rhizome,
Coarse roots, and Fine roots) was more important for sediment
stability. Because these models were based on the best model
selected in the first part of the analysis, results from this model
selection has to be considered more exploratory. Third, a priori

mixed-effect models (Table A4) were used to understand the
effect of the physical environment on the expression of RD,
which was the best-model root trait identified in step 1 for
both species. As abiotic predictors we included four well-known
stressors for salt marsh plants: sand content in the sediment,
sediment redox potential, pH, and salinity. Models were designed
on expected effects of abiotic variables. We standardised abiotic
variables to zeromean and unit variance and fitted these variables
as fixed factors and marsh as a random factor. Models were
again ranked with AICc and the explanatory power of the best
model was evaluated comparing the marginal R2 (hereafter,
mR2) with the conditional R2 (hereafter, cR2). Where necessary,
we log transformed the response variable to meet the model
assumptions. Quadratic terms were included in candidate models
to provide a general and flexible approximation of possible non-
linear relationships. Because of great differences in sediment
characteristics between the two species (Figure A1), we decided
to split the analysis. Plots were generated with the visreg package
(Breheny and Burchett, 2013). All the analyses were carried out
in R (R core team 2015).

FIGURE 2 | Effects of sand content and root density on marsh resistance to erosion (sediment stability represents a change in the slope of sediment loss; more

negative values indicates greater sediment loss,) in experimental erosion cores from Spartina (A,B) and Atriplex (C,D) marshes. In (B), the insert represents marsh

resistance to erosion in experimental erosion cores from Spartina when only rhizomes are considered. In (A,C) points indicate partial residuals when root density (RD)

was held constant (median). In (B,D), and the insert in (B), points indicate partial residuals when Sand was held constant (median).
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RESULTS

Effect of Root Traits and Sediment Grain
Size on Core Erosion
The erosion trial was able to account for a high portion
of variability in erosion rates in both Spartina and Atriplex
(respectively, cR2: 0.96 and 0.99).

We first examined the role of root traits, alongside sediment
properties, in explaining sediment stability. For both species,
the best model included sand content and a quadratic effect of
root density (RD) (Table 1) (Table A5). In Spartina, increasing
sand content significantly reduced sediment stability (Table 1,
Figure 2A), while RD had a stabilising, though non-linear,
effect (Table 1, Figure 2B; model: mR2

= 0.72, cR2
= 0.72). In

Atriplex, neither sand content nor RD had significant effects on
sediment stability (Table 1, Figures 2C,D), consistent with the
low explanatory ability of the fixed effects in this model (mR2

=

0.18, cR2
= 0.63). Beyond RD, there was no support for a role of

other root traits (e.g., SRLt) in determining sediment stability in
either species (Table A5).

We next examined the contributions of different root
compartments to sediment stability. In Spartina, the best model
included sand content and non-linear effects of both rhizomes
and coarse roots (mR2

= 0.79, cR2
= 0.79; Figure 2B, Table A6).

This model revealed significant effects of sand content and
rhizomes, but not of coarse roots (Table 2). The same analysis
for Atriplex showed that the two best, similarly ranked, models
had low explanatory ability and none of the parameters included
in these models had significant effects on sediment stability
(Table 2, Table A7).

Effect of the Environment on Root Density
Since RDwas the only trait included in the bestmodels explaining
sediment stability, we investigated the effect of environmental
factors on this trait (Note that correlations between RD and
other root traits are reported in Figure A3). Redox potential and
sand content were the main abiotic factors that affected RD,
with both retained in the best models, although there were again
differences between species (Tables A8, A9). In Spartina, there
was no significant effect of sand content (Table 3, Figure 3B),
while increasing redox values were significantly associated with
increased RD (Table 3, Figure 3A). In Atriplex, sand content
had a significant negative effect, while redox had a non-linear,
quadratic, effect (Table 3, Figures 3C,D). In the upper half of
the redox range, RD increased with increasing redox; in the
lower half of the redox range RD appeared to decrease with
increasing redox. However, the scarcity of samples calls for a
cautious interpretation of the lower half of the relationship. In
both species the marginal R2 was relatively low with respect to
the conditional R2 (Tables A8, A9), indicating that other factors
that vary amongmarshes are likely to be important for explaining
RD variability.

DISCUSSION

Our results show that: (i) plant roots increased sediment
stability (reduced erosion), particularly in the Spartina zone; (ii)

TABLE 2 | Summary results of mixed-effect models of the effect of sand and root

density (RD) on sediment stability for Spartina and Atriplex.

Coefficient

estimate

Standard

error

t-value P mR2 cR2

Spartina anglica

Sediment stability ∼ Sand −0.0011 0.00002 −5.680 0.001 0.79 0.79

RD.R 16.87 4.345 3.882 0.005

RD.R2
−944.2 296.3 −3.187 0.013

RD.C −13.18 26.13 0.504 0.627

RD.C2
−395.4 1802 0.219 0.832

Atriplex portulacoides

Sediment stability ∼ Sand 0.00076 0.00036 −2.081 0.071 0.23 0.88

RD.C −38.21 27.30 −1.399 0.2120

RD.C2 50210 54740 0.917 0.3925

RD.F 9.265 8.012 1.156 0.2894

RD.F2 −983.8 179 −0.550 0.601

Sediment stability ∼ Sand 0.00086 0.00039 −2.203 0.054 0.24 0.77

RD.R 11.117 5.521 2.023 0.083

RD.R2
−2458 1257 −1.956 0.093

RD.C −38.27 45.90 −0.834 0.435

RD.C2 44870 79790 0.562 0.594

RD.R, rhizome root density; RD.C, coarse root density; RD.F, fine root density. Sample

size: N = 16 in Spartina and N = 17 in Atriplex. The random effect of Marsh has been

omitted for clarity. Values in bold indicates p<0.05.

root density (RD) and the fraction of coarse roots/rhizomes—
rather than the proportion of fine roots or associated traits,
as hypothesized—were responsible for enhanced stability in the
Spartina zone; and (iii) root density was greater in sediment
with higher redox potential (both species) and was either lower
(Atriplex) or unaffected (Spartina) in sediment with higher sand
content. Collectively, these results deepen our understanding of
the consequences and drivers of variability in belowground traits
of salt marsh plants.

Effect of Root Traits on Sediment Stability
Salt marsh lateral erosion is a complex phenomenon regulated
by different mechanisms. Marsh lateral erosion depends both
on blocks failure, where wave action and water pressure lead to
cracks in the sediment and/or subsequent fall of entire marsh
blocks (Francalanci et al., 2013; Bendoni et al., 2016), and
loss of sediment by sediment erosion, where sediment particles
detach from the marsh under wave and water flow action
(Bouma et al., 2002, 2009, 2010). At the local scale, field and
mesocosm experiments showed that sediment particle erosion
well-correlated with lateral marsh retreat and that root biomass
played a key role (Wang et al., 2017). Our study strengthens
this case and shows that plant roots can increase sediment
stability, contributing to reduction in lateral erosion in salt
marshes. In Spartina, where evidence of a positive effect of
RD was stronger, the non-linear relationship between RD and
erosion indicates that small changes in this root trait greatly
increase sediment stability until a plateau is reached. This is
in accordance with flume studies in terrestrial systems, where
roots maximally reduced soil detachment rate at similar values
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TABLE 3 | Summary table of linear mixed-effect models of the effect of Sand and

Redox on Root density (RD) for both Spartina and Atriplex.

Coefficient

estimate

Standard

error

t-value P mR2 cR2

Spartina anglica

RD ∼ Sand 0.0003 0.0007 0.463 0.646

Redox 0.002 0.0008 2.343 0.025 0.13 0.61

Atriplex portulacoides

log(RD) ∼ Sand −0.255 0.117 −2.184 0.036

Redox 0.423 0.181 2.363 0.023

Redox2 0.241 0.080 2.998 0.005 0.20 0.52

Coefficients are standardised. Sample size, N = 40 in Spartina and N = 42 in Atriplex.

The random effect of Marsh has been omitted for clarity. Values in bold indicates p<0.05.

of RD (De Baets et al., 2006; Baets et al., 2007). Interestingly,
terrestrial studies look at top soil instead of lateral erosion
(e.g., De Baets et al., 2006). Thus, considering that similar RD
values lead to comparable erosion reduction in our and their
study, suggests that RD effect on sediment erosion is a general
mechanism regardless of the flow direction. Spartina is a species
wide spread worldwide (Adam, 2002) at the edge of the marsh,
thus, the stabilising effect of RD in this species further confirms
the importance of roots for sediment stabilisation in salt marshes
demonstrated recently at intraspecific (Lo et al., 2017), species
(Wang et al., 2017) and community (Ford et al., 2016) levels.

Yet, the lack of strong evidence of a sediment stabilising effect
of roots in the Atriplex zone underlines the context dependency
of these processes. Sediment composition might be an important
factor explaining this result; when sand content is relatively
low, as in the Atriplex zone, roots might play a weaker role
for sediment stabilisation and sediment cohesiveness is more
important (Schutten et al., 2005; Feagin et al., 2009). Indeed,
previous studies also showed that root biomass better explained
core erosion rates when sand content in the sediment was high
(Ford et al., 2016; Lo et al., 2017). In our study, divergent root
architecture of the two-focal species (fibrous, rhizomatous root
system in Spartina vs. tap root system in Atriplex) may have
also contributed to the differences in root effects on sediment
stability. Finally, it is possible that cores with low sand content
(Atriplex) needed a longer period of erosion to show statistically
detectable effects of both sand content and RD. More studies
are required to fully elucidate the role of roots in sediment
stabilisation in salt marshes across diverse sediment types and
plant rooting architectures.

Our results further suggest that sediment stability in the
sandy Spartina zone is mainly determined by coarse roots and
rhizomes, rather than by fine roots, as argued in terrestrial
studies (De Baets et al., 2006; Burylo et al., 2012). In our
study, the primary role of coarse roots/rhizomes is suggested
by: (i) RD, the trait that we found drove sediment stability, is
mainly determined by these compartments; and (ii) rhizomes
and coarse roots best explained erosion rates, while fine roots
were consistently not included among predictors for sediment
stabilisation. Sand content in the Spartina zone reached levels (up
to 90%) considerably greater than in analogous terrestrial studies
(∼50%: Vannoppen et al., 2017). Thus, it is possible that coarser

roots become more important for sediment stabilisation in
environments with high sand content. However, because model
selection of the best root compartments involved in sediment
stabilisation was more an exploratory analysis and because of
methodological differences in defining root classes between our
and terrestrial studies, we cannot generalise these results. In our
study the root diameter across the entire root system ranged from
0.5 to 3mm (rhizomes included), which would be considered
either as fine roots (Baets et al., 2007) or coarse roots (Burylo
et al., 2012) depending on the terrestrial study considered. Future
studies should include a wider sand content gradient and range
of root diameters to further elucidate the mechanisms involved
in sediment stabilisation (e.g., fine vs. coarse roots) thus allowing
reconciliation of the apparent discrepancy between salt marshes
and terrestrial systems.

Effect of the Environment on Root Traits
and Sediment Stability
Across the two species, root density showed similarities and
differences in its responses to environmental factors, and thus
the potential for indirect effect of abiotic factors on sediment
stabilisation. First, RD in both species appeared invariant to
salinity. This indicates that, while high salinities are known
to suppress biomass production in salt marsh plants (Cooper,
1982; Crain et al., 2004; Flowers and Colmer, 2008), these
dominant, halophytic, salt marsh plants are able to sustain
RD, and therefore associated sediment stabilisation, across sites
spanning a range of salinities in our study system. Second,
notwithstanding the non-linear pattern in Atriplex, both species
showed evidence that declining redox, a proxy for low oxygen
in the sediment, could suppress RD. This can probably be
explained by the metabolic costs associated with mechanisms
to cope with low redox (Armstrong, 1979), reviewed in Colmer
(2003) and Nishiuchi et al. (2012). While release of oxygen
from plant roots (Pezeshki, 2001) may have contributed to the
observed relationships, we assume the direction of causality
to flow from the abiotic environment to RD given previous
experimental evidence in salt marsh plants that: (i) waterlogging
can directly reduce growth of salt marsh plants (Cooper, 1982;
Bouma et al., 2001a); and (ii) the impact of oxygen release
from roots on sediment oxygenation is limited (Koop-Jakobsen
et al., 2018). Therefore, factors that influence sediment redox
potential, including bioturbation, tidal inundation (and sea-level
rise) and livestock grazing, may indirectly affect the stability of
salt marsh sediments by altering RD. Third, the species differed
in their responses to sand content, and thus nutrient availability.
The resistance of RD of Spartina to high sand content might
be explained by its ability to acquire resources directly from
the water column (Bouma et al., 2002), or a greater capacity
for compensatory investment in belowground biomass under
low soil nutrients, a mechanism known for terrestrial plants
(Freschet et al., 2015). Spartina therefore sustains an important
erosion buffering function even where sand content, and thus
the erosion vulnerability of the marsh platform, is at its highest.
Indeed, the sandier sites at themouth of the estuaries (Figure A1)
did not erode more quickly than those at the heads. Finally,
although we investigated a suite of well-known stressors for
plant growth (redox, salinity, sand, and pH), in both species the
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FIGURE 3 | The effects of Redox (left panels) and Sand (right panels) on root density in Spartina (A,B) and Atriplex (C,D). In Atriplex the response variable RD has

been log transformed to meet model assumptions, but (C,D) show non-transformed data to allow better comparison between species. Points indicate partial

residuals when other abiotic variables are held constant.

modest portion of variability accounted for by the best models
suggest that other factors may drive RD. For instance, variation
in wave exposure that exists within and between marshes might
affect plants’ investment in roots (Coops et al., 1996). Further
developing our understanding of the belowground responses of
salt marsh plants to environmental factors will be an important
task if the future vulnerability of salt marshes to lateral erosion
under climate change are to be predicted.

Global Significance and Limitations
Spartina is a pioneer species with a cosmopolitan global
distribution (Adam, 2002), thus results of our study highlight
the importance of vegetation for reducing lateral erosion in
salt marshes. We showed here that marshes with higher sand
content in the sediment erode faster, but RD can effectively
counteract this negative effect of sand content. Interestingly,
despite the differences found here between Spartina and Atriplex,
we showed that RD is a good predictor for sediment stability.
Thus, the relatively easy investigation of sediment granulometry
and RD among marshes could allow managers to map marshes

vulnerability to later erosion. These maps, could also be
employed in management schemes for coastal protection and
for understanding how climate change would impact marsh
survival in the long term. Yet, more studies are need to expand
our results to wider abiotic gradients and type of marshes,
such as barrier island marshes, microtidal marshes, or marsh
zones with mixed vegetation communities. Moreover, we stress
here that our study extrapolates from a flume experiment, but
marsh lateral erosion is a complex phenomenon. Several factors
contribute to marsh lateral erosion, with wind exposure and
foreshore morphology acting at large and intermediate scales,
respectively (Wang et al., 2017). Furthermore, block marsh
failure is an important mechanism of marsh retreat (Francalanci
et al., 2013; Bendoni et al., 2016), which was beyond the scope
of investigation of our study. Although plant roots can play a
crucial role in reducing block failure (Bendoni et al., 2016), the
role of root density in this regard is yet to be investigated. Overall,
future studies should aim at understanding how sediment
stabilisation by roots relate to other aspects of marsh erosion
(e.g., block failure).
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CONCLUSION

This study shows roots of saltmarsh plants effectively stabilise
sediments against erosion, but that root development varies
with environmental context, thus generating spatial variation in
erosion protection by plants. By addressing both the response
of roots to the environment, and, in turn, the effect of
roots on sediment stability (“response-effect” approach), we
revealed the important role that intraspecific variability plays
in marsh resistance to erosion and that environmental factors
can propagate through plant traits to influence salt marsh
stability. Surprisingly, we found scarce evidence that fine roots—
or associated traits—played an important role in sediment
stabilisation. Instead, overall root density, and especially the
biomass of rhizomes and coarse roots, drove sediment stability.
This suggests that different mechanisms of root-sediment
stabilisation might exist depending on sand content, and that,
in salt marshes, root density can efficiently capture the role of
salt marsh plants for sediment stabilisation. More studies are
warranted to elucidate the indirect effect of the environment
on salt marsh root traits enabling researchers to better forecast
salt marsh stability under future climate change and to inform
managers on the effective integration of salt marshes into coastal
defence schemes.
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Shoreline retreat is a tremendously important issue along the coast of the northern Gulf

of Mexico, especially in Louisiana. Although this marine transgression results from a

variety of causes, the crucial factor is the difference between marsh surface elevation

and rising sea levels. In most cases, the primary cause of a marsh’s inability to keep up

with sea level is the lack of input of inorganic material. Although tropical cyclones provide

an important source of such sediment, little effort has been made to determine the

point of origin of the deposited material. In this study we use sedimentary, geochemical

and biogeochemical data to identify the bed of the Pearl River and/or Lake Borgne as

the source of a ∼5 cm thick clastic layer deposited on the surface of the Pearl River

marsh on the Louisiana/Mississippi border. Radiochemical chronologies and sedimentary

evidence indicate that this layer was associated with the passage of Hurricane Katrina

in 2005. As this material would otherwise have been lost to the system, this deposition

indicates a net gain to marsh surface elevation. Accretion rates, determined from 137Cs

and 14C profiles and the use of the Katrina layer as a stratigraphic marker, indicate

that short-term (∼50 years) rates are as much as an order of magnitude higher than

the long- term (1000s of years) rates. We suggest that the marsh’s geologic setting

in an incised river valley with steep vertical constraints and a large fluvial discharge,

promotes rapid accretion rates, with rates accelerating as the sea moves inland, due

to extended hydroperiods and the input of clastic material from both the marine and

terrestrial sides. These rates are especially large when compared to accretion occurring

in the more common open marshes fringing the Gulf that lack fluvial input. The difference

is particularly large when related to marsh recovery/regrowth following the deposition of

thick hurricane-generated clastic layers. Given the number of similar incised river valleys

along the Gulf Coast, we believe that understanding the processes controlling marsh

accretion in such environments is essential in evaluatingmarsh sustainability on a regional

basis.

Keywords: pearl river, hurricanes, bayhead delta, vertical accretion, isotopes, marsh sustainability, X-ray

flourescene, incised river valleys
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INTRODUCTION

Sea level variability is a major concern globally. Along the
northern coast of the Gulf of Mexico relative sea level rise
(rSLR) has resulted in severe coastal erosion and rapid land
loss (Day et al., 2007). Between 1932 and 2010 the state of
Louisiana lost ∼4,800 km2 of land (Couvillion et al., 2011),
with projected loss of up to ∼13,500 km2 by 2100 (Blum
and Roberts, 2009; Moser et al., 2014). This loss of land
has already resulted in significant landward migration of the
population and infrastructure (Dalbom et al., 2014; Lam et al.,
2016; Cai et al., 2018; Colten et al., 2018), including current
government-subsidized resettlement of a threatened community
Simms, 2018). The landward migration is characterized by
the replacement of coastal marshes with open water. The
resulting changes in bathymetric and topographic conditions
and increased fetch can significantly increase both the wave
power and storm-surge height associated with tropical cyclones,
thereby increasing the vulnerability of inland areas (Young and
Verhagen, 1996; Marani et al., 2011; Leonardi et al., 2016; Twilley
et al., 2016; Karimpour et al., 2017), and a reduction in ecological
services (Costanza et al., 2006; Peterson et al., 2008; Craft et al.,
2009). Modeling studies generally predict an increase in both
the number of intense storms and the maximum intensity of
future tropical storms under global warming (Bender et al., 2010;
Murakami et al., 2012; Emanuel, 2013; Holland and Bruyere,
2014), highlighting a large potential future increase in the societal
costs of coastal erosion.

By accreting upward, coastal marshes can maintain a fairly
stable elevation relative to sea level, until the rate of rSLR
surpasses their rate of surface elevation increase (accretion
rate minus subsidence rate). Vertical accretion in marsh
environments is dependent upon both allochthonous sediment
input and autochthonous biomass accumulation (Reed, 1990).
Biomass-based accretion can track sea level during moderate
rates of rSLR; however, there is an upper limit beyond which
marshes will not be able to keep up (Morris et al., 2002, 2016).
As a result, mitigation schemes aimed at reducing future losses
are commonly based on increasing sediment supply, principally
inorganic sediments (mud, sand), to the deteriorating marshes
(CPRA, 2007, 2012, 2013, 2016; Day et al., 2007). Although
a current debate concerns the relative importance of marine-
generated sediment (delivered by tropical cyclones) vs. fluvially-
delivered terrestrial material (Turner et al., 2006, 2007; Törnqvist
et al., 2007; Tweel and Turner, 2012, 2014; Smith et al., 2015),
the value of mineral deposition in mitigating the negative effects
of rSLR rise is treated as a given (Delaune et al., 1978; Blum
and Roberts, 2009; Allison and Meselhe, 2010; Day et al., 2011;
Stralberg et al., 2011; Allison et al., 2012; Kemp et al., 2016).

Mineral sediments delivered to coastal marshes by tropical
storms can contribute to marsh sustainability in a number of
ways, including increasing surface elevation, providing essential
nutrients, and reducing phytotoxicity (Guntenspergen et al.,
1995; Turner et al., 2006; McKee and Cherry, 2009; Tweel and
Turner, 2012, 2014). However, in open marshes fringing the
coast, the sudden increase in surface elevation associated with
the deposition of a thick clastic layer by a tropical cyclone

may not be entirely positive (Osgood et al., 1995). In coastal
marshes, vegetation type and biomass levels are highly dependent
on the inundation regime, which is controlled by elevation
(Eleuterius and Eleuterius, 1979; Rasser et al., 2013). As a result,
not only can the deposition of a thick clastic layer kill vegetation,
but it can also retard/prevent subsequent organic accretion,
and thereby eliminating/reducing organic accumulation and
vertical accretion until sea level rises sufficiently to increase the
hydroperiods (Langlois et al., 2001; Stagg and Mendelssohn,
2010, 2011; Walters and Kirwan, 2016).

Incised river valleys are common geologic features along the
Gulf of Mexico from Texas through the Florida panhandle.
During the last oceanic lowstand Gulf Coast rivers formed
braided channels, incising and widening their river valleys long
distances upstream from the coast, which was far seaward of
its present position. Rising Holocene sea levels then pushed
sediments landward, filling and leveling the valleys as the bayhead
deltas migrated upstream (Kindinger et al., 1994; Saucier, 1994;
Greene, 2006; Yeager et al., 2012; Anderson et al., 2016). Marshes
occupying these coast-perpendicular incised valleys are usually
wide and flat, constrained by steep topographic gradients along
both flanks. They are generally fresher and have a steeper salinity
gradient than the more common coast-parallel fringing marshes
situated along the coastal plain. Although spatially extensive,
these environments have been largely ignored in regards to
coastal retreat and their response to tropical cyclone-generated
deposition. In this study we investigate accretion rates from the
Pearl River (Louisiana) bayhead delta and compare recent (∼ last
50 years) accretion rates to rates observed throughout much of
the Holocene.

Study Site
The Pearl River, located along the border between Louisiana
and Mississippi (USA), is one such valley, which during the
Wisconsin glaciation incised a channel∼ 75m below present sea
level in a valley ∼14 km wide (Frazier, 1974; Yeager et al., 2012)
before entering the sea ∼145 km south of the current mouth
(Kindinger et al., 1994). The river currently drains ∼22,000 km
2 in Mississippi and Louisiana; reaching the Gulf of Mexico at
the border between those two states (Figure 1). Average daily
discharge is 373 m3/s, the fourth largest volume for the eastern
Gulf of Mexico (Ward et al., 2005). Average annual precipitation
near the coast is 163 cm/year (Green, 2000). Approximately
75 km upstream from the present mouth the river diverges into
two main channels, the East and West Pearl rivers, that flow
through their respective sides of the 5–12 km wide valley. The
oligohaline Pearl River marsh, which fills the valley floor, is
dominated by very diverse, heavily-vegetated swamps, marshes,
floodplains and a maze of interconnected channels (Ward et al.,
2005). Surface elevations are low, ranging from 24 to 42 cm
NAVD88 for the five CRMS sites (https://lacoast.gov/crms_
viewer/Map/CRMSViewer), and from 23 to 43 cm NAVD88, for
our marsh sampling sites. Human hydrological modification has
been restricted almost entirely to the two major channels. The
river drains into Lake Borgne, separated from the main Gulf of
Mexico by the remnants of the St. Bernard lobe, an abandoned
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delta of theMississippi River that was active from∼4,000 to 1,000
years ago (Otvos and Giardino, 2004; Rodgers et al., 2009).

On August 29, 2005 Hurricane Katrina, a very large tropical
cyclone, made landfall in the Pearl River marsh as a category 3
hurricane with a maximum sustained wind speed of 105 knots
and a pressure of 928mb. The storm tracked due north across
the eastern edge of the marsh (Figure 1), producing a recorded
storm surge of 4.87m just west of the mouth of the East Pearl
River (Knabb et al., 2005).

METHODS

Field Methods
We extracted one long (690 cm) and seven short (∼40 cm)
sediment cores and 23 surface sediment samples from the Pearl
River marsh. The surface samples were collected along two
coordinated coast-perpendicular transects (marsh surface and
river/estuary bed) down the salinity gradient, beginning at the
upland forest and finishing in Lake Borgne, and a single (marsh
surface) coast-parallel transect along the lower edge of the marsh
(Figure 1). For both sample types, ∼25 cm3 of the surface
material was collected in sterile plastic bags, which were then
sealed and labeled. Marsh surface samples were obtained by
scrapping the top∼1-cm of surface sediments with a spoon. The
riverine/estuarine samples similarly represent the top ∼1-cm of
sediments occurring at the water/sediment, scrapped from the
top of materials collected from a ponar grab deployed over the
side of the boat.

Five of the short cores (PR102D, PR107D, PR108D, PR109D,
PR110D, PR11D) were collected along the same coast-parallel
transect as the surface samples, ∼1 km inland. Cores were
extracted at the same sites as the surface samples, and received
the same numerical designation, with the sample type indicated
by the last letter; “S” formarsh surface sample, “D” for short cores
and “R” for long cores. For example, surface sample PR102S,
short core PR102D and long core PR10R were all extracted
within a radius of 2-3m at site PR102. Short core PR112D was
collected on the coast and PR102D was collected was ∼7 km
inland. All seven short cores were collected by a “sharpshooter”
shovel as∼40 cm long slabs, which were then placed horizontally
on PVC boards, sliced into rectangular shapes, wrapped in plastic
and labeled. The long core (PR102R) was collected within a
meter of the short core PR102D by a Eijkelkamp Peat Sampler
with a 5.08 cm (inside diameter) hemispherical barrel. The core
consists of Seventeen 50 cm segments, with a minimum 10-
cm overlap between segments. Overlaps between core segments
were resolve by a matching of loss-on-ignition values and
visual inspection. At all sites photographs were taken in the
four cardinal directions, and such salient physical, hydrological
and geomorphological features as changes in topography or
vegetation, the presence/absence of water bodies or channels,
evidence of disturbance, distance to streams or open water, were
recorded. Locations and elevations for all sites were determined
by Ashtech Proflex differential GPS (dGPS) receivers. All cores
were photographed in the field and stored in ice chests during
field work and transport, and then stored in temperature-
controlled core lockers after transport to the laboratory.

Laboratory Analyses
Water and organic content were determined for all surface
samples, and at 1-cm resolution for the long and short cores,
following the procedures of Liu and Fearn (2000) (methodology
summarized in the Supplementary Material S1). Dry bulk
density was determined for all surface samples and at 1-cm
resolution for short core PR102D, as described in the associated
Data Release (McCloskey et al., 2018b). Elemental concentration
data was collected with an Innov-X Delta Premium DP-4000
handheld X-ray fluorescence (XRF) unit on all surface samples,
all short cores and long cores PR102D and PR102R at the Global
Change and Coastal Paleoecology Laboratory of Louisiana State
University. Two readings were taken of each surface sample;
these were then averaged. The cores were analyzed at 2-cm
resolution, except in locations of interest, where readings were
taken at 1-cm resolution. The XRF device analyzes each sample
across three frequencies for 30 s per frequency, recording counts
per second (cps) for over 30 elements. CPS are converted
to parts per million (ppm) through calibration with certified
standards NIST 2710a and 2711a. We report data for S, Cl, K,
Ca, V, Cr, Mn, Fe, Co, Zn, Br, Rb, Sr, Zr, and the Br/Cl and
Ti/Br ratios. We note that XRF is a semi-quantitative technique,
producing relative rather than absolute values unless calibrated
with quantitative geochemical techniques (such as ICP-MS).
Because the recorded values remain the same relative relationship
with absolute values, the shape of the downcore elemental profiles
are valid, however, concentration comparison between elements
must be used with caution (Brand and Brand, 2014; Young et al.,
2016).

Four samples of terrestrial plant material were selected from
long core PR102R to develop the multi-millennial chronology.
Approximately 1–2 cm3 of bulk sediments were removed from
interior locations in the core sections and passed through
a 63-micron sieve to remove silt and clay. Plant fragments
were selected from the remaining material under a dissecting
microscope after being washed in de-ionized water. This material
was dried and sent to the National Ocean Sciences Accelerator
Mass Spectrometry (NOSAMS) Laboratory at Woods Hole
Oceanographic Institution for radiocarbon dating. Radiocarbon
dates were calibrated to calendar years, and median dates
provided by Calib 7.1 (http://calib.qub.ac.uk/calib/calib.html)
based on the Reimer et al. (2013) data set. BACON 2.2 age-
modeling software (http://chrono.qub.ac.uk/blaauw/bacon.html)
was used to display the results.

Grain size analysis was performed on the short core PR102D
using a Coulter LS 200 particle-size analyzer. Two subsamples
were prepared from homogenized material taken at 1-cm
resolution down the length of the core. After removing organic
material with hydrogen peroxide, a minimum of three runs
was performed on each subsamples. The GRADISTAT software
program (Blott and Pye, 2001) was used to calculate the size
distribution, mean grain size, sorting, skewness, and kurtosis for
each sample. Classification of sediment texture, automatically
generated by GRADISTAT, was based on Folk (1954).

Sediments from the short core PR102D were measured for
short-lived, atmospherically-derived radionuclides to provide
chronology data (time and accretion rates) for the last 50 to
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100 years. The procedures follow that of Smith et al. (2013) and
is detailed in McCloskey et al. (2018b). Briefly, the core was
sectioned at 1-cm (0–28 cm) and 2-cm (30–40 cm) intervals. The
mass of each section was recorded prior to (wet) and after (dry)
drying the sample at 60◦C for 48 to 72 h. The dry samples were
homogenized with a porcelain mortar and pestle, packed into

air-tight containers, and allowed to age for approximately 30
days to allow daughter (222Rn) and granddaughter radioisotopes
(214Po, 214Bi) to reach secular equilibrium with the parent
isotope 226Ra. Following the aging procedure, each dried sample
(section) was measured for 210Pb (photopeak 46.5 keV), 226Ra
(via the granddaughter isotopes, photopeaks 295.7, 352.5, and

FIGURE 1 | Location map. Study site showing location of marsh (green dots) and estuarine (black dots) surface samples. Site of example core PR10-2D and long

cores PR102R and Li-1994 is marked by the red dot (left). The black line marks the path of the eyewall of Hurricane Katrina. Figure on top right displays the locations

of samples from the n-s estuarine transect (left), n-s marsh transect (middle) and w-e marsh (right); inset on bottom right shows the location of the larger figure (red

rectangle) in relation to the northern Gulf Coast. Base map: Esri, DigitalGlobe, GeoEye, Earthstar Geographics, CNES/Airbus DS, USDA, USGS, AEX, Getmapping,

Aeogrid, IGN, swisstop, and the GIS User Community.

FIGURE 2 | Elemental concentration data. Concentration profiles (left) profiles and PCA biplots (right) are displayed for surface samples. Both estuarine and marsh

samples are arranged vertically along their respective north-south transects. Data for the samples along the west-east marsh transect are not shown.
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609.3 keV), 137Cs (photopeak 661.7 keV), and 40K (photopeak
1460.8 keV) on a low-energy, planar-style high purity germanium
gamma-ray spectrometer (Canberra, Inc). All samples were
corrected for self-absorption following the procedure of Cutshall
et al. (1983), using a sealed 238U source with unattenuated
count rates that are 500, 5000, 22000, 22000, and 25000 times
greater than sample count rates for photopeaks 46.5, 63.3, 295.7,
352.5, and 609.3 keV, respectively. Efficiencies for U-Th series
radionuclides were determined using the IAEA (International
Atomic Energy Agency) RGU-1 standard. Following guidelines
by McCurdy et al. (2008), maxima values of sample-specific
critical limits for (ssLc) for all samples analyzed for photopeaks
46.5, 295.7, 352.5, 609.3, 661.7, and 1460.8 keV, were 4.9, 3.12,
1.77, 2.52, 1.51, and 21.7 Bq/kg, respectively.

Following the guidelines of Swarzenski (2015) and Corbett
and Walsh (2015) and references therein (not repeated here),
we evaluated the utility of the Constant Rate of Supply (CRS),
Constant Flux: Constant Sedimentation (CF:CS), and Constant
Initial Concentration (CIC) models to establish chronology from
excess 210Pb (210Pbxs) data. Details of these models and the
underpinning assumptions can be found in the reviews by
Swarzenski (2015) and Corbett and Walsh (2015). For the CRS
and CF:CS models, mass depth (g/cm2) were used to consider
autocompaction based on the suggestion of Binford (1990) and
Appleby (2001). Additionally, 137Cs occurrence in sediment
were compared with historical 137Cs fluxes. 137Cs, an artificial
nucleotide associated with above-ground nuclear explosions and
the release from nuclear reactors (Ferreira et al., 2016), was not
detectable in the atmosphere prior to 1954, with atmospheric
concentration reaching a maximum ∼1963, after which levels
declined rapidly as a result of the Nuclear Test Ban Treaty (Zhang
et al., 1990; Walling and He, 1999).

Sediment samples were collected from all surface samples and
18 intervals (2-cm resolution from 1 to 10, 17 to 38 cm; 1-cm
resolution 10 to 15 cm) down short core PR102D and measured

for bulk concentration and stable isotope composition of total
organic carbon (TOC, δ

13C) and total nitrogen (TN, δ
15N).

The dried, homogenized samples were divided into two parts,
with one portion, placed in small silver capsule and fumigated
with hydrochloric acid to remove inorganic carbon, used for the
determination of TOC and associated δ

13C, and the untreated,
portion used for the determination of TN and associated δ

15N.
These samples were sent to the U.S. Geological Survey (USGS)
Reston Stable Isotope Laboratory, where they were processed
under the standard protocol described in Révész et al. (2012)
(methodology summarized in the Supplementary Material S2).
Isotopic abundances are reported as per mil (‰) and follow
standard reporting practice with references for δ

15N and δ
13C

being air and VPDB, respectively.
Principal Component Analysis (PCA) was performed on all

surface and short core PR102D samples for both the XRF
and carbon/nitrogen data. We used standardized and centered
variables, entered into the C2 v1.75 software program (https://
www.staff.ncl.ac.uk/stephen.juggins/software/C2Home.htm).

Hurricane tracks were downloaded from the NOAA
Historical Hurricane Tracks website (https://coast.noaa.gov/
hurricanes/).

RESULTS

Surface Samples
There are significant differences between the sedimentological
features of the marsh and river/estuarine sample sets; both wet
and dry bulk densities were lower, and water and organic content
higher for the marsh than the estuarine samples. Dry bulk
densities ranged from 0.09 to 0.31 g/cm3 for the marsh samples
(average 0.18 g/cm3) and from 0.25 to 1.39 g/cm3 (average 0.71
g/cm3) for the estuarine samples. Water and organic content
averaged 4.4 and 36.6% for the marsh samples and 1.7 and 6.6%
for the estuarine samples (Table S1).

FIGURE 3 | Biogeochemical (carbon and nitrogen) data. Concentration profiles (left) profiles and PCA biplots (right) are displayed for surface samples. Both estuarine

and marsh samples are arranged vertically along their respective north-south transects. Data for the samples along the west-east marsh transect are not shown.
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The elemental data exhibit recognizable spatial trends. For
the estuarine samples the relative concentrations increase
downstream by > 30%, for K, Cr, Fe, Zn, and Zr and more
than 200% for Cl, Ca, Mn, Rb, and Sr. For the marsh samples,
the relative concentrations decrease downstream by >60% for
Ti, Cr, Mn, Fe, and Co and >25% for V, Co, and Rb, while Cl,
Zr, and Sr increase slightly downstream, and Br concentrations
spike in the middle of the transect (Figure 2). Except for Br,
which shows the reverse trend, concentrations are significantly
higher for all elements in the estuarine than marsh samples.
The PCA biplots of elemental concentrations neatly separates the
two sample types along PCA1, the first (primary) component,
which explains 72% of the variance. With the exception of one
marsh and one estuarine sample, all estuarine samples exhibit
positive values for PCA1 (corresponding to high concentrations
of S, Cl, K, Ca, Ti, V, Cr, Mn, Fe, Co, Zn, Rb, Sr, Zr, Pb, and
low concentrations of Br) and all marsh sample exhibit negative
values (Figure 2).

The biogeochemical constituents of both the estuarine and
marsh sediments vary spatially, yet are distinct from one another.
(Figure 3, Table 1). For example, the average TOC and TN
percentages are substantially different between marsh (16.38
and 1.03, respectively) and estuarine sediments (2.52 and 0.17,
respectively). Spatially, TOC and TN in estuarine sediment
decrease linearly downstream (5.01 to 0.58%, 0.24 to 0.06%,
respectively), while TOC and TN in marsh sediment reach
maxima at intermediate sites (28.2 and 2.12%, respectively). For
both sediment types, TN has a very strong linear relationship
with TOC (r2 = 0.93 and 0.69, for the estuarine and marsh
samples respectively). Downstream, the TOC/TN ratio decreases
for the estuarine samples (20.88 to 9.67), while increasing for
the marsh samples. Isotopically, the δ

13C signature of estuarine
sediments are highly variable along the transect (−21.34 to
−24.55 ‰), while δ

15N generally becomes heavier downstream
(1.76 to 4.51‰). In contrast, δ

13C signature of marsh sediment
tends to become heavier downstream and δ

15N has no general
trend. Based on PCA analysis, TOC and TN concentration are the
biogeochemical variables that most fully distinguish the marsh
and estuarine sediment samples (Figure 3).

Cores
Six of the seven short cores extracted from the southern end of the
marsh display a distinct inorganic (low water and organic values)
interval several centimeters below the modern marsh surface.
The depth and thickness varies among the cores (Figure 4).
The top of the layer occurs at an average of 10 cm (7, 9,
10, 10, 12, and 13 cm) in the six cores, and bottom at an
average depth of 14 cm (12, 13, 13, 15, 16, and 17 cm). This
layer has many features that distinguish it from the embedding
organic matrix. As displayed by the example core, PR102D
(Figure 5), the interval presents visually as a ∼6-cm thick gray
clay/silt/sand layer, classified as “sandy mud” (Folk, 1954), that
completely separates the organic material below from similar
material above. Buried grass rhizomes and unsprouted seeds,
which do not penetrate the clastic layer, are often encountered
immediately below the layer (Figure S1). The clastic layer is
marked by heavier (higher wet and dry bulk densities), larger

TABLE 1 | Carbon and nitrogen data for surface samples.

Sample Type δ 13C TOC TOC/TN δ 15N TN

(name) (‰) (%) (‰) (%)

PR00 Estuarine −21.34 5.01 20.88 1.76 0.24

PR01 Estuarine −28.16 2.63 13.84 4.32 0.19

PR02 Estuarine −21.11 5.79 17.03 1.68 0.34

PR03 Estuarine −18.94 2.39 14.94 2.36 0.16

PR04 Estuarine −26.83 2.6 13.68 3.95 0.19

PR05 Estuarine −20.51 2.63 12.52 2.75 0.21

PR06 Estuarine −25.1 2.22 13.88 3 0.16

PR07 Estuarine −25.87 1.04 11.56 4.23 0.09

PR08 Estuarine −24.29 0.33 8.25 4.35 0.04

PR09 Estuarine −24.55 0.58 9.67 4.51 0.06

Average (estuarine) 2.52 0.17

PR100 Marsh −29.04 6.6 12.22 5.79 0.54

PR101 Marsh −28.96 10.1 13.47 2.6 0.75

PR102 Marsh −24.84 28.2 13.3 1.1 2.12

PR103 Marsh −25.64 15.4 13.16 2.42 1.17

PR104 Marsh −23.52 16.9 16.9 1.64 1

PR105 Marsh −24.09 19.6 14.41 2.44 1.36

PR106 Marsh −21.41 27.4 24.68 0.89 1.11

PR107 Marsh −20.45 9.99 15.86 2.95 0.63

PR112 Marsh −25.23 13.24 22.44 1.64 0.59

Average (marsh) 16.38 1.03

(increased mean grain size), better sorted andmore finely skewed
material (Figure 5), marked by distinct isotopic and geochemical
signatures. Isotopically, the material displays positive shifts in the
stable isotopes, δ13C and δ

15N, and negative shifts in TOC, TN
and the TOC/TN ratio (Figure 6). Chemically, the clastic interval
has higher concentrations of S, Cl, K, Ca, Ti, V, Cr, Mn, Fe, Co,
Zn, Rb, Sr, and Zr, and lower concentrations of Br, resulting in
low Br/Cl and high Ti/Br ratios (Figure 7). Stratigraphic and
elemental profiles for the other five cores display extremely
similar patterns (Figure S2).

Radiochemistry
The ages of the four AMS radiocarbon-dated samples from
the long core PR102R are in stratigraphic order, with the
uppermost, taken from a depth of 75 cm, producing a post-
modern (>1950 AD) age. Samples from 196, 389 and 587 cm
produce radiocarbon ages of 1,320 ± 15, 3,130 ± 20, and
4,470 ± 20 years, respectively, resulting in an extrapolated
basal date of 6070 cal yr BP. These values and their
calibrated date ranges and median probability age are shown in
Table 2.

Gamma-emitting radioisotopes 137Cs, 210Pb and 40K,
measured in Becquerels per kilogram (Bq/kg) (Figure 7), were
measured in PR012D. Specific activity of 137Cs is quantitatively
observed (i.e., above a minimum detection limit of 2.2 ± 0.9
Bq/kg) throughout the core, however it reaches a peak of 73.81
± 2.90 Bq/kg at 37.5 cm. This falls within the range of peak-1963
137Cs activities (70 to 84 Bq/kg) recorded from studies conducted
in salt marshes along the Louisiana coast (Terrebonne, Barataria,
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FIGURE 4 | Water (blue) and organic (green) content of the seven short sediment cores. Significant dips in the water and organic content, indicating clastic input,

occur ∼ 10 cm depth in all but core PR11D. Average carbon percentage of the ten estuarine (yellow line) and thirteen marsh surface samples (red line), are

superimposed on the graph of PR102D for comparison. Note the close match between organic content values for estuarine samples (yellow line) and clastic intervals

(dips), and marsh surface samples (red line) and organic intervals.

FIGURE 5 | Sedimentary parameters of core PR102D. The light gray band at 10–15 cm of core PR102D corresponds to distinct changes in several sedimentological

parameters, including skewness, sorting, and kurtosis, as well as larger mean grain size, and increased density and sand percentage.

and St. Bernard basins) (Milan et al., 1995). This strongly
suggests that 37.5 cm represents the year 1963.

The 210Pb profile deviates significantly from an idealized
radioactive-decay profile and at the base of the core has total
210Pb (63.9 ± 4.5 Bq/kg) in excess of supported 210Pb (22.2 ±

1.47 Bq/kg). The deviation of the 210Pbxs profile is most notable
between 9 and 20 cm, with activity in this zone much lower than
the overlying and underlying sediment. Below 20 cm, 210Pbxs
activity demonstrates a quantitative log-linear relationship with
both depth (r2 = 0.989) and mass-depth (r2 = 0.968). Like
210Pbxs, the 40K profile has two dominant zones (0–20 cm and
below 20 cm) with gradients at the upper and lower boundaries

of each zone. In the lower zone, 40K is roughly half the
activity (mean 203 Bq kg−1) of the upper zone (mean = 350 Bq
kg−1). The zone of high 40K, a commonly-used proxy for clay
concentration (Preston et al., 2013), coincides with the zone of
low (below the expected values for simple radioactive decay)
210Pbxs zone; these zones also roughly correspond to the higher
wet and dry bulk density regions of PR102D (Figure 7).

Chronologic results from the CIC or CRS models applied
to the 210Pbxs data were either unattainable or incomplete
due to the complex nature of the 210Pb distribution, down-
core sediment variability (clastic layer), and the incomplete
210Pbxs inventory. However, applying the CF:CS model and its
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FIGURE 6 | Biogeochemical (carbon and nitrogen) profiles for core PR102D. The light gray band at10–15 cm of core PR102D corresponds to distinct changes,

including heavier δ13C and δ15N, a lower TOC/TN ratio, and reduced levels of TOC and TN.

FIGURE 7 | Elemental and radiochemical profiles of core PR102D. The light gray band at 10–15 cm of core PR102D corresponds to distinct changes in both

elemental and radiochemical parameters, including increases in the concentration of a range of elements (mostly metals), and a decrease in Br (left). Within the band,
226Ra (supported 210Pb) increases slightly while excess 210Pb displays a prominent dip (center right). This dip is paralleled by the total 210Pb curve, and mirrored by

the 40K curve; below ∼28 cm 137Cs steadily increases downcore until peaking at a depth of 37.5 cm (far right).

assumptions to the 210Pbxs profile from ∼20 cm to the base of
the core provide a mass accumulation rate of 0.72 kg/m2 /y and a
corresponding accretion rate of 0.41± 0.10 cm/y. In comparison
and assuming, conservatively, the 137Cs peak corresponds to
1963, mass accumulation rates post-1963 are 1.5 kg/m2/y and
vertical accretion is 0.71 cm/y.

DISCUSSION

Clastic Layer
Distinguishing Features
The prominent gray clastic layer present in six of the seven short
cores clearly represents a depositional environment distinctly
different from both the overlying and underlying organic

matrix. Visually, the organic material directly beneath this
layer, consisting of large, horizontally-oriented, relatively fresh,
easily-identifiable marsh plant fragments (Figure S1), closely
resembles the organic material that occurs above the clastic
interval extending to the mash surface. The sharpness of the
clastic layer’s bottom contact indicates the rapidity of the
change in depositional environments, as does the presence
of smothered seeds and grass rhizomes, which suggest that
the overlying sediments were deposited over a short enough
time span to prevent germination/sprouting (Langlois et al.,
2001). The dramatic compositional (organics to clastics) and
geochemical changes (increased concentrations of alkali, alkaline
and transition metals, and decreased concentrations of bromine)
suggest an altered source of the material. This is supported by
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TABLE 2 | Radiocarbon and calibrated dates for cores PR102 and Li-1994.

Sample ID Depth (cm) Depth (midpoint) Type Lab # 14C age ± cal BP Probability

distribution

Med. prob.

PR102R 75 75 Plant/wood OS-122840 >Modern – – – –

PR102R 196 196 Plant/wood OS-122841 1320 15 1187–1203 0.103 1275

1241–1249 0.027

1255–1293 0.87

PR102R 389 389 Plant/wood OS-123014 3,130 20 3258–3290 0.164 3361

3329–3396 0.836

PR102R 587 587 Plant/wood OS-122842 4470 20 4979–5010 0.061 5191

5035–5083 0.191

5102–5139 0.117

5162–5282 0.631

Li-1994 25–26 25.5 Plant/wood Beta-65439 210 60 0–43 0.137 192

58–325 0.796

375–429 0.067

Li-1994 73–74 73.5 Plant/wood Beta-65440 1050 70 794–1090 0.953 968

1108–1146 0.033

1159–1172 0.014

Li-1994 117–132 124.5 Plant/wood Beta-60235 1240 60 1007–1025 0.023 1173

1053–1290 0.977

Li-1994 267–275 271 Plant/Wood Beta-65441 2730 70 2744–2991 1 2840

Li-1994 471–472 471.5 Plant/Wood Beta-60236 4490 60 4891–4900 0.006 5145

4911–4927 0.012

4959–5313 0.982

Li-1994 736–746 741 Plant/Wood Beta-60237 5830 90 6414–6428 0.008 6637

6432–6806 0.959

6812–6853 0.033

suppressed 210Pb activity levels, presumably resulting from the
remobilization of previously deposited material or material from
where atmospheric 210Pb is diluted, in either case reflecting
an allochthonous source for these sediments (Figure 7). The
increase in density and grain size suggests a more energetic
transport process. Taken together, these features indicate a rapid
deposition of allochthonous clastic material under high-energy
conditions. As the isotopic changes (heavier δ

13C and δ
15N,

decreased TOC/TN ratio, lower TOC and TN) are exactly the
changes documented as occurring during marine intrusions
along the northern Gulf Coast (Lambert et al., 2008; Das
et al., 2013), and the complete burial of plant cover resembles
documented effects of hurricanes (Guntenspergen et al., 1995),
the most likely source of this anomalous material is transport by a
large storm surge associated with a tropical cyclone. As the 137Cs
chronology indicates that 1963 correlates approximately a depth
of 37.5 cm, the causative storm must have occurred sometime
after that year.

Candidate Events
Twelve tropical storms have passed with 150 km of the site
at hurricane strength since 1963. Their tracks (Figure 8) and
important parameters (Table 3) are presented below. Because the
National Hurricane Center records storm data at 6 h intervals

(https://coast.noaa.gov/hurricanes/) Table 3 provides data from
three data points for each storm; the point which occurs closest
to our site, and the points immediately preceding it (seaward),
and immediately following (landward). Storm surge heights from
adjacent coastal areas are listed as reported. Note: locations,
measurement units, terminology, and methodology are variable;
detailed information can be found in the references. Further,
location-specific information was provided by height estimates
from storm surge maps created from NOAA’s Sea Lake and
Overland Surge from Hurricane (SLOSH) model (https://www.
nhc.noaa.gov/surge/slosh.php), which recreates storm surge
heights for historical storms.

Storm surges recorded along the LA-MS coast for these 12
cyclones can be divided into three groups; Low (Bob, Cindy,
Danny, Florence, Frederic, and Georges, with listed maximum
surge heights <6 feet), Medium (Betsy, Elena, Gustav and Isaac,
with heights of 7–12 feet), and High (Camille and Katrina, with
heights>24 feet). However, large differences in surge heights can
occur over short distances. Track location is a very important
factor, as the cyclonic nature of hurricanes, tend to drive water in
the direction of forward movement in their right front quadrant,
and in the opposite direction in the left front quadrant. At Pearl
River, this means that for north-moving storms, surge heights
will be greater for storms passing to the west than to the east.
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FIGURE 8 | Tracks of all tropical cyclones passing within 150 km of the study site (yellow dot) since 1963 at hurricane strength (64 knots) or above.

So, although Hurricane Camille and Hurricane Katrina both
recorded storm surges >24 feet at Pass Christian, MS, SLOSH
indicates that storm surge heights at the mouth of the Pearl
River were ∼8-10 feet for Camille which passed to the east and
∼ 20 feet for Katrina which passed to the west (Figure S3). As
a result, at our location Hurricane Katrina’s storm was by far
the largest since 1963. Additionally, Katrina’s large extent and
duration as a category 5 storm produced large swells for an
extended period of time, including the largest significant wave
height (55 feet) ever measured up to that time by a National
Data Buoy Center buoy (Knabb et al., 2005). It seems likely,
therefore, that Hurricane Katrina should have left the largest
post-1963 sedimentary signature, and is the event most likely to
have generated the clastic layer at 10–15 cm in PR102D.

Radiochemical Chronology
That Hurricane Katrina is the causative agent of this clastic
layer is supported by the radiochemistry data. Although the
maximum 137Cs activity at 37.5 cm falls within the low end
of the range of observed maximum activity documented by

Milan et al. (1995), the depth-integrated (0–38 cm) inventory of
PR102D (∼1090 Bq/km2) is higher than the post-1963 inventory
range observed by Milan et al. (1995) (inventory of 1330–
1520 Bq/km2 in ∼1995 or equivalently 850–960 Bq/km2 in
2015). Restricting 137Cs integration to 20–38 cm (i.e., below the
clastic layer) in PR102D provides an inventory (940 Bq/km2),
much closer to those observed across coastal Louisiana. These
observations support our previous assumption that the peak
activity at a mid-point depth of 37.5 cm is conservatively the
1963 peak, and that the inventory below the clastic unit is
comparable to regional inventory pre-dating ∼1995, indicating
that the sediments starting at the bottom of the clastic layer were
deposited by 1995 at the earliest, and that the inventory added to
the top of the core (0–20 cm) was reworked sediment deposited
since that time.

Using dates of 1963 for 37.5 cm and 1995 for 20 cm yields
yields a vertical accretion rate of 0.54 ± 0.02 cm/year for the
interval. However, this is noticeably higher than the 210Pbxs-
calculated accumulated rate (log-linear fit with r2 of 0.989
for depth and 0.968 for mass-depth) for the same interval,
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which produces a vertical accretion rate of 0.41 cm/year, or
2.43 year/cm. Applying this accumulation rate to the material
accumulated starting at 37.5 cm (2.44 year/cm × 17.5 cm)
indicates 42.6 years of accumulation at cm 20, or the year 2005
(1963 + 42 year). Therefore, we can confidently say that the
placement of the clastic layer at and above 20 cm in the core
post-dates 1995 based on independent measurements in a nearby
region, and that internally the closest match would have occurred
circa 2005. This, of course, is the year in which Katrina passed
over the marsh.

Sedimentary Correlations
Attributing the clastic layer to Hurricane Katrina is further
supported by comparison with sedimentary parameters
documented in previously published studies. Both Reese et al.
(2008) and McKee and Cherry (2009) collected event layer
material from the Pearl River marsh within months of the
passage of Katrina, Yeager et al. (2012) extracted cores from the
marsh in 2008, and Bera et al. (2018) collected cores from St
Louis Bay, ∼25 km to the east, in 2010–2011. Reese et al. (2008)
identified the Katrina layer on the basis of clastic content and
grain size, classifying the Katrina layer as a silty or medium loam,
dominated by silts and fine-grained sands, generally with an
organic content of ∼10% or less, marking the most distinctive
dip in the LOI curve within the core. All of these characteristics
closely match those occurring in the PR102D clastic layer. Both
McKee and Cherry (2009) and Bera et al. (2018) identified
the Katrina sediments on the basis of elevated sand content,
increased grain size, heavier bulk density, and reduced levels
of organic carbon, again matching the characteristics of the
PR102D clastic layer. Yeager et al. (2012) identified the Katrina
layer based on reduced organic content. Significantly, the 210Pb
profiles of a St Louis Bay core (Bera et al., 2018), and core
PR102D are remarkably similar, both marked by unexpectedly
low values in their respective event layers, below which the values
increase to the levels occurring above the event layer, before
decreasing in the expected manner (Figure S4).

Due to these previous identifications of the Katrina layer
as a readily-recognizable stratigraphic unit, the sedimentary
and radioisotope match with the published data and our
radiochemical chronology, we feel fully justified in identifying
the clastic layer in PR102D, and by stratigraphic inference, the
corresponding layers in the other five PR short cores, as having
been deposited by Hurricane Katrina.

Published work indicates that organic material was deposited
above the event layer, beginning almost immediately post-storm,
and continuing thereafter. Reese et al. (2008) found that the
Katrina layer was overlaid by a 1–2 cm thick organic clay layer,
which they attributed to post-event settling. McKee and Cherry
(2009) studied the accumulation of overlying organic marsh
material throughout the following year(s), while, Bera et al.
(2018) describe a 4 cm organic layer above the Katrina layer from
their marsh core.

The possibility exists that Hurricanes Gustav and Isaac,
the two hurricanes that generated medium-sized storm surges,
and occurring post-Katrina in 2008 and 2012, respectively,
contributed material to the event layer. However, the description

of a capping organic layer, already 1–2 cm thick a few months
after the passage of Katrina (Reese et al., 2008), and the continued
organic accretion, documented by both Bera et al. and McKee
and Cherry, appears to eliminate this possibility, as no organic
intervals occur within the event layer. Although erosion from
either of the storms could have removed this material, this did
not seem to have occurred in the St Louis Bay cores, recovered
in 2010–2011, after the passage of Gustav in 2010. Additionally,
the smooth bell-shaped curves exhibited by the sedimentary,
geochemical and biogeochemical curves representing the event
layer argue against the identification of the layer as a mixture
of materials deposited by a series of storms. Excursions in
the biogeochemical curves, similar to, but smaller than those
occurring from 10 to 15 cm, occur at a depth of 5 cm (Figure 6),
matched by dips in the LOI curves in the top ten cm in several
cores (Figure 4)(core PR108D) may, in fact, represent these
storms. Given the distance of PR102 inland (>6 km from the
small front bay and >7.5 km from Lake Borgne), surges from
those two storms were likely not capable of leaving significant
sedimentary footprints at the site. The same is likely the case
for Hurricane Ivan, a powerful storm that crossed the Alabama
coast just beyond the 150 km radius in 2004, the year before
Katrina, with a surge height measured at 3.4 feet at Waveland,
MS (Stewart, 2004).

Erosion
Hurricanes, of course, often result in large-scale erosion of
marshes (Reed, 1990; Van de Plassche et al., 2006; Howes et al.,
2010). However, several lines of evidence suggest that erosion
was minimal at our sites, especially PR102. Large unsprouted
seeds and grass rhizomes were found just below the bottom of
the Katrina layer (Figure S1) in several cores. As it seems likely
that the smothering of such seeds and especially rhizomes only
affected the near surface zone; seeds and rhizomes deeply buried
in the soil should have either sprouted or rotted, suggesting that
significant amounts of surface material was not removed. The
relative paucity of organic material in the event sediments (8% in
the center of the layer, which may include post-depositional root
intrusion) (McKee and Cherry, 2009) suggests that little organic
material was entrained in the storm surge, at least at this location,
Additionally, as within the event layer itself, the smooth form of
several of the analytic curves, especially the biogeochemical ones
(Figure 6) beginning from ∼20 cm to the bottom of the event
layer suggest the completeness of the record (no sudden jumps
in the curves). It is possible that the attenuation of wave energy
due to the distance inland and the thick vegetation cover at the
site (current conditions shown in Figure S5) prevented erosion
of the surface sediments, with the main sedimentary effect at the
site being burial.

Sediment Provenance
Elemental Concentration
Given the importance of the elevational effects of storm-
deposited materials effects on the long-term viability of a marsh,
it is important to determine the origin of the material. Along
the northern Gulf of Mexico, storm-generation vertical accretion
often results from the re-deposition of material eroded from
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TABLE 3 | Storm data for tropical cyclones passing within 150 km of the study site after hurricane strength or above since 1963.

Name Station Date Pressure

(mb)

Wind speed

(kts)

Designation Storm surge

(Location) (Height) (Reference)

Betsy Seaward 9/10/1952 941 135 H4 Bay St. Louis, MS 7 feeet above normal Sugg, 1966

Closest 9/11/1952 948 90 H2 Pascagoula, MS 7.4 feeet above mean low

water

Landward 9/12/1952 965 65 H1 – –

Bob Seaward 7/11/1979 986 65 H1 Rigolets, LA 3.8 feet Hebert, 1980

Closest 7/11/1979 992 40 TS Bay St. Louis 5.0 feet above normal

Landward 7/12/1979 998 30 TD Gulfport, MS 6.3 feet

Camille Seaward 8/18/1969 N/A 140 H5 Pass Christian, MS 24.6 feet Simpson et al., 1970

Closest 8/18/1969 900 150 H5 Ocean Springs, MS 15 feet

Landward 8/18/1969 N/A 115 H4 – –

Cindy Seaward 7/6/2005 994 50 TS Rigolets, LA 4.7 feet above normal Beven et al., 2008

Closest 7/6/2005 995 45 TS Gulfport, MS 5.5 feet above normal

Landward 7/6/2005 998 40 TS – –

Danny Seaward 7/17/1997 989 65 H1 Rigolets, LA 1.01m above NGVD Rappaport, 1998

Closest 7/18/1997 990 70 H1 – –

Landward 7/18/1997 988 70 H1 – –

Elena Seaward 9/2/1985 959 100 H3 Ocean Springs, MS 2.4m above normal Case, 1986

Closest 9/2/1985 959 100 H3 Harrison County CD, MS 1.8m above normal

Landward 9/2/1985 990 60 TS – –

Florence Seaward 9/10/1988 984 70 H1 Rigolets, LA 0.9m above normal Lawrence and Gross, 1989

Closest 9/10/1988 988 60 TS Pass Christian, MS 1.6m above normal

Landward 9/10/1988 998 30 TD – –

Frederic Seaward 9/13/1979 946 115 H4 Gulfport, MS 3.0 feet above mean sea

level

Hebert, 1980

Closest 9/13/1979 955 95 H2 Pearlington, MS 3.3 feet above mean sea

level

Landward 9/13/1979 975 65 H1 – –

Georges Seaward 9/28/1998 964 90 H2 Pass Christian, MS 2.0m above normal Pasch et al., 2001

Closest 9/28/1998 964 90 H2 Bay St Louis, MS 1.8m above normal

Landward 9/28/1998 984 65 H1 Lake Borgne-Bayou

Bienvenu, LA

2.3m above normal

Gustav Seaward 9/1/2008 955 95 H2 Lake Borgne-Bayou Dupre,

LA

9.50 feet above normal

(estimated)

Brown et al., 2010

Closest 9/1/2008 954 95 H2 Rigolets, LA 5.0 feet above normal

(estimated)

Landward 9/1/2008 958 85 H2 Waveland, MS 9.89 feet above normal

Isaac Seaward 8/29/2012 968 65 H1 Hancock County, MS 9–11 feet above normal Berg, 2013

Closest 8/29/2012 973 60 TS Pearl River, Highway 90, LA 9.3 feet above NGVD

Landward 8/30/2012 977 55 TS – –

Katrina Seaward 8/29/2005 923 110 H3 Pass Christian, MS 27.8 feet above normal Knabb et al., 2005

Closest 8/29/2005 928 105 H3 – –

Landward 8/29/2005 948 80 H1 – –
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the edges of the marsh (either ocean and/or river edges) onto
the marsh surface (Goodbred, 1994; Goodbred and Hine, 1995;
Barras, 2006; Törnqvist et al., 2007; Turner et al., 2007). In such
cases vertical accretion results from landward translation and
likely represents net loss.

We have applied PCA analysis to the elemental concentrations
of core PR102D in order to elucidate the question of sediment
provenance, with the biplot of the first two principle components
(which together account for 81.3% of the variability) providing
a means of examining the relationship between chemical
composition of the sediments and core depth (Figure 8). Core
PR102D can be divided into three stratigraphic units; the pre-
storm organic material from 40 to 16 cm, the clastic Katrina
layer from 15 to 10 cm, and the post-event organic layer from
9 cm to the surface. The drivers of the first component, which
explains 59.8% of the variability, are high concentrations of
Ti, K, Fe, Sr, and Ca (high scores) and Br (low scores). All
samples from both the top and bottom organic units, having
low component scores, cluster to the left on the biplot, while
the high-score event samples lie to the right. High scores for the
second component, which accounts for 21.5% of the variability,
are associated with large concentrations of Cl and S, while low
sores are associated with higher concentrations of Br and Ca.
Because Cl and S are marine indicators, higher concentrations
can be used to indicate increased marine influence (Goff et al.,
2012; Liu et al., 2014; Bianchette et al., 2017; McCloskey et al.,
2018a). Notably, there is a large movement in the direction of
S and Cl at the interface between the underlying organics and
the bottom of the event layer (from 17 to 15 cm). By the middle
of the layer (11, 12 cm) the elemental concentrations (Figure 7)
and PCA biplot (Figure 9) indicate large concentrations of Ti, K,
Fe, Sr, and Ca and decreasing concentrations of S and Cl. The
shift back to organics at the top of the event layer (from 10 to
9 cm) is marked by a movement toward Br and away from Ti,
K, Fe, Sr, and Ca, nearly the reverse of the shift from organics
to clastics at the bottom of the event layer. This strong near
mirror-image shift in sample position on the biplot occurs across
the transect (Figure S6). This not only highlights the anomalous,
(allochthonous) nature of the clastic layer, but the movements
along the Cl and S vectors at the initiation of deposition strongly
suggests a marine source. This is further supported by the event
layer’s low Br/Cl ratio (Figure 7), which estimates the relative
strength of fresh and marine input, (lower values corresponding
to increased marine influence) (Liu et al., 2014; McCloskey et al.,
2018a).

Extending the analysis to include the surface sample data
and additional cores provides information in regard to sediment
provenance (Figure 10). The combined biplots (surface and core
data) are nearly identical in terms of both the strength and
direction of the defining vectors and the amount of explained
variability (76.1, 75.6, and 70.4% respectively) for PR102D,
PR108D, and PR112D. In all three cores, the first component
sample scores are positively related to the concentrations of Co,
Zn, Fe, Cr, Pb, V, Zr, Rb, Sr, Ca, and K and negatively related
to the concentration of Br. Second component sample scores
are positively related to the concentration of Mn and negatively
related to the concentrations of and S and Cl. Samples from the

organic sections of the cores cluster with the marsh samples in
the second and third quadrants of the biplots, while the event
layer samples group with the estuarine samples in the first and
fourth quadrants. These patterns are evident across the transect,
suggesting that thematerial deposited byHurricane Katrinamore
closely resembles material from the river bed/estuarine bottom
than from the marsh surface. Subtler affinities can also be noted.
The first component scores for the bottom samples collected
in the open water of Lake Borgne (PR08, PR09) (Figure 10)
are much higher than the event layer samples scores, which
plot closer to the riverbed samples. This suggests that the
event material more closely resemble sediments from the river
channel than from the open water. Second component scores are
generally lower for the event layer samples than for even the open
water estuarine samples. Because low values on this component
are correlated with high S and Cl concentrations, this possibly
marks the sediments as more saline than the Lake Borgne
samples. Given that the salinity in the open Gulf of Mexico
(∼36 ppt) (http://www.ncddc.noaa.gov/website/DataAtlas/atlas.
htm?plate=Salinity%20-%20Mean), is higher than at PR09 (17.
9 ppt), our farthest offshore sample, this suggests a possible
association with offshore waters.

The marsh and river/estuarine environments appear to
have contrasting sources of sediments (Figures 2, 3). For the
estuarine samples the concentrations of nearly all elements
increase downstream, while TOC, TN and the TOC/TN ratio
decrease, suggesting that the source of the inorganic estuarine
material is offshore and the source of the organic material
is terrestrial. The increase in downstream δ

15N values for the
estuarine samples likely results from remineralization as nitrogen
moves up the food chain. For the marsh samples, elemental
concentrations generally decrease downstream, suggesting a
terrestrial source of inorganic sediments, likely delivered by
fluvial flooding. The exception is Cl, likely derived from marine
waters. The high TOC/TN observed throughout the marsh
sites (12.2–24.7), especially downstream (15.9–24.7) favor a
downstream transition from a C3-dominated environment
to one with organic contributions from either C4 plants or
phytoplankton (Cloern et al., 2002), in agreement with the
general vegetation gradient observed in the field (decrease in
freshwater woody plants and increase in salt-tolerant grasses).
These results suggest that the estuarine and marsh sedimentation
systems normally operate separately, with the marsh receiving
little clastic input from marine sources under normal
conditions.

The overlap between the TOC/TN, d13C, and d15N values
for the marsh and estuarine samples, combined with their
sometimes anti-phase spatial relationship, complicates the use of
the biogeochemical data as a means of determining provenance.
Although the TOC and TN values in the event samples closely
resemble estuarine material (while varying markedly from the
marsh samples), the δ

13C, δ
15N values and TOC/TN ratios are

ambiguous. The PCA biplot of the surface sample and core
data (Figure 11) suggests that the event layer samples, although
loosely grouped with estuarine samples, likely contains marsh
material as well. However, this organic material may result from
the post-depositional intrusion of roots as plants recolonize the
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FIGURE 9 | PCA biplot of concentrations of selected elements for core PR102D. Samples from the light brown clastic interval (red dots) plot apart from the organic

material that comprises underlying (blue dots) and overlying (yellow dots) material, due primarily to increased concentrations of Ti, K, Fe, Sr, Ca, Cl, and S, and

decreased concentrations of Br. Arrows mark the vector movement at the bottom (blue) and top (red) of the clastic interval. Numbers indicate the depth of the median

point of each sample.

FIGURE 10 | PCA of concentrations of selected elements. PCA biplots for surface samples and cores PR102D, PR108D and PR112D. Note the similarity in

ordination space between (1) the elemental concentrations of samples from the clastic layer in cores (red dots) and the estuarine surface samples (black dots), and (2)

samples from the organic layer in cores (yellow and blue dots) and the marsh surface samples (green dots). Data from the west-east marsh transect samples are

included in the biplots.
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FIGURE 11 | Biogeochemical (carbon and nitrogen) profiles and associated PCA biplots for core PR102D and surface samples. Surface sample data are arranged

spatially, as in Figure 2. Similar TOC and TN values drive the grouping of the estuarine samples with the core clastic layer samples in quadrants 3 and 4, and the

marsh samples with the samples from the organic intervals on the core in quadrants 1 and 2 on the PCA biplot. Data from the west-east marsh transect samples are

included in the biplot.

FIGURE 12 | Cartoon of theoretical control exerted by geologic framework over marsh accretion. The bottom displays the potential effect of excessive

hurricane-generated overwash deposits on marsh growth in locations lacking fluvial input (Stagg and Mendelssohn, 2010, 2011; Walters and Kirwan, 2016). In this

scenario the increase in platform elevation reduces the hydroperiod enough to prohibit the recovery and regrowth of marsh vegetation. The location remains barren

until sea level rises sufficiently to increase hydroperiods beyond the minimum threshold. This process is irrelevant in incised river valleys where fluvial systems with

large hydraulic heads can continue to inundate the marsh platform despite thick hurricane-generated overwash deposits (top).

surface, with McKee and Cherry (2009) documenting 25 g/m2 of
root accumulation in the storm layer.

We suggest that the sedimentary, biogeochemical and
elemental evidence all indicate that the intermediate unit is
allochthonous, composed of large-grained clastic sediments
sourced from the river channels or the adjacent estuary.

Combining this information allows us to develop a rather
detailed picture of both the deposited material itself and
the associated depositional processes. The sediment itself
is visually distinct. It is a gray sandy mud, with high

concentrations of S, Cl, K, Ti, V, Cr, Mn, Fe, Co, Zn, Rb,
Sr, and Zr, and low levels of Br heavier δ13C and δ15N
isotopes, and lower TOC, TN, and TOC/TN ratios. The
material, although primarily consisting of material resuspended
from the nearshore estuarine bottom and/river channels
includes low concentrations of marsh material, some of
which may have been introduced post-depositionally. The
transporting mechanism was the storm surge associated with
Hurricane Katrina, possibly including an open marine water
component.
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Biogeochemical Effects of the Event Layer
As with the elemental and sedimentary data, core PR102D
can be divided vertically into three distinct units based on
the biogeochemical profiles (Figure 6). The upper and lower
biogeochemical units are quite similar with respect to TOC and
TN concentration. However, the δ

13C signature is quite different
in the top and bottom sections of the core, with the upper marsh
resembling the intermediate clastic unit (Figure 6). Although
microbial processing of the organic carbon during burial could
explain the difference, the effect is thought to be small (Khan
et al., 2015). The dissimilarity between the δ

13C of the modern
marsh and underlying marsh may result frommechanical and/or
chemical causes. The TOC, TN, 210Pb, and 40K (probably
representing clay concentration) profiles all show evidence of
mixing (gradual secular change), perhaps indicating that the
clastic deposit was originally thicker and that sediment has been
vertically reworked, probably through bioturbation. Under this
scenario, the heavier δ

13C signature in the near-surface material
merely reflects the vertical diffusion of the event layer material.
Another possibility is that significant change in the biological
assemblage occurred at this site, as occurred in Louisiana
marshes following Hurricane Andrew (1992) (Guntenspergen
et al., 1995). These changes could be driven either by the vagaries
of vegetative recolonization, or as a result of altered edaphic
conditions, as the mineral sediment likely increased soil aeration
and the availability of essential nutrients. Whatever the cause of
the altered isotopic signature, the marsh quickly re-established,
and, as evidenced by increasing TOC and TN values, began
to again accumulate organic matter, with the allochthonous
material driving increased production, as occurred at the adjacent
site where standing live biomass and the accretion rates both
increased relative to pre-storm values (McKee and Cherry, 2009).

Accretion Rates
The depth of the Hurricane Katrina layer provides a means
of directly determining the accretion that occurred in the 10
years between the passage of the storm (August 2005) and the
extraction of the cores (September 2015). The top of the Katrina
layer occurs at depths of 7, 9, 10, 10, 12, and 13 cm in the six
cores, or an average of 10 cm, yielding an average accretion rate
of ∼1 cm/year, reduced to 0.8 to 0.9 cm/year if the overlying
1–2 cm thick organic clay layer, representing post-event settling
(Reese et al., 2008) is attributed to the storm. If the Katrina layer
itself is included, average accretion since 2005 is 1.4 cm/year,
as the bottom of the layer occur at an average depth of 14 cm.
The postmodern radiocarbon date (>1950 AD) at 75 cm from
our long core PR102R yields a minimum accretion rate of 1.15
cm/year for the last 65 years, while the 137Cs profile for PR102D,
which indicates that the oldest possible date at 37.5 cm is 1963,
produces a minimum accretion rate of 0.71 cm/year. Accretion
rates from a transect of cores extracted in 2008 within a few
100m of PR102D are between 0.4 and 0.7 cm/year (Yeager
et al., 2012). Together these rates narrowly bracket the accretion
rates recorded from the five Coastwide Reference Monitoring
System (CRMS) (Figure S7) stations situated in the Pearl River
marsh (https://lacoast.gov/crms/), which range from 0.56 to 1.28
cm/year (Table S2).

Although these accumulation rates are above the rate of local
relative sea level rise (0.47 cm/year at New Canal, La; and
0.41 cm/year at Bay Waveland, MS) (http://tidesandcurrents.
noaa.gov/sltrends/sltrends.html), this does not insure that the
Pearl River marsh will maintain its elevation above sea level.
Accretion does not directly correspond to surface elevation
increase, as subsidence can lower the platform upon which the
marsh is accreting. As a result, even marshes with extremely
high accretion rates can experience submergence under rapid
subsidence (Nyman et al., 1993). Because CRMS station use a rod
surface elevation table (RSET), driven to refusal in the underlying
substrate (below the marsh sediments), to measure both surface
elevation changes and accretion rates, shallow subsidence rates
can be calculated. (See Figure S7, or Stagg et al., 2013 for detailed
explanation of CRMS operational processes). These records show
that all five Pearl River CRMS stations display positive surface
elevation changes, with accretion rates surpassing subsidence
rates (Table S2). Submerged vulnerability index (SVI) values
are also calculated for each station. Index values, based on
the relationship between surface elevation change, measured
water level and sea level rise rates, project the vulnerability
of submergence for each site. Values range from 0 to 100,
representing the percentage of time each site will be above water
level during the following five years. All of the Pearl River
sites have high SVI values, indicating a high probability for the
continued existence of the marsh.

The sustainability of the marsh at our site has been aided
by the sediments deposited by Hurricane Katrina. Beyond the
immediate benefit of increased surface elevation, the addition
of such elements as Fe and Mn may aid plant growth over a
longer period (Gambrell and Patrick, 1978; McKee and Cherry,
2009). If, as our evidence indicates, this material originated in
the river/estuarine bottom, this represents a net gain at our site,
as this material would otherwise never have entered the marsh
platform. As a marsh as a whole, the overall net gain/loss depends
on the balance between deposition and erosion, which we have
not assessed, and which will, of course, vary between storms.

Recent Acceleration of Accretion Rates
This high potential for the long-term survival of the Pearl
River marsh is driven by the high current accretion rates.
However, we find that long-term sedimentation rates are as
much as an order of magnitude lower than current accumulation
rates. Sedimentation rates were calculated for both a published
core (Li-1994) extracted ∼600m from PR102 by Li (1994),
covering the period from ∼200 to 6700 calendar year before
present (BP) and the long core PR102R, with dated material
extending to >5,000 BP. Plotting the PR102R data with the
postmodern date of 1950AD as the surface level, the chronologies
for the two cores are nearly identical (Figure S8), indicating
strong replicability/validity of the data. Sedimentation rates were
calculated between each set of radiocarbon dates for both cores.
These rates range from 0.06 to 0.25 cm/year, with an overall
average of 0.11 cm/year for Li-1994, and from 0.9 to 0.11 cm/year,
with an overall average of 0.10 cm/year for PR102R.

Several possible explanations for the large discrepancy
between modern and long-term rates exist. Lithologic changes,
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reflecting significant changes in the depositional environment,
can result in vastly different sedimentation rates. However this
does not explain the high modern rates for these cores. Although
the gross lithologic change from clay to peat occurs at ∼ 450 cm
in Li-1994, the sedimentation rate decreases immediately above
that point„ with the core’s lowest rate (0.06 cm/year) occurring
in the organic section from ∼1100 to 200 BP. The same clay to
peat transition occurs ∼ 215 cm depth in PR102R, with a rate of
0.10 cm/year between that point (median date 1,275 BP) and the
postmodern sample.

Anthropogenic activities (deforestation, land clearing,
urbanization, construction, etc.) can increase sediment delivery
to downstream sites. However, the impact of these processes,
although unquantified by us, are likely minor at our site as
the Pearl River basin remains relatively undeveloped; 58%
is forested and 12% is wetlands, with only 25% agricultural
and 2% urban/suburban (Ward et al., 2005). Agricultural
activity, through the release of fertilizer, can potentially increase
productivity downstream, thereby leading to an uptick in organic
accumulation rates. However, the δ

15N profile suggests that this
is not occurring here, as the δ

15N value for the marsh sites,
especially PR100, the most upstream site, and therefore the most
likely to be affected by agricultural runoff, has δ

15N values higher
than those associated with commercial fertilizers, which typically
fall within a narrow range around 0, with 80% measuring
between −2 and 2‰ (Bateman and Kelly, 2007). However,
the level and direction of fractionation by the macrophytes is
unknown. In any event, the 33,000-acre Ross Barnett Reservoir
upstream of the East/West River split has likely reduced both
sediment and nutrient supply to the marsh since its construction
in the 1960s (Cooper and Knight, 1985).

Growth faults (coast-parallel-extensional faults at continental
margins), may have contributed to the increased rate by
increasing accommodation space. But, not only has the growth
fault adjacent to PR102D been active for at least the last 3,700
years, the recorded slip rates (0.1 cm/year over the last 1,300
years, and 0.02 cm/year over the last 3,700 years) (Yeager et al.,
2012) are too low to significantly drive the acceleration of
the accretion rate. Autocompaction, the reduction in sediment
volume resulting from the weight of the overlying material, is
another possible explanation for the low sedimentation rates in
the lower sections of the cores. This also seems insufficient to
explain the rate changes, as autocompaction rates are generally
on the order of∼0.01–0.06 cm/year (Horton and Shennan, 2009;
Brain et al., 2012), with higher rates occurring where thick clastic
layers compress the underlying peat (Törnqvist et al., 2008),
which is the reverse of the Pearl River stratigraphy. Applying
the correction for autocompaction (following the procedures of
Bird et al., 2004), to PR102R only increases the overall accretion
rate from 0.10 to 0.13. Due to the lack of detailed lithologic
information we were not able to perform autocompaction
corrections for Li-1994.

These mitigating processes, even combined, are insufficient to
explain the largemodern jump in accretion rates, which has likely
occurred fairly recently. Both our study and that by Yeager et al.
(2012), found that accretion rates were higher when calculated
from the ∼50 year 137Cs chronology than when calculated
from the ∼100 year 210Pb chronology, perhaps indicating rate

accelerating within very recent times. For PR102R, there has been
a notable increase in accretion rates during the last century with
rates of 0.1 to 0.13 cm/year for the period 1,275 BP to early/mid
Twentieth century, 0.41 to 0.71 cm/year for mid to late Twentieth
century, and > 1 cm/y since roughly the start of the Twenty-First
century.

The geologic framework of the Pearl River valley offers
a possible explanation for the recent increase in accretion
rates. This hypothesis is based on the idea that rising sea
levels, combined with high riverine discharge, have increased
hydroperiods across the marsh, resulting in lusher vegetation
(Nyman et al., 2006), increased biomass and rapid organic
deposition. Elevated sea levels have driven increased marine
flooding across the marsh, with, due to the lateral topographic
constraints and the large hydrological head, no decrease
in freshwater flooding from the Pearl River. This bimodal
inundation increases marsh accretion in a number of ways.
Inorganic deposition is increased due to delivery of mineral
sediments from both the up- and down-stream sources, while
flocculation spikes as a result of the increased mixing of fresh
and marine waters. Plant growth is encouraged by increased
hydroperiods, with the fluvial input eliminating/reducing
hypersaline conditions.

This hydrological framework is especially important as it
relates to the effects of large storms. Studies (Stagg and
Mendelssohn, 2010, 2011;Walters and Kirwan, 2016) have shown
that thick clastic deposition can negatively affect marsh vegetative
growth by reducing hydroperiods. While this is an important
control on accretion in marshes located along the open coast, it
is irrelevant in incised river valleys such as Pearl River. Fluvial
input, and therefore, sufficient soil moisture, will continue in such
locations despite large increases in marsh surface elevations, due
to the hydrologic head associated with continental watersheds. In
such areas, unlike fringing marshes with little or no fluvial input,
vertical accretion resulting from the reestablishment, growth and
deposition of organic material can continue unabated even after
the deposition of thick storm layers. A diagram depicting this
process is displayed in Figure 12.

It is likely that similar conditions exist within the numerous
incised river valleys intersecting the northern Gulf of Mexico.
These sedimentological and hydrological parameters, which
differ significantly from those occurring in the more commonly
studied fringing coastal marshes, likely result in a unique set
of responses to sea level rise. This emphasizes the need to
better understand the processes controlling marsh development
for such environments and further refine sea-level acceleration
thresholds that can result in baywide backstepping (e.g.,
Rodriguez et al., 2010; Simms and Rodriguez, 2014, 2015).
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Saltmarshes are biogeomorphic ecosystems comprising halophytic plant communities

typically located on low energy temperate coasts. Their distribution and structure are

controlled by several key drivers, including sediment supply, type of vegetation, elevation,

and local hydrodynamics. These dynamic systems are highly vulnerable and estimated

to be experiencing annual losses of 1–2% globally. Past restoration efforts have largely

implemented managed realignment strategies, however, examples of, and research

on, conservation initiatives employing direct transplantation of saltmarsh vegetation

into damaged or receding saltmarsh stands is less common. Here an example of

transplantation restoration was investigated to understand its influence on sediment

dynamics. Sediment settlement, deposition, and accretion rates of natural and restored

vegetation (Bolboschoenus maritimus) and adjacent bare mudflats in a small estuary

system were studied across consecutive seasons from summer 2015 to spring 2016 to

examine the success of transplantation. Natural areas of B. maritimus were shown to be

most effective at retaining deposited material, although experiencing the least amount

of deposition (an average of 48 g/m2 per day), accreting by nearly 7.5mm over the

experimental period. Mudflat areas experienced the most deposition (an average of 322

g/m2 per day) whilst exhibiting the greatest erosion over the study, a decrease in level of

6mm. Restored areas experience similar rates of deposition as their natural counterparts,

however, did not retain this material as efficiently, presenting an erosion of 1.6mm. The

study indicates certain biogeomorphic processes have been altered within the restored

area and beginning to reflect those of the natural area. However, the restored vegetation

does not yet fully match the functionality of the natural B. maritimus stand, specifically

where the natural stand displayed a net accretion of material the restored area did not.

Such discrepancies may impact on the continued survival of the restoration site, which

may have implications for the potential of transplanting to deliver ecosystem services,

such as climate change mitigation through carbon burial.

Keywords: saltmarsh, sediment deposition, accretion, seasonal, restoration

INTRODUCTION

Saltmarshes are biogeomorphic intertidal ecosystems (Thorne et al., 2014; Schwarz et al., 2015,
2018; Baptist et al., 2016) comprised of halophytic plant communities (Burd, 1989) typically located
in the low energy zones of temperate coasts (Allen and Pye, 1992). The current global extent of
saltmarsh are estimated to be 54,951 km2 (Mcowen et al., 2017). The location of these coastal
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systems within intertidal zones produces a wide range of
ecosystem services of value to society (Barbier et al., 2011;
Beaumont et al., 2014; Costanza et al., 2014) and the natural
world. Benefits such as, the provision of biodiversity, coastal
protection (Costanza et al., 2008) through wave attenuation
(Koch et al., 2009), the reduction of hard engineered defense
costs (King and Lester, 1995) and climate change mitigation
through sequestration and storage of carbon (Chmura et al.,
2003; Donato et al., 2011; McLeod et al., 2011; Fourqurean et al.,
2012; Burden et al., 2013).

However, coastal wetlands are, globally, among the most
vulnerable and threatened ecosystems (Boorman, 2003; Craft
et al., 2009; McLeod et al., 2011). Annually, it is estimated
between 0.7 and 7% (McLeod et al., 2011) of intertidal wetlands
are lost, of which saltmarshes experience 1 to 2% of loss (Duarte
et al., 2008). Losses are driven by various factors, including
direct anthropogenic influences, such as coastal development and
altered sediment budgets (Boorman, 2003), and changing abiotic
factors, such as relative sea-level rise (RSLR) which threatens
to drown vegetation (Thorne et al., 2014; Crosby et al., 2016),
where increased RSLR threatens to overcome plant tolerances to
inundation in the absence of capacity to accrete on an existing
marsh platform. However, it is possible accretion could keep pace
or exceed RSLR (Reed et al., 1999; Craft et al., 2009; Kirwan et al.,
2016) or landward retreat is possible (Schuerch et al., 2018). The
loss of these habitats reduces their natural capital assets value and
the beneficial services they deliver, as such investment in their
conservation should be desired.

The restoration of saltmarshes has historically been achieved
through managed realignment. The intentional flooding of
previously claimed coastal areas comes with associated conflicts
and risks; such as the loss of productive (valuable) land.
Various approaches have been employed to facilitate realignment,
including managed tidal regimes (Maris et al., 2007; Masselink
et al., 2017), channel network design (Zeff, 1999), and sediment
subsidization (Schrift et al., 2008). The continued development
of restoration strategies to achieve a diverse range of efficient
and economical approaches is crucial. The success of all
restoration approaches requires a thorough understanding of the
biogeomorphic feedbacks, such as between vegetation, sediment
and tidal flow, which govern the development and persistence of
a marsh area.

Saltmarsh systems are highly dynamic being controlled and
influenced by a variety of abiotic (e.g., elevation, tidal flow,
sediment supply) and biotic (e.g., vegetation structure, stem
density) factors (van Proosdij et al., 2006). The interplay between
these factors produce feedbacks which determine the state of the
saltmarsh ecosystem at a given point in time—be that a steady-
state dynamic equilibrium, or erosional or accreting condition
(Baptist et al., 2016); ultimately this balance determine a marshes
persistence or not, contributing to their vulnerability. A major
factor in this interaction is sediment supply (van Proosdij
et al., 2006), namely the erosion-accretion balance. Sediment
deposition is governed by the complex interaction between the
availability of sediment and the opportunity for this sediment
to be deposited (van Proosdij et al., 2006); the interaction of
these variables is worthy of further investigation, specifically the

effects on sediment deposition resulting from restoration. Coastal
vegetation such as mangroves, seagrasses, and saltmarshes
encourage deposition to occur (Bos et al., 2007; Chen et al., 2007)
by increasing surface roughness and slowing water flow due to
presence of stems and leaves (Boorman, 2003; Bouma et al., 2005;
Koch et al., 2009;Mudd et al., 2010; Potouroglou et al., 2017), they
also decrease sediment resuspension (Boorman et al., 1998). The
erosion-deposition balance is an important ecosystem function
that determines the elevation of the marsh platform, facilitating
successional development. Pioneer vegetation alters the erosion-
deposition balance, through increased surface roughness and
interception of suspended sediment particles, which encourages
the vertical growth of the marsh platform within the tidal
frame. The increased diversity of succession (Boorman, 2003)
is typically associated with increases in structural complexity
and feedbacks (Kirwan and Megonigal, 2013); through increased
surface roughness encouraging accretion and lifting of the marsh
platform allowing further plant species to colonize.

Restoration can be approached through direct transplanting of
a local species (Sullivan, 2001) onto available mudflat or degraded
saltmarsh areas, utilizing the “natural” process associated with
pioneer establishment and development by altering the erosion-
deposition balance. This encourages the spread of new swards
and confers protection to existing marshes, relying upon natural
lateral and vertical expansion following plantation. Direct
transplanting is realistically achievable at a limited scale due to its
labor-intensive process. However, transplanting regimes offer the
opportunity to (re)vegetate areas of the existing intertidal zone,
thus minimizing land-use conflict. The aim of restoration is to
produce an ecologically functional area that replicates the natural
system and helps to promote the health of an ecosystem under
recognized threat. Such restoration through transplantation
has taken place since the start of the millennium on the
Eden Estuary (east coast of Scotland; Maynard, 2014). Here,
Bolboschoenus maritimus plants are harvested from donor stands
within the estuary and transplanted onto selected restoration
sites (Maynard, 2014).

Here, we compare the potential sedimentation opportunity
(quantity of sediment settling out of suspension) with actual
sediment deposition and the resulting net elevation change
(accretion); capturing tidal and seasonal influence on this
relationship. The aim of the study was to assess if successful
restoration activities display altered sediment processes then
the adjacent un-vegetated mudflat, and further compare how
the current processes differ with existing natural saltmarsh
extents. It is hypothesized that, (1) restored areas will experience
enhanced deposition than adjacent bare mudflats and (2) areas
of vegetation, both natural and restored, will experience greater
accretion than bare mudflats.

MATERIALS AND METHODS

Field Location and Sampling Sites
The Eden Estuary (56◦21′52′′N, 2◦50′27′′W) is a small mesotidal
pocket estuary on the east coast of Scotland, located between the
larger Firth of Forth to the south and the Tay estuary to the north,
and is situated within the Firth of Tay and Eden Estuary SAC
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FIGURE 1 | The north shore of the Eden Estuary, Scotland. The green polygon delineates the full extent of the “Natural” saltmarsh, an area of 450 m2, made up of a

robust bed of B. maritimus. The blue polygon delineates the extent of the “Restored” area, a total of 100 m2, consisting of a planted mono-specific stand of

B. maritimus. The “Mudflat” area consisted of the entire adjacent fringing edge running along the coast between the extreme ends of the natural and restored

vegetated areas. The yellow points are the location of permanent sampling points.

and SPA, it is also designated as a SSSI, Ramsar site and Local
Nature Reserve. The sedimentary composition with the estuary is
dominated by particles classified as “fine sand” (125 and 250µm)
on the Wentworth scale (Wentworth, 1922), typically ranging
between 150 and 200 µm.

The saltmarshes of the estuary are currently in an unfavorable
condition due to coastal erosion and the pressure of extensive
coastal defenses (SNH, 2011). Restoration efforts have been
implemented to mitigate this degradation and since 2000,
Maynard (2014) has been utilizing a “direct transplantation”
approach. B. maritimus plants were harvested from donor
marshes within the estuary and transplanted onto selected bare
upper mudflat sites to encourage the spread of existing marsh as
well as produce new swards. In the present study, four permanent
sampling points were established in three area types (natural
marsh, restored marsh, and natural mudflat; n = 12, referred
to hence as “natural,” “restored,” and “mudflat”) to study the
sediment dynamics therein (Figure 1). The study was conducted
on the north shore of the estuary, within a confined extent,
spanning ∼400m. The “natural” area comprised a robust dense
mono-specific stand of B. maritimus, at an average elevation of
1.64m, occupying the upper tidal limits of the intertidal zone.
The “restored” area consisted of a mono-specific stand of well-
established B. maritimus which was planted in 2010 at an average
elevation of 1.76m. The “mudflat” area was an unvegetated
area running adjacent to the coast between the two extreme
extents of the vegetated areas, at an average elevation of 1.22m.
Tidal inundation was calculated for each area from its known
elevation (acquired by relative carrier phase positioning—Leica
VIVA GS10 which has 5mm horizontal error and 10mm vertical
error, using < 2 km baseline) and tide gauge data, contributed
by the British Oceanographic Data Center (Leith−55◦ 59.39′N,
3◦ 10.902′W).

Sampling Design
Sediment deposition and settlement were sampled on 16
occasions over a year period, on each occasion sampling took

place at 12 permanent points. Sampling was carried out four
times in each season; in summer from 16th to 23rd August
2015, autumn from 13th to 20th November 2015, winter from
10th to 17th February 2016 and spring from 23rd to 30th May
2016. The four sampling occasions in each season spanned
across a spring to neap tidal change, beginning on a spring
tide. On each occasion, sediment deposition and settlement
traps were deployed during low tide and remained exposed
for two flood tide events, after which they were retrieved.
The next sampling occasion took place the following day at
low tide, this was repeated four times each season. Sediment
elevation measurements were taken once per season, following
the sediment deposition and settlement sampling.

Sampling aimed to capture information on the sediment
regime within the study area, where; sediment deposition was
actual deposits onto the sediment surface during a sampling
period, sediment settlement was the potential amount of
sediment which could be deposited during a sampling period
and accretion is the expression of the deposition-erosion balance
evaluated through measurement of surface elevation change.

Sediment Deposition Measurement
Deposited sediment was measured using a “sediment trap” as
described by Reed (1989), quantifying the passive deposition of
material onto the surface of a pre-dry weighted, small pore sized
(3–5µm), paper filter disc; paper dried for 24 h at ∼60◦C. The
study used a custom designed two-part plastic retaining system
(Figure 2) to enhance filter paper retention and facilitate retrieval
with minimal risk of sample disturbance. Traps used a 110mm
filter disc placed between 5mm thick PVC base and a 0.25mm
thick acrylic retention ring with a 90mm diameter opening
(Figure 2). These were secured into the sediment with four
100mm nails through corner holes. Following a 24 h exposure
period, the complete trap was collected, and filter paper removed
in the laboratory. Hydrobia sp. were occasionally present on the
traps, these were removed using fine forceps, ensuring maximal
retention of sediment. Papers were rinsed with distilled water to
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FIGURE 2 | Top left - the deposit trap; upper light gray retention ring holds the

filter paper onto the solid dark gray base plate. Four nails are pushed through

the corners, affixing to the sediment. Top right - showing trap pre-deployment

with filter paper installed. Bottom - showing trap in-situ post exposure with

many Hydrobiid snails.

remove salt since initial testing indicated that the presence of
salt prevented “ash-less” combustion of the filter paper. Rinsing
was completed in two stages; with a first 100ml wash, followed
by a further 50ml rinse. The filter papers and sediment were
transferred to a dried, weighed and labeled aluminum foil dish
(57mm diameter x 13mm deep); further distilled water rinsing
ensured full sample transfer.

Sediment Settlement Measurement
Potential sediment for deposition was quantified as the material
settling out of suspension during a sampling period, quantified
using traps originally designed to measure larval settlement
(Todd et al., 2006). Traps were ∼300mm tall, internally-baffled,
tubes with a convex conical top and 10mm aperture. At each
sample point, a 300 by 68mm pipe section was sunk into
the sediment, leaving ∼50mm above of the surface (Figure 3).
The settlement traps were filled with filtered sea water in the
laboratory and affixed with cable ties into the support tubes with
the collective aperture positioned 100mm above the sediment
surface (Figure 3). This placement and design was chosen to
reduce disturbance of local hydrodynamics (Nolte et al., 2013),
though the low height of the trap and uniform curved surface
of the support cage, whilst minimizing the chance of colleting

FIGURE 3 | The settlement trap with internal baffles and conical opening. The

column is attached to a backing plate (black). In the field this was placed into

the sediment, sitting within the illustrated support tube.

resuspended material; thus providing information on sediments
settling toward the sediment surface.

Post exposure, tubes were collected and processed in the
laboratory. Samples were emptied, by removal of the screw-
on base. Traps were flushed with distilled water to remove
material retained on baffles. Sediment settlement samples were
centrifuged at 3,000 rpm for 15min and sea water removed using
a MORVAC filter pump. The samples were washed twice with
distilled water as described above. Once washed, samples were
transferred to dried, weighed and labeled aluminum dishes.

Sediment Dry Weight and Organic Content
Prepared deposit and settlement samples were dried for a
minimum of 24 h at ∼60◦C to remove moisture. Dried samples
were placed into a desiccator to cool and then weighed; sediment
weight was calculated by removal of aluminum dish weight, and
filter paper for deposit samples. Organic content was measured
by Loss on Ignition (LOI). Samples were ashed in amuffle furnace
at 450◦C for 6 h, again samples were placed in a desiccator to cool
then weighed; remaining sediment weight calculated by removal
of aluminum boat weight, for deposit samples it was assumed the
filter paper had been fully combusted.

Bed Height Measurements—SEB
Accretion rate was quantified using a modified Sedimentation
Erosion Bar (SEB) (van Wijnen and Bakker, 2001; Nolte et al.,
2013), which is based on the Surface Elevation Table as described
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by Boumans and Day (1993). Two 10mm reinforced steel bars
were sunk 1m into the sediment 1.3m apart, ∼300mm above
of the surface. The “bar” was a 1.35m long, 35mm wide, 18mm
deep metal bar with holes aligned to fit the rods. Along the
length of the bar, 11 equally spaced holes provide consistent
measurement points. A “mm” graduated rodwas used tomeasure
the distance from the top of the bar to the sediment surface.
During measurement trampling near the SEB was avoided so
elevation change due natural processes alone were measured.

Elevation to Deposition Conversion
The possible amount of sediment (gain or loss) which could
be expected to result in the measured change in sediment
elevation was calculated. To estimate the equivalent sediment
weight associated with the change in elevation a conversion was
applied using surface layer bulk density values for the study
area; vegetated area = 1.45 g/cm3 and mudflat = 1.30 g/cm3

(unpublished data, Taylor., 2017). The conversion assumed that
the measured elevation change at each sampling point was
representative of a 1 m2, applying the bulk density and elevation
change to this area provided an estimate of sediment gained
or lost.

Statistical Analysis
Data were analyzed using correlation, linear regression, and
analysis of variance (ANOVA) tests to compare relationship
between area types and the measured factors and analyses the
drivers behind the measured factors.

Tidal inundation period differences between in each area were
assessed using linear regression. The influence of tidal inundation
on sediment deposition and settlement were then assessed using
linear regression.

Correlation between all sediment deposition and settlement
quantities at each sampling point for each sampling occasion
were assessed. Linear regression was then used to assess how
settlement rates and area type influenced measured sediment
deposition quantity. The correlation between organic matter
content and deposited quantity and settlement quantity were
assessed for each sampling point on each sampling occasion.

Further assessment was then made toward understanding
deposition rates in the study. ANOVA was used to compare
deposition rates found in each area across the study, with Tukey’s
HSD post-hoc analysis employed to evaluate differences. ANOVA
was then used to assess the influence of both area type and season
on deposition.

Variables were log10 transformed where statistical tests
outcomes breached the required assumptions, primarily non-
normal distribution of test residuals. Deposition and settlement
data were standardized to a 1 m2 area, corrected from their 63.62
and 0.78 cm2, respectively.

RESULTS

Inundation Period
Over the sampling period there was a significant difference in
estimated inundation time between the sites; total inundation
times over the sampling period (16 sampling occasions) were,

natural ≈ 116 ± 0.43 h, restored ≈ 109 ± 0.45 h, and mudflat
≈ 156± 0.24 h [F(2, 188)= 24.87, P < 0.001].

Tidal Inundation Effect on Deposition and

Settlement
The influence of tidal inundation on the availability of potential
sediment for deposition, as measured using the settlement tubes,
was compared across the year. The dry weight of sediment
and the inundation time for each point was examined to
assess the relationship between these variables. Linear regression
demonstrated a significant relationship (p < 0.001) between
inundation period and the amount of settled sediment (r2 =

0.23). There was an average sediment settlement rate of 1.35 g per
hour of inundation/m2.

Deposition rates were also compared against tidal inundation
period, again assessing the total dry weight of sediment deposited
and the total inundation period for each sampling point. A linear
regression analysis showed there to be a significant relationship
(p < 0.001, r2 = 0.17), as found with settlement rate. There
was an average sediment deposition rate of 1.01 g per hour
of inundation/m2.

Sediment Deposition and Settlement Rates
In some instances, the sediment deposited on the filter papers was
below the level of detection (39 of 512 samples, 7.6%), and these
were assigned a zero-deposition value. One deposit trap of the
194 deployed was lost during the study, due to interference by a
wading bird.

There was a significant positive correlation between potential
deposition (sediment settlement) and deposited material (rs =
0.672, p < 0.001). To account for possible sampling area effects
(i.e., 1 cm diameter aperture vs. 9 cm diameter filter paper)
data were standardized to 1 m2, averaged in each area type
across each sampling occasion (n = 48). These standardized
data displayed a similar significant positive correlation between
potential (sediment settlement) and deposited material (rs =

0.759, p< 0.001), where deposition explained 55% of the variance
[F(1, 46) = 58.57, p < 0.0001], with the relationship (log)deposited
sediment weight per m2

= −3.65 + 0.9851∗(log)settlement weight
per m2.

This significant relationship between potential deposition and
deposited material holds true within each area (Figure 4). A
linear regression model assessed the influence of the interaction
of settlement quantity, areas type and season on deposition
[F(23, 24) = 5.345, p < 0.0001], which explained 68% of the
variance in deposition; the significant interaction in the model
was season:area type (p = 0.0028). Across seasons and areas, on
average, more material was deposited on traps than collected in
settling columns. An average difference of 0.16 g (115% more),
0.13 g (33% more), and 1.44 g (239% more) for natural, restored
and mudflat areas was found, respectively.

When assessing the organic content (%) of deposits against the
total amount of deposited sediment (dry weight, g) there was a
weak positive correlation (rs = 0.195, p = 0.0068), however, for
the amount of sediment caught (dry weight, g) in settlement traps
there was a strong negative correlation with organic content (%)
(rs =−0.48, p< 0.001). The percentage of organic matter present
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FIGURE 4 | Sediment settlement and deposit dry weights across seasons for

each area, corrected to 1 m2 equivalent, each point is averaged value of single

sampling occasion. (A) Natural (green), (B) Restored (blue), (C) Mudflat

(brown). Displaying linear regression trend line and equations for each area,

significance codes: 0 “***”, 0.001 “**”.

in sediment deposits differed between area and season (Figure 5).
The natural area of B. maritimus had consistently higher organic
content in deposited material than either the restored area or
mudflat. The restored area although presenting lower organic
content values than the natural vegetation, was generally greater
than the adjacent mudflat, with an annual percentage average
difference of nearly 3%. All areas displayed the same relationship
with the seasons, organic content declining from a peak in
summer through to winter then increasing again in spring.

Deposition Rates in Different Areas and

Seasons
The rates of deposition measured between areas were
significantly different [ANOVA F(2, 189) = 16.67, p < 0.001]

FIGURE 5 | Percentage organic matter content measured in each area for

each season. Colors represent natural area (green), restored area (blue) and

the mudflat (brown). Boxes show inter-quartile range (IQR), horizontal line is

the mean and whiskers extend to largest observation less than or equal to 1.5

* IQR beyond box limit.

(Figure 6). Tukey’s HSD indicated significant differences
between deposition rates over the mudflat and natural area (diff.
= 3.27, p < 0.001) and mudflat and restored vegetation (diff. =
2.87, p < 0.001). There was no significant difference between
natural and restored area deposition rates (p = 0.792). Overall
sediment deposition rates between seasons were found to be
significantly different [F(3, 187) = 7.99, p < 0.001]. However,
a Tukey’s HSD indicated that the only significant differences
occur between spring and autumn (diff. = −2.30, p = 0.0019)
and spring and winter (diff. = −2.68, p = 0.00108); all other
comparisons between seasons did not significantly differ in their
sediment deposition rates.

The influence of area type and season on deposition rates were
assessed together to understand which of these factors was most
influential in terms of sediment deposition rates. An ANOVA
of deposition rate with season and area type (as independent
variables) explained 34% of the variance in deposition rates
measured [F(11, 179) = 8.31, p < 0.001]. The natural stand
typically exhibited significantly different deposition rates across
seasons (summer p = 0.021, autumn p = 0.030, spring p =

0.009). The restored site shows significant differences in spring
(p < 0.001) and winter (p = 0.001), and mudflat areas were
significantly different in autumn (p= 0.012).

Comparison of Sediment Elevation

Changes
The natural area was the only area which displayed a net
positive elevation change during the study (Figure 7), an average
of 7.5mm increase. The restored and mudflat areas both
experienced a net lowering in elevation of 1.6 and 6.0mm,
respectively (Figure 7). Measured elevation changes highlighted
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FIGURE 6 | Averaged sediment deposition (dry weight in grams) quantities

measured in each area during each season. The average in each area was

calculated from samples collected at four points on four occasions (n = 16 per

area). Letters show significant differences between sediment deposition across

each area and season. Colors represent natural area (green), restored area

(blue), and the mudflat (brown).

a discontinuity between rates of deposition and accretion.
A comparison of potential total dry weight depositional
accumulation and converted elevation changes to equivalent
sediment weights shows large differences between potential
accretion and actual retention (Table 1). There was a pronounced
difference between vegetated and mudflat areas in terms of
sediment retention during the study. Mudflats attracted over
four times more deposition than the vegetated zones, though
mudflat rate of loss was greater than for both vegetated areas
(Table 1). The natural areas experienced the least potential
accretion input (lowest measured deposition rate) (Figure 6) but
retained more material (reduced erosion rates) than other areas;
retaining an estimated 6.3% of deposited material (Table 1). A
comparison of the calculated difference between an assumed
constant-deposition-no-erosion and converted actual elevation
change shows areas of vegetation to be more similar than the un-
vegetated mudflat area, which displayed the greatest difference of
an estimated 118 kg/m2 discrepancy over the study (Table 1).

DISCUSSION

Saltmarsh restoration and conservation is of increasing
importance under the present threat of loss and increasing future
risk (Boorman, 2003; Craft et al., 2009; McLeod et al., 2011).
The restoration of saltmarsh areas through direct transplanting
offers possible opportunities to diversify conservation initiatives

FIGURE 7 | Average changes in sediment elevation between seasons

measured in each of the study areas; Natural = green, Restored = blue, and

Mudflat = brown. Four Sediment Elevation Bar (SEB) in each area were

measured once per season, each SEB consisted of 11 measurments, data

shown is average change across each area. Standard error bars taken from

across measurments at each site in each season.

TABLE 1 | Estimate of sediment deposition dry weight taken from deposition rate

data (assuming a constant accretion and full sediment retention) and actual

elevation change (applying a bulk density conversion to generate a dry weight)

and the difference in assumed constant deposited accretion and actual

accumulation rates.

Area Deposition total

(kg/m2)

Calculated

retention (kg/m2)

Difference

(kg/m2)

Natural 17.39 1.09 −16.3

Restored 29.17 −0.23 −29.4

Mudflat 117.39 −0.78 −118.2

beyond typical managed realignment projects. This study shows
that restored marshes have the potential to trap sediment
as effectively as natural analogs, however restored marshes
failed to retain that sediment sufficiently to raise elevation at
equivalent rates to natural marshes by the end of the study. It
was hypothesized that restored areas would experience enhanced
deposition over the adjacent bare mudflat, however, the study
showed that this was not the case, with both vegetated (natural
and restored) areas experiencing less sediment deposition than
the mudflat. It was further hypothesized that the vegetated areas
would experience greater rates of accretion, which is partly
correct, with the only increase in elevation found in the natural
area and the restored area experiencing less elevation loss than
the mudflat. The study took advantage of a valuable opportunity
to study the effects of saltmarsh restoration as compared to its
natural donor marsh within a relatively spatially discreet area.
The study was restricted to the estuarine area where restoration
and natural stands were present, ideally exposed to similar
environmental conditions. However, this restriction limited site
availability, so preventing site-level replication and resulting in
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the mudflat being ∼40 cm lower than the vegetated areas which
may influence the sediment dynamics studied; these limitations
are acknowledged but are not considered to undermine the value
of this comparative study.

Deposition and Elevation Trends
Rates of deposition within vegetated areas (both natural and
restored) were shown to be lower than those measured on the
mudflat (Figure 6). The similar deposition rates of the restored
and natural areas suggest that, although higher in the tidal
frame and so experiencing different tidal inundation, the restored
area was functionally similar from the perspective of deposition
rates and the organic content of deposits. This study focused
on deposition onto the sediment platform, but it is possible
that sediment intercepted and retained by vegetative structures
eventually enhance overall sediment surface deposition and
accretion, which is not purposefully measured here. Over the
study period the natural stand of vegetation showed an increased
sediment elevation (Figure 7), showing a consistent trend of
accretion, with the mudflat displaying the greatest loss in
elevation of 6.0mm (Figure 7); highlighting a discontinuity
between deposition rates and the resulting changes in sediment
elevation. The studied restored area was well-established and
appears to be persisting, but does not appear to have achieved
the same sediment retention capacity, possibly a result of the
limited size of the sward so reducing the conferred protection
to sediment resuspension or a product of its different exposure
within the tidal frame. However, the study indicates the restored
area has shifted from the more dynamic state of the adjacent
mudflats (Bouma et al., 2016), which experienced significantly
greater deposition and the greatest net erosion. Vegetated areas
were shown to be accretionary or substantially less erosional than
the unvegetated mudflat area. The restored site, which previously
is assumed to closely reflect the bare mudflat condition, now
occupies a “middle ground” between the dynamic mudflat and
the accretional natural vegetation.

Settlement, Deposition, and

Erosion/Accretion Relationships
Analysis suggests that area type has limited influence over
the settlement-deposition relationship, as indicated by the
similar regression relationships for each area; perhaps driven
by broader scale forces, such as tidal flow. The two vegetated
areas show that higher proportions of the “potential sediment”
supply are deposited at any given time point. The slightly
lower explained variance in the natural area suggests different
factors could influence the relationship between potential
deposition and realized deposition in this area. It is likely that
characteristics such as elevation (flood height) and vegetative
structure should be considered in understanding the settlement-
deposition relationship. The link between settlement (potential
deposition) and actual deposition is one factor which can
influence the persistence saltmarsh system; however, this
study suggests that resulting accretion rates could play a
greater role.

The deposition-erosion balance reported in the restored area
differs from that of the local natural area, such that there was a

net loss of material over the study, a trend which may have the
greatest adverse effect on the persistence of the restored area.
If the trend of elevation loss recorded in this short-term study
reflect that of the continued long-term situation of the marsh
area, coupled with RSLR, could leave such areas vulnerable to
drowning. It will be important to monitor these interactions
and feedbacks and assess how these alter as the restoration
matures and expands laterally. The differing mechanisms behind
sediment accretion acting within the natural and restored area
are not readily revealed by this study. Investigation into drivers
of sediment retention in each of the areas studied could
facilitate improved restoration approaches, to deliver resilient
sites which maintain themselves within a tidal frame; such as
tidal range (inundation frequency) (van Wijnen and Bakker,
2001; Mudd et al., 2009; Kirwan et al., 2010), suspended
sediment concentrations (Kirwan et al., 2010), and elevation
(Crooks et al., 2002).

Organic Matter Input Trends
The data suggested there is little input of organic matter into
this benthic system via settling sediment, where the suspended
load seems dominated by material lower in organic content,
however, the organic content of deposited material was higher.
This proportionally greater organic matter content measured
in deposits indicates the depositional processes favored the
retention of organic matter relative to the potential deposition
material. In the case of the natural area, where higher
organic content coupled with net vertical accretion, there is
potential for such vegetated intertidal areas to act as sites of
carbon burial. The study showed the restored area to also
retain higher quantities of organic matter in deposits, though
experienced a net loss in elevation. If the development of the
restored area led to the net accretion of sediment, this would
likely deliver ecosystem services, such as carbon sequestration
(Burden et al., 2013).

The seasonal relationship with organic matter highlights the
possible importance of allochthonous material in the estuary.
In the “growing” months of summer and spring there is a
larger quantity of organic matter being deposited in all areas;
likely a result of increased organic matter availability from plant
growth, both within the estuary and from alluvial-terrestrial
inputs. However, the change between the seasons is far greater in
the vegetated areas, with a maximum difference of 14.2% in the
natural area and 10.3% in the restored area; compared to a 2.7%
change on the mudflat. This variance illustrates the functional
capacity of vegetative structures, which encourage the deposition
and retention of finer organic particles through flow retardation.
This characteristic may a provide crucial feedback mechanism
as the restored area continues to develop, increasing the organic
content of the sediment bed during critical growth phases and so
enhancing growth capacity.

CONCLUSION

It is not yet clear how the current sedimentary interactions
will affect the long-term survival and evolution of this site,
specifically the persistence of the restored area. Although
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the data suggests the site of restoration is experiencing
a different biogeomorphic situation compared to the bare
mudflat, which is assumed to reflect its previous state, this
situation does not yet mirror its natural counterpart. This
study illustrates the subtleties of saltmarsh development and
feedbacks, highlighting the importance of site selection in
restoration activities. The “established” appearance of the
restored planted saltmarsh disguises its possible vulnerability in
dynamic sedimentary interactions leading to net erosion across
the site.

The high cost/effort to size ratio of direct planting makes
it important to minimize the risks of failure of any project
through a continued improvement of our understanding of
interactions between vegetation and sediment resulting from
restoration (Maynard, 2014). This study has highlighted the
possible vulnerability of restored areas, which may visually
appear established, but whose processes do not indicate a
robust ecosystem; specifically, net elevation loss during the
study. The delay for restoration to achieve comparable ecological
functionality to natural areas is important to consider when
carrying out restoration projects and may require additional
effort once established to ensure their persistence; for example,
increased planting effort to continue natural expansion. Such
information could advance approaches and maximize the
delivery of conservation objectives which are crucial to prevent
the loss of these systems.
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Coastal wetlands are significant sources of methane in the atmosphere, but emissions

in these ecosystems are still poorly quantified, as in situ data are limited. In this

study, we present the first assessment of spatio-temporal changes in air-water CH4

fluxes in the salt marshes of the Doñana wetlands (SW Spain), one of the most

emblematic protected areas in Europe, due to its high biotic diversity and unique

importance for aquatic wildfowl. The marshes are flooded by estuarine waters from the

adjacent Guadalquivir River by tidal intrusion, which influences aquatic CH4 dynamics

by changing salinity and water chemistry which affects sedimentary methanogenesis.

During sixteen samplings, conducted between March 2016 and March 2018, surface

water CH4 concentrations were measured using static-head space equilibration gas

chromatography in seven sites representing salt marshes located in the land strip

close to the estuary. Because of meteorological conditions and tide variations, salinity

markedly changed across the salt marshes, although sites located closer to the river

mouth could be categorized as polyhaline marshes whereas upstream sites formed a

group of mesohaline marshes. The CH4 saturation range was 252–36,735% (average

5,170%) and 374–620,007% (average 31,541%) in polyhaline and mesohaline marshes,

respectively, suggesting the inhibitory effect of sulfate on methanogenesis, although a

linear trend between dissolved CH4 concentration and salinity was not observed. In

contrast, water temperature and chlorophyll a were significantly and positively correlated

with methane, indicating sedimentary methanogenesis control by temperature, and

organic matter availability boosted by primary productivity. This does not exclude the

possibility that some CH4 might also come from estuarine inputs. Air-water CH4 fluxes

ranged from 2.6 to 720 µmol m−2d−1 (average 104 µmol m−2 d−1) in the polyhaline

marshes and from 5.6 to 12,715 µmol m−2d−1 (average 637 µmol m−2 d−1) in the

mesohaline marshes, with higher emissions measured during the summer months in all

sites. Even though the strongest environmental drivers of dissolved CH4 accumulation
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seemed to be temperature and productivity, the spatio-temporal patterns observed

suggest that methane dynamics in the Doñana salt marshes are controlled by a mosaic

of processes rather than by a single environmental force.

Keywords: Doñana, methane, saltmarshes, emissions, Guadalquivir estuary

INTRODUCTION

Wetlands are the largest global source of the potent greenhouse
gas methane, with an estimated annual emission to the
atmosphere of 160–210 Tg (Kirschke et al., 2013). In fact,
the increase in atmospheric methane concentration measured
over the last decade is partially attributed to the rise in the
emissions from tropical wetlands, in response to positive rainfall
anomalies (Nisbet et al., 2016). If this type of biogenic source
continues to grow, the expected rise in atmospheric methane
concentration will be beyond the largest events recorded during
the last millennium (Nisbet et al., 2016). Therefore, because of
their relevant role in the global methane budget, wetlands, and
inland waters are likely to drive the methane climate feedback
from natural settings in the coming century (Dean et al., 2018).
Measuring methane fluxes in these environments is therefore
essential to accurately constrain the global methane budget and to
understand feedback to the climate system (Kirschke et al., 2013;
Dean et al., 2018).

In aquatic systems, methane is mainly generated microbially
in anoxic sediments and escapes to the overlying water column
where it can be oxidized, thereby reducing the amount of
methane that eventually reaches the atmosphere (Dean et al.,
2018 and references therein). In estuarine systems CH4 can also
be oxidized in the sediment via anaerobic methane oxidation
coupled with sulfate reduction (Barnes and Goldberg, 1976;
Borges and Abril, 2011).

Particularly in wetlands, air-water CH4 fluxes are affected by
several environmental variables, such as the water table level,
temperature, and salinity. The water table directly influences
methane release through its effect on vascular plant species
(Sun et al., 2013) and the redox potential (Yang, 2013). Low
temperature negatively affects methane emissions, as both
organic matter oxidation and plant photosynthesis decrease in
response to reduced temperature (Ding and Cai, 2007). Similarly,
high salinity reduces methane generation, as sulfate reducing
bacteria compit with methanogens for substrate (Bartlett et al.,
1987; Poffenbarger et al., 2011). Therefore, CH4 emissions are
routinely higher in freshwater wetlands and inland waters in
comparison with coastal salt marshes and mangroves (Ding and
Cai, 2007; Sun et al., 2013; Tong et al., 2013). Nevertheless,
the influence of salinity on methane production is complicated
by local conditions, and methane release in saline marshes still
persists despite the inhibitory effects of sulfate (Weston et al.,
2011). In addition, site-specific conditions are usually quite
variable in coastal wetlands, especially in temperate regions,
resulting in a large spatio-temporal heterogeneity of methane
fluxes in these ecosystems (Poffenbarger et al., 2011). Therefore,
because coastal wetland types vary in methane release and
controlling processes, they need to be considered individually

FIGURE 1 | Location of the Doñana salt marshes and sampling sites.

to yield reliable estimates of global wetland methane emissions
(Turetsky et al., 2014) and to assess the potential evolution with
the advent of environmental stressors.

As a contribution to the Frontiers Research Topic Structure,
Functioning, and Conservation of Coastal Wetlands, we report
a data set obtained in the salt marshes of the Doñana National
Park (DNP, Figure 1) during a number of samplings conducted
between March 2016 and March 2018, of biogeochemical
variables related to CH4 production pathways in aquatic systems.
Located at the mouth of the Guadalquivir River estuary (South
Western Iberian Peninsula, Figure 1), the ecosystem complex
jointly formed by the Doñana salt marshes and the estuary covers
a surface of 3,560 km2, representing the largest coastal wetland
in Southern Europe. In particular, DNP (Ramsar Site since 1982
and UNESCO World Heritage Site since 1995) is considered the
most relevant sanctuary for migratory birds in Western Europe
(Cížková et al., 2013), as it hosts more than 500,000 waterfowl
each year during winter and also includes globally threatened
water bird species.

Historically, the Doñana salt marshes were flooded by
estuarine waters. However, in April 1998, a massive toxic
spill from storage ponds at the Aznalcollar mine reached the
Guadiamar River (the major tributary of the Guadalquivir) and
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2,650 ha of land adjacent to DNP became contaminated (Taggart
et al., 2006). The release of toxic sludge led to the construction of
dykes and floodgates in order to protect the marshes against the
advance of the contaminated tailings. These prevention actions
completely isolated the marshland and impeded any connection
with their main draining fluvial basin. Therefore, over almost
two decades, hydrology in the Doñana wetlandsmostly depended
on the annual rainfall regime, small streams situated in the
northern side of the Park (e.g., La Rocina, Figure 1) and to a
lesser extent, groundwater from the Almonte-Marismas aquifer
(Olías et al., 2008). As a result, inundation cycles in themarshland
became highly variable (Díaz-Delgado et al., 2016; Huertas et al.,
2017). The scientific community and policy-makers designed
an ambitious restoration program, the so called Doñana 2005,
aimed at restoring partial connectivity between the estuary and
the marshes and since 2014, estuarine waters have inundated the
Doñana salt marshes again.

Prior to connection, biogeochemistry in aquatic systems of
the DNP was examined in relation to the patterns of the
variable hydrological cycle occurring in the region (Morris
et al., 2013; Huertas et al., 2017). Under wet cycles, prolonged
flooding resulted in a marked heterotrophy and a significant
CO2 outgassing (Morris et al., 2013) whereas during dry-
normal hydrological cycles, air-water CO2 fluxes decreased,
with permanent floodplains and ponds of the marshland even
behaving as mild sinks for atmospheric CO2 for short periods
(Huertas et al., 2017). Alternatively, aquaculture lagoons with
man-managed water supply from the estuary continuously
behaved as carbon sinks, which highlighted the importance
of water management in the Doñana, not only for wetland
conservation, but also for its role in the atmospheric CO2

exchange. Nevertheless, regardless of the hydroperiod, net
primary production of the surrounding terrestrial vegetation
largely offset aquatic CO2 effluxes and hence, considering the net
ecosystem exchange, the Doñana wetlands were categorized as a
large carbon sequestrator (Huertas et al., 2017).

In contrast, previous studies have identified the Guadalquivir
estuary as a potent CO2 source in the atmosphere (de la Paz
et al., 2007; Flecha et al., 2015). Higher CO2 emissions are
mainly associated to the net heterotrophy occurring upstream
of the estuary which is less influenced by the tidal intrusion
(salinity <5 psu) and characterized by a considerable turbidity,
which leads to a strong CO2 supersaturation (Flecha et al., 2015).
Recent work has also shown that the estuary functions as a
small CH4 emitter and as a moderate N2O source, with the
trace gas dynamics being highly dependent on the tidal-fluvial
interaction (Huertas et al., 2018).

To our knowledge, no previous assessment of methane
dynamics in the Doñana marshland has been performed, neither
during the period of isolation from the estuary, nor after restoring
connectivity. The aim of our study was therefore to provide a
general description of the current methane dynamics in the salt
marshes. Our findings can be used as a base-line to evaluate
future trends in response to changes in hydrology, related to
direct human management interventions (control of estuarine
inputs through dykes and floodgates), or those associated to
climate change (draft, sea level rise).

MATERIALS AND METHODS

Sampling Sites and Strategy
Samples were taken at seven sites (Figure 1) that represent
salt marshes inundated by the Guadalquivir estuary during
the 16 field campaigns conducted between March 2016 and
March 2018. Sites were selected to account for the salinity
gradient present in the estuary, which can range from 34 psu
in the river mouth down to near 0 psu in the upper limit of
the land strip adjacent to the riverside considered in our study
(Huertas et al., 2018). Vegetation in the marshes is characterized
by pioneer halophilous species like Sarcocornia fruticosa,
Halimione portulacoides (Chenopodiaceae), and Limoniastrum
monopetalum (Plumbaginaceae) (García-Murillo et al., 2014).
During the monitoring period, we also identified Arthrocnemum
macrostachyum, Plantago coronopus, Cotula coronopifolia,
Taraxacum spp, Centaurium pulchellum, Polypogon maritimus,
and Juncus sp., although plant biodiversity exhibited a marked
spatio-temporal variability, which is higher during spring periods
(Romagnoli, 2018).

All samplings were carried out when the estuary was under the
influence of spring and rising tides. Some studies in marshes and
other coastal wetlands, such as mangroves, have shown that there
is a strong tidal signal in CH4 and water chemistry (Call et al.,
2015). Our sampling design might therefore have affected gas
dynamics, as sample collection occurred along with the net water
flux into the system. However, those tidal conditions ensured
overflow in the mudflat and the presence of a significant water
level (a minimum water height of 0.1m) allowing sampling,
which was conducted on foot. This strategy may have also
had implications for gas distribution due to sediment dynamics
disturbance. Nonetheless, it was the only way to access the
flooded marshes in certain sites. Considering this caveat, we tried
to minimize sediment disturbance as much as possible.

The floodplain is highly variable depending on annual rainfall
(Huertas et al., 2017), and is also presently affected by the
estuarine intrusion, that in turn is controlled by the tide
amplitude. In fact, water levels were too low for sampling
during the summer months and early fall. Therefore, data are
not available for all sites during the dry season, and temporal
variability of aquatic parameters has been examined between
periods in which measurements could be performed.

Even though surface water coverage in the marshland
changes temporarily, the mudflat is a relatively shallow system.
Considering past and current records of wind speed in the area
and the average depth of the water column, the Richardson
number was calculated, which indicated that at each site,
the flooded area was a well-mixed water body (not shown).
Due to mixing conditions, methane levels measured at each
sampling station were assumed to be representative of each
inundated zone.

In all sites, conductivity, temperature and pH (National
Bureau of Standards, NBS scale) were obtained with a
Yellow Spring (YSI Incorporate) portable multiparameter probe
YS6820v2. The pH probe was calibrated before samplings
using the United States National Bureau of Standards buffer
solutions (4 and 7). Discrete surface water samples were taken
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to determine dissolved CH4 concentrations and the rest of the
aquatic biogeochemical variables considered in our study such
as chlorophyll (Chl a), dissolved oxygen (DO), total alkalinity
(TA), inorganic nutrients (NH+

4 , NO
−

2 , NO
−

3 , PO
3−
4 , and SiO4−

4 ),
dissolved organic carbon (DOC), total dissolved nitrogen (TDN),
and suspended particulate matter (TSM).

Data
Meteorology
Hourly measurements of rainfall (mm), air temperature (◦C),
humidity and wind speed at height z (uz, m s−1) were
obtained from a meteorological station located in Lebrija
(36◦ 58′ 35′′ N, 06◦ 07′ 34′′ W) which is situated 20 Kms
south east of S3 and belongs to the Junta de Andalucía
network (www.juntadeandalucia.es/agriculturaypesca/ifapa/ria/
servlet/FrontController).

Aquatic Biogeochemical Variables
Samples for CH4 measurements were collected in duplicate
120mL serum vials, poisoned with HgCl2, sealed and stored
upside down in the dark. Analysis was performed by static-
head space equilibration gas chromatography (GC) using an
Agilent 7890 GC, equipped with a Flame Ionization Detector
(FID) for CH4 (de la Paz et al., 2015). Before analysis, 20mL
of N2 headspace were added to each sample, vigorously shaken
and equilibrated for at least 12 h. The gas cromatographer
was calibrated using three different standard gas mixtures, a
certified NOAA primary standard with composition similar to
the atmosphere (1863.4 ± 0.3 ppb of CH4), and two additional
standard gas mixtures of CH4 in a N2 matrix, provided by Air
Liquide (France) with certified concentrations (3,000 and 5,000
ppb of CH4). The precision of the method estimated from the
coefficient of variation, based on replicate analysis, was 0.6%.

The response of the FID was very stable and highly lineal
for CH4 concentrations within the calibration range. Using daily
calibrations during the measurement period, a mean regression
coefficient was calculated, yielding a value of 0.9997 ± 0.0002.
For samples above the calibration range, linearity was assumed
based on a perturbation test of the calibration equation that
gave a relative error of 0.32%. In terms of concentration, the
linearity assumption resulted in errors of 0.1 and 3 nmol l−1 for
CH4 concentrations of 50 nmol and 1,000 nmol l−1, respectively,
which allowed considering that the uncertainty associated with
the measurements was not significant in the overall database.

Saturation values expressed as percentage (%) of CH4 were
computed as the ratio between the gas concentration measured
and the calculated equilibrium concentration for the gas. The
equilibrium concentration of CH4 was calculated using the
solubility expression proposed by (Wiesenburg and Guinasso,
1979) and the annual averaged atmospheric mixing ratio CH4

(×CH4atm) at the nearest station, provided by the World Data
Center for Greenhouse Gases (http://ds.data.jma.go.jp/gmd/
wdcgg). As CH4 data at the nearest station were not available for
the entire study period, a constant value of 1,866 ppb was used,
which corresponds to the last annual averaged value available
for 2015.

Chl a analysis was performed by filtering known volumes of
water through Whatman GF/F glass fiber filters, dipping in 90%
acetone overnight in the dark, and measuring by fluorometry
using a Turner Designs 10-AU Model fluorometer that was
calibrated with a pure standard from Anacystis nidulans (Sigma
Chemical Company). DO concentrations were determined by
the Winkler method through potentiometric titration using a
Metrohm 794 Titroprocessor. Saturation values of DO were
calculated according to Benson and Krause (1984) and the
Apparent Oxygen Utilization (AOU) was estimated as the
difference between the oxygen concentration at saturation and
that measured in the samples. Samples for TA determinations
were collected in borosilicate bottles (500ml) preserved with
100 µl of a HgCl2 saturated aqueous solution and stored
until their analysis in the laboratory by titration according to
Mintrop et al. (2000). Accuracy (±5 µmolkg−1) was regularly
checked by measurements of Certificate Reference Material
provided by Prof. Andrew Dickson, the Scripps Institution of
Oceanography, La Jolla, CA, USA (Batch 147). Partial pressure
of CO2 (pCO2) was calculated from TA and pHNBS applying
the CO2SYS.xls program (Lewis et al., 1998), with the Cai and
Wang (1998) and Dickson (1990) constants for carbon and
sulfate, respectively. The propagated error for pCO2 data was
±3%, using an estimated error for pH measurements of ±0.01
pH units, ±2 µmolkg−1 for TA measurements and ±0.1◦C
for temperature.

Inorganic nutrients were obtained from filtered (Whatman
GF/F glass fiber filters) and frozen (−20◦C) water samples (5mL)
that were measured in a Continuous FlowAnalyzer, following the
protocols described by (Grasshoff et al., 1983). DOC and TDN
concentrations were obtained with a Shimadzu TOC-VCPH
analyzer, by catalytic oxidation, at high temperature (720◦C) and
chemiluminescence, respectively, according to Álvarez-Salgado
and Miller (1998). TSM was obtained by the loss on ignition
method on known volumes of water filtered through pre-weighed
and pre-combusted 450◦C Whatman GF/F glass fiber filters,
which were subsequently desiccated at 60◦C for 48 h and totally
combusted at 450◦C during 5 h.

Air-Water CH4 Fluxes
The air-water CH4 flux (FCH4, µmol m−2 d−1) was computed as:

F = k(Cw− Ca) (1)

Where Cw and Ca are the dissolved gas concentration and
the equilibrium concentration in water, based on the molar
atmospheric ratio, and k (cm h−1) is the gas transfer rate as
a function of wind speed at 10m height, that was calculated
from k and normalized to a Schmidt number (Sc) of 600 (k600)
according to:

k = k600

√

600

Sc
(2)

Sc was obtained using the formulations given by Wanninkhof
(1992) interpolated at the in-situ salinity from the freshwater and
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seawater equations and k600 was calculated from U10 according
to Cole and Caraco (1998).

k600 = 2.07 + 0.215 U10
1.7 (3)

where U10 was calculated from uzmeasured at themeteorological
station according to Smith (1988).

We acknowledge that the empirical relationship chosen to
adjust k600 values may not be ideal for representing wind–
enhancement effects in the flooded marshes (shallow water
bodies with substantial variations in extent) but it was proven to
be suitable to compute air-water CO2 fluxes in relation to other
parameterizations (Morris et al., 2013). Nevertheless, to give an
indication of the uncertainty this choice introduces, air-water
CH4 fluxes were also predicted considering a 0.67 exponent for
the Schmidt number. Despite minor differences obtained at high
wind speeds (<10%), the mean flux remained unchanged when
annual values were averaged.

Statistics
The program language MATLAB was used to perform statistics
analysis. Probability distributions of variables were examined
through a Shapiro-Wilk test. Pearson’s product-moment
correlation (PPMC) was used to test for significant correlations
between variables. Significance levels were set at p < 0.05.

All data contained in this work are available for download
from Digital.CSIC, the Institutional Repository of the Spanish
National Research Council (CSIC), http://hdl.handle.net/10261/
173204, http://dx.doi.org/10.20350/digitalCSIC/8588).

RESULTS

Meteorological Conditions
Monthly averaged air temperature during the samplings ranged
between a minimum of about 8 and a maximum of 24.5◦C in
January 2017 and July 2017, respectively (Figure 2A). Rainfall
was quite variable during the study period (Figure 2B), typical of
the Mediterranean climatic region that is characterized by a rainy
season (usually extending from October to March) and a dry
season (from June to September) when rainfall is almost absent.
The inter-annual precipitation pattern in this geographical area
also fluctuates often, which affects the flooding regime in the
wetlands (Huertas et al., 2017). Particularly, between March 2016
and March 2018 which corresponds to 3 hydrological years
(starting 1 September 2015), total annual rainfall was 493mm
from September 2015 to August 2016, 539mm from September
2016 to August 2017 and 500mm from September 2017 toMarch
2018. These values are very close to themean annual precipitation
in the region, equivalent to 550mm (Serrano Martín et al.,
2008), thereby representing normal hydrological cycles. Monthly
averaged precipitations during the sampling period varied from
a minimum of 0mm, registered during the months of June and
September 2017, to maximum of about 150mm in spring of 2016
and 2018 and autumn 2016 (Figure 2B). The tidal coefficient at
themouth of the estuary during the sampling dates and defined as
the amplitude of the tide forecast, oscillated between 41 and 111,
as observed in January 2017 and November 2016, respectively

(Figure 2B). Monthly averaged horizontal wind velocity at 10m
above the surface ranged between 1.8 in January 2017 and 4.5m
s−1 in March 2018 with a median value of 2.5m s−1 (Figure 2C).

Biogeochemical Conditions
Water temperature during samplings oscillated between 11.4
and 32.3◦C (Figure 2A), with a clear seasonal pattern that
was similar at all sites (not shown for sites individually). The
range of variation of other aquatic biogeochemical variables is
summarized in Table 1.

Because of meteorology and tide variations, salinity markedly
changed across the marshes during the study period. It is worth
noting that the Guadalquivir estuary is a mesotidal system, in
which tidal influence can be noticeable up to 100 km upstream of
the river mouth. Nevertheless, high freshwater discharges from
an upstream dam during the rainy season interferes with the
tidal effect and causes drastic changes in salinity (Díez-Minguito
et al., 2013). Therefore, under heavy and prolonged rainfall
events, salinity along the estuary experiences large decreases,
although during the dry period (70% of the hydrological year)
low discharges regularly occur to compensate for evaporation
losses and the estuary is tidally dominated.

Consequently, salt marshes located closer to the river mouth
(S1:S4) generally had higher salinities compared to those located
on the land strip upstream of the estuary (S5:S7). With the
exception of a single value of 33.6 psu in March 2016, salinity
always remained below 5 psu in Site 7. Based on salinity, S1:S4
could be considered polyhaline tidal marshes whereas S5:S7
formed a group of oligo-mesohaline marshes. Clear variations
for most other variables were also observed in all sites during the
different samplings (Table 1).

According to Chl a, the salt marshes may be categorized
as meso to eutrophic systems, with the higher pigment
concentrations mostly found in the mesohaline sites (Table 1).
This was also the case for DOC and nutrients (PO3−

4 and DIN),
which appeared at higher levels in S5:S7. Possibly related to the
presence of high phytoplankton biomass, the flooded marshes
were always well-oxygenated, and hypoxia was not detected
during the samplings, with DO levels keeping values above 5mg
l−1 (Table 1). Results of the Pearson correlations performed
with the complete dataset of the variables measured (Table 2),
confirmed that the chlorophyll concentration was negatively and
significantly (p < 0.05) correlated with AOU and was therefore,
directly related to the dissolved oxygen concentration.

Besides direct precipitation, the only water source to the
Doñanamarshland is the adjacent estuary and thus, the increased
salinity in the flooded marshes reflected the effective entry of
estuarine waters through the tides. Salinity was significantly (p
< 0.05) and positively correlated with TSM, DOC and TDN,
indicating that the dissolved and suspended matter measured in
the marshes could partially have a fluvial origin.

Spatio-Temporal Variation in Dissolved CH4
Dissolved methane ranged between 5.7 and 12,290 nmol l−1 and
generally increased in the mesohaline marshes (S5:S7, Table 1).
The spatio-temporal variability of CH4 in all sites is shown in
Figure 3 where salinity has also been plotted. Methane values at
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FIGURE 2 | Time series plots of (A) air and water temperature, (B) monthly rainfall and tidal coefficient during the sampling date and (C) monthly mean wind velocity

at a height of 10m. Light and gray shading represent seasons.

site S1 were below 18 nmol l−1 during the entire sampling period,
except for a single value of 22 nmol l−1 observed in March 2018,
coinciding with a drop in salinity (∼4 psu) due to heavy monthly
precipitations and a moderate estuarine intrusion (marked by
the tidal coefficient) during the sampling date (Figure 2B). The
highest methane levels in this site were observed when salinity
exhibited values below 15 psu, as it occurred in May and
December of 2016, March 2017 and March 2018 (Figure 3).

In S2, CH4 was invariably higher than in S1 with a median
value of 278 nmol l−1 (Table 1 and Figure 3). A minimum of
around 50 nmol l−1 wasmeasured inMarch, April andDecember
2016 when salinity was above 14 psu. A second minimum of 100
nmol l−1 was observed in March 2018 despite the low salinity
present in the flooded marshes, which may be attributable to a
dilution effect caused by the high monthly rainfall (Figure 2B).
The maximum concentration of dissolved methane in this site
(617 nmol l−1) was detected in the summer of 2017 at a salinity
of 19 psu. Therefore, even though salinity was likely to affect
methane production, other processes were involved in CH4

dynamics in this particular sector of the marshes.

The range of variation of dissolved methane in S3 decreased
with respect to that in S2, oscillating between 13.1 and 319.3
nmol l−1 (Table 1) and with an average concentration of 104
nmol l−1. Apparent relationship with salinity was not evidenced
in this site, as maximum levels of methane were not associated
with decreased salinity and vice versa (Figure 3).

In S4, the average concentration of methane during the
sampling period was 65 nmol l−1, with a maximum value of
114 nmol l−1 found in December 2016 at a salinity of 4 psu
(Figure 3). A second maximum was also observed in March
2018 at a similar salinity. However, high CH4 concentrations
(∼90) were still measured under significant estuarine intrusions,
such as those occurring in June 2016 and May 2017 which
can be evidenced by the salinity rises (∼35 and ∼24 psu,
respectively, Figure 3).

In the mesohaline marshes (S5:S7) that were characterized by
salinities below 10, except inMarch 2016, methane concentration
clearly increased in relation to the polyhaline sites (Table 1 and
Figure 3). Average concentrations of CH4 were 338.5, 261.2, and
431.3 nmol l−1 in S5, S6, and S7, respectively. However, it must
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TABLE 1 | Range of variation of biogeochemical variables measured in Doñana saltmarshes during the samples conducted between March 2016 and March 2018.

Range of variation S1 S2 S3 S4 S5 S6 S7

Methane (nmol l−1) 5.7–22.4 46.3–675.6 13.1–319.3 12.7–113.5 33.5–12,290 10.9–2,500 9.5–3,069

Salinity 3.6–52.6 1.1–21.2 1.4–44 4.4–35.8 1.2–10.4 0.9–16.8 0.7–33.6

Chl a (µg l−1) 1–64 2–49 0.5–34 0.8–53 3.3–815 1–342 0.03–457

DO (mg l−1) 6–15 6–20 9–20 8–20 5–17 9–18 8.2–23.3

pCO2 (µatm) 62–1,003 85–3,526 0.4–225 4–1,700 202–4,427 1–665 41–1,405

pH (NBS) 8.03–9.6 7.7–8.9 8.6–10.5 7.8–9.7 7.9–9.0 8.3–10.8 7.73–9.52

DOC (mg l−1) 4.9–36.2 2.8–22.3 7.9–44.5 9.6–40.6 6.9–60.9 5.8–65.4 8.5–56.8

TDN (mg l−1) 0.4–3.1 0.8–3.9 0.6–3.7 1–3 0.7–4.9 0.4–4.7 0.5–5.6

DIN (µmol l−1) 3.4–46.1 29–339 6–142 5–67 55.3–277.1 7.8–99 1.8–369.4

PO3−
4 (µmol l−1) 0.03–3.1 0.2–4.5 0–0.8 0–0.4 0–9.3 0.16–17 0.2–8.3

TSM (mg l−1) 52–2013 29–338 18–443 39–706 24–1095 17–362 4–460

TABLE 2 | Pearson correlation matrix for biogeochemical variables measured in Doñana salt marshes.

CH4 Temp. Salinity Chl a TSM DOC TDN NH+

4
NO−

2
PO3−

4
NO−

3
pCO2 AOU

CH4 0.31* 0.05 0.46* 0.36* 0.50 0.39* 0.01 0.13 0.60 −0.06 0.00 −0.24*

Temp. 0.15 0.38* 0.24* 0.45 0.27* −0.14 −0.04 0.35* −0.13 −0.01 −0.35*

Salinity 0.01 0.38* 0.35* 0.37* −0.09 −0.06 −0.08 0.01 −0.19 −0.03

Chl a 0.45 0.63 0.51 0.01 0.17 0.72 −0.08 −0.02 −0.27*

TSM 0.43 0.42 −0.05 0.04 0.32* 0.06 0.02 0.13

DOC 0.69 0.02 0.04 0.57 −0.30* −0.16 −0.30*

TDN 0.40 0.48 0.51 0.39* −0.02 −0.20*

NH+

4 0.76* 0.07 0.22* 0.04 0.03

NO−

2 0.23* 0.42 0.15 0.02

PO3−
4 0.06 0.00 −0.16

NO−

3 0.36* 0.18

pCO2 0.59

The values were obtained with the complete database collected during the 16 samplings conducted between March 2016 and March 2018. Abbreviations are indicated in the text.

*Correlations significant at p < 0.05.

be noted that an exceptionally high methane level, equivalent
to nearly 12,300 nmol l−1, was found in S5 during July 2017,
which has been excluded of the average local computation. As
a general trend, methane concentration rose in these marshes
during the summer of 2017 when water temperatures reached
32◦C (Figure 2A).

Overall, the influence of temperature on dissolved CH4 was
observed in all sites, as the gas levels increased during the spring
and summer months, compared to the levels measured over the
winters (Figure 3). The temperature dependence was confirmed
by the significant (p<0.05) and positive correlation obtained
between this variable and CH4 (Table 2). When methane
concentration was plotted against temperature (Figure 4A),
the thermal effect on CH4 levels was especially obvious in
the mesohaline marshes, where sulfate inhibition is likely to
be suppressed.

In contrast, no statistical correlation between methane
and salinity was found (Table 2). Nonetheless, when the
relationship between the gas saturation levels in the salt
marshes and salinity was more closely examined, separately
considering the polyhaline (S1:S4) and mesohaline sites (S5:S7),
two different behaviors of CH4 dynamics and their relation

to this variable were distinguished (Figure 4B). Polyhaline
marshes were characterized by a CH4 saturation range of
252–36,735% (average 5,170%) and a scattered distribution
with salinity (Figure 4B). On the contrary, mesohaline marshes
exhibited a larger CH4 saturation range (374–620,007%,
average 31,541%) and a positive relationship with salinity was
noticeable (Figure 4B).

In order to better elucidate the effect of ecosystemmetabolism
on the dynamics of CH4 in the salt marshes, the relationship
between CH4 saturation and the oxygen availability was also
considered. As shown in Figure 4C, log10%CH4 vs. %O2

displayed a scattered distribution but a positive relationship,
indicating that high levels of CH4 were present in well-
oxygenated inundated marshes.

Moreover, dissolved CH4 concentration was shown to be
strong and significantly (p < 0.05) correlated with Chl a
(Table 2). The increase of methane with the phytoplankton
biomass was evident in both the polyhaline and mesotrophic
sites (Figure 5A) and in the mesohaline and eutrophic sites
(Figure 5B). The trend found between DOC and Chl a in
the salt marshes (Figures 5C,D) suggests that (Figures 5C,D)
organic matter in the water columnmay have originated partially
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FIGURE 3 | Temporal variation of concentration of dissolved CH4 (vertical bars) and salinity (black circles) at each of the sites between March 2016 and March 2018.

Note the Y axis scale for both parameters varies between sites. Gaps in the data represent periods when water levels were too low (<0.1m) for sampling and

therefore, no measurements were taken.

from phytoplankton productivity. Nonetheless, the fact that high
values of DOC (>10mg l−1) were still present under a low Chl a
concentration (<1.5 µg l−1) in the two groups of sites, indicate
the contribution of external sources to the organic matter content
in the marshes. Increases in organic and suspended matter
were accompanied by rises in dissolved CH4 (Figures 5E–H).
Significant and positive correlations with salinity were found
for both variables (Table 2) and between salinity and TDN,
supporting the hypothesis that estuarine inputs also contribute

to organic matter accumulation and suspended matter entry in
salt marshes.

The pCO2 levels in the marshes were also well-correlated
to the log of %CH4 and to %O2 (Figures 6A,B). pCO2 values
spanned three orders of magnitude, ranging between 0.5 and
4,427µatm in S3 and S5, respectively (Table 1). Extremely
low pCO2 levels, could be attributed to the high pH values
measured in the marshes (∼10). The inundated mudflat
remained undersaturated with respect to atmospheric CO2
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FIGURE 4 | Dissolved methane concentration vs. temperature (A), log10
percent dissolved methane saturation vs. salinity (B) and log10 percent

dissolved methane saturation vs. percent dissolved O2 saturation (C) in

polyhaline marshes (black symbols) and mesohaline marshes (open symbols)

of Doñana National Park.

(average concentration of ∼405.4µatm during the sampling
period estimated with the Mauna Loa trends, https://www.esrl.
noaa.gov/gmd/ccgg/trends/) half of the time. In particular, S3
always behaved as a sink for atmospheric CO2 (Table 2).

CH4 Emission Fluxes
CH4 emissions exhibited a marked variability during the
sampling period in all sites, varying from ∼3 µmol m−2 d−1

in site 1 in March 2016, to a maximum of ∼12,700 µmol

m−2 d−1 in site 5 in July 2017 (Figure 7). Overall, a tendency
of higher methane effluxes was observed during the summer
months, although emissions increased in themesohaline marshes
(from 5.6 to 12,715 µmol m−2d−1 ,average 637 µmol m−2 d−1)
in relation to the polyhaline marshes (from 2.6 to 720 µmol
m−2d−1, average 104 µmol m−2 d−1).

DISCUSSION

Sources of CH4 in Doñana Salt Marshes
Coastal wetlands, and particularly estuarine systems are intense
sources of CH4 to the atmosphere (Borges and Abril, 2011;
Upstill-Goddard and Barnes, 2016) where emissions are
sustained by fluvial inputs and sedimentary methanogenesis,
fueled by a high organic matter deposition (Borges et al., 2017;
Rosentreter et al., 2018a).

We recently reported a data set of dissolved CH4

concentrations in the Guadalquivir estuary transect that flooded
the Doñana salt marshes from March 2016 to March 2017
(Huertas et al., 2018). For this period, that partially encompasses
the one used in this study, the CH4 concentration ranged from
14 nmol l−1 in the river mouth (average salinity during the study
>25) to 750 nmol l−1 upstream to the limit of site 5 (average
salinity ∼5). These levels of dissolved methane corresponded to
a saturation range of 520–30,800% (average 2,285%) (Huertas
et al., 2018), which is comparable to that measured in the
Doñana polyhaline marshes (S1:S4) corresponding to 252–
36,735% (average 5,170%) but much lower than that observed
in the mesohaline marshes (374–620,007%, average 31,541%).
This indicates that even though estuarine inputs of CH4 in the
salt marshes may occur by lateral transport, through riverine
overflow, a local additional source of CH4 must contribute to
the observed high CH4 values. The methane over-saturations
and concentrations measured in Doñana fall within the range
reported in temperate estuarine systems characterized by a
salinity gradient (Upstill-Goddard and Barnes, 2016; Borges
et al., 2018b) and in mangroves (Rosentreter et al., 2018b and
references therein).

The most likely additional source of CH4 to the Doñana
tidal flat would be sedimentary methanogenesis. Warm and
waterlogged soils provide ideal conditions for methanogenesis
(Roehm, 2005). Deep standing water enriched in dissolved
organic matter and covered by plant litter creates an anaerobic
environment that triggers CH4 production (Ding and Cai,
2007), with this process being favored by temperature increases.
Our data show a direct and strong relationship between the
levels of dissolved methane, organic matter content and water
temperature, as it has been observed in other brackish coastal
wetlands (Welti et al., 2017). Methanogenesis is substantially
driven by temperature (Martin and Moseman-Valtierra, 2017)
and it is therefore the most dominant environmental driver
of CH4 emissions in wetlands (Yvon-Durocher et al., 2014)
specifically in coastal salt marshes (Abdul-Aziz et al., 2018). The
overall pattern found here therefore suggests a methanogenesis
control by temperature in the sediment, which has been
described as muddy with numerous stems and roots and scarce
micro-fauna (Ruiz et al., 2004). In addition, vegetation in the
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FIGURE 5 | Dissolved methane concentration vs. Chl a (A,B), DOC (E,F), and TSM (G,H) in polyhaline marshes (black symbols) and mesohaline marshes (open

symbols) of the Doñana National Park. The relationship between Chl a and DOC in the marshes is also shown in panels (C,D). Abbreviations are indicated in the text.
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FIGURE 6 | Dissolved carbon dioxide (pCO2) vs. dissolved methane (A) and

percent dissolved O2 saturation (B) in polyhaline marshes (black symbols) and

mesohaline marshes (open symbols) of the Doñana National Park. The dash

line is the average atmospheric pCO2 during the sampling period.

marshes may have supported a methanogens population that
could contribiute to an increase of CH4 concentrations during
warmer conditions, which has been found in Spartina dominated
wetlands (Burke et al., 2002; Abdul-Aziz et al., 2018). The
organic-matter rich sediment in conjunction with the organic
inputs from the heterotrophic Guadalquivir estuary (Flecha
et al., 2015) and those generated in situ by the phytoplankton
productivity, as indicated by the association found between
Chl a and DOC, provide optimal conditions for sedimentary
methanogenesis to proceed, with temperature acting as a major
regulating driver. The higher temperatures during the late
spring and summer months possibly resulted in increased
microbial activity and greater primary productivity (Chl a
and temperature were significantly and positively correlated),
leading to high organic inputs, sediment carbon contents,
and subsequently higher substrate availability. Large suspended
matter loads that are characteristic in the turbid Guadalquivir
River (Flecha et al., 2015) would also provide higher silt
deposition and enhance methane generation, in agreement
with what has been observed in shallow coastal areas (Borges
et al., 2017). The pattern between TSM and dissolved CH4

in the salt marshes supports this hypothesis, particularly in
the mesohaline marshes where very high levels of dissolved
methane were measured at a high Chl a concentration, DOC
content and TSM.

The couplings between pCO2, CH4, DOC, and %O2 also
indicate that the dynamics of dissolved gases in the tidal flat

were driven by the oxidation of the organic matter produced
by either phytoplankton, as described elsewhere (Borges et al.,
2017; Welti et al., 2017) or from allochthonous sources (Upstill-
Goddard et al., 2017). Here, the relationship observed between
pCO2 and CH4 is quite frequent (Borges et al., 2015, 2018a;
Rosentreter et al., 2018b) and denotes a common source and
similar production dynamics, as both gases are produced through
organic matter respiration.

In the polyhaline marshes, large CH4 concentrations were
measured when DOC levels were high, but this association was
not as clear as in the mesohaline sites. This was probably due
to the general inhibitory effects of abundant sulfate electron
acceptors and reducing bacteria generally found in saline
environments (Alongi et al., 2001; vanDijk et al., 2015). In fact,
even though we did not observe a linear relationship between
salinity and CH4 levels, coinciding with the trend described
in other brackish systems (Chuang et al., 2017; Welti et al.,
2017), the lower CH4 levels in the Doñana salt marshes were
mainly associated to high salinity values, consistent with existing
literature on coastal wetlands (Bartlett et al., 1987; Poffenbarger
et al., 2011). Nevertheless, large CH4 levels can still occur in
wetlands even when sulfate reduction is relevant (Lee et al., 2008;
Alongi and Brinkman, 2011).

Similarly, distinct associations between methane and
oxygen have been reported in aquatic systems. It is certain
that methanogens are obligate anaerobes, and thus a negative
relationship %CH4 vs. %O2 would be expected, as previously
shown in other coastal wetlands (Livesley and Andrusiak,
2012), including the Guadalquivir estuary (Huertas et al., 2018).
But alternatively, positive associations have been described in
Amazon floodplain lakes (Devol et al., 1990), in freshwater lakes
(Bogard et al., 2014), African savannah rivers (Upstill-Goddard
et al., 2017) and shallow coastal zones (Borges et al., 2017). This
feature has been attributed to several causes. First, the diffusion
of CH4 produced in the underlying sediment into the aerated
water column under low levels of turbulence since the CH4

diffusion term in these conditions, exceeds combined CH4 losses
via oxidation, and water-to-air exchange (Upstill-Goddard et al.,
2017). The contribution of high macrophyte-related productivity
has also been suggested as a cause for positive relationships with
dissolved oxygen due to direct CH4 production (Stanley et al.,
2016). Additionally, methanogens have a higher sensitivity to
temperature than methanotrophs do (Dunfield et al., 1993),
which leads to higher rates of CH4 production in relation to
consumption at elevated temperatures within a certain range
of salinity values. Furthermore, methanogenesis in aerobic
conditions by methanogen archaea fixed at the surface of
phytoplankton cells has also been reported (Grossart et al.,
2011). Therefore, peaks of dissolved CH4 that correlate positively
with oxygen, phytoplankton biomass, and productivity are a
recurrent feature in aquatic ecosystems (Bogard et al., 2014 and
references therein).

Considering the shallowness of the tidal flat in the Doñana,
it is plausible to assume that benthic productivity could
have been decoupled from CH4 production (Borges et al.,
2015). Moreover, methane could also have been transported
from the creek onto the marshes during the flood tide as
it occurs in estuarine systems (Rosentreter et al., 2018b),
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FIGURE 7 | Temporal variation of the air-water CH4 fluxes in the polyhaline marshes (black bars) and mesohaline marshes (open bars) of the Doñana National Park

during the sixteen samplings conducted between March 2016 and March 2018. Note that Y axis scale varies between sites. Gaps in the data represent periods when

water levels were too low (<0.1m) for sampling and therefore, no measurements were taken.

whereas the DO signal would be related to the primary
productivity occurring in the mudflat. Unfortunately, tidal
pumping cannot be evaluated due to the lack of measurements
in the creek, but it could be an important mechanism for
CH4 import to the marshes (Rosentreter et al., 2018b). The
correlation of methane with a Chl a concentration may support
a strong benthic CH4 source, fueled by sinking phytoplankton

material (Borges et al., 2017) rather than an aerobic
CH4 production.

Therefore, according to the patterns found in our study,
temperature, and phytoplankton activity seem to be the main
drivers of CH4 formation when salinity does not exceed 17 psu
(see for instance temporal changes in methane levels in site 5 and
the overall relationship %sat CH4 vs. salinity). Above this salinity
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threshold, sulfate inhibition would constrain methane formation
in the marshes.

Nevertheless, our findings also indicate that besides
sedimentary methanogenesis, inflowing estuarine inputs
would provide an additional source of methane to the salt
marshes. Offsetting these sources, losses by microbial oxidation,
lateral advection towards the estuary and dilution by heavy
rain events, must also be incorporated as mechanisms affecting
temporal variability of methane in the system. Unfortunately, the
relative importance of all sources and sinks of dissolved methane
cannot presently be estimated.

CH4 Emissions From the Doñana Salt
Marshes
Themean air-water CH4 flux during the sampling period was 324
µmol m−2 d−1, although a high variation in the emissions was
observed (±1,394 µmol m−2 d−1). This was a consequence of
the different ranges of emissions found between the polyhaline
and mesohaline marshes, as the methane fluxes were generally
lower in the former compared to the latter, in agreement with
what has been observed in systems characterized by marked
salinity gradients (Poffenbarger et al., 2011; Welti et al., 2017).
Nevertheless, the mean flux provided here falls within the ranges
of CH4 emissions reported in European estuarine zones (Upstill-
Goddard and Barnes, 2016), in temperate fluvial catchments
(Upstill-Goddard et al., 2017) and in mid-latitude mangroves
(Rosentreter et al., 2018a). Few studies have quantified and
investigated air-water CH4 exchange and dynamics in tidal
flats (Dean et al., 2018). The fluxes measured in our study
are slightly lower than those observed in subtropical tidal
wetlands (Tong et al., 2013; Welti et al., 2017), coherent
with a temperature control on methanogenesis (Abdul-Aziz
et al., 2018). Lower emissions can therefore be expected from
temperate coastal wetlands compared to tropical and subtropical
coastal wetlands. In fact, the higher methane fluxes in the
Doñana were found during the summer months in all sites, as
increasing temperature increasesmicrobial activity. Nevertheless,
methane emissions from the Doñana salt marshes are still of
the same order of magnitude than those measured in Indian
and Australian mangroves (Linto et al., 2014; Call et al., 2015;
Rosentreter et al., 2018b).

The average air-water CH4 flux estimated here is almost 5-
fold higher than the mean value computed in the Guadalquivir
estuary transect that floods Doñana and equivalent to 66.2
µmol m−2d−1 (Huertas et al., 2018). The biogeochemistry in
the estuary is totally different than that in the marshes where
large loads of inorganic suspended particulate matter cause a
considerable turbidity that limits phytoplankton growth (Ruiz
et al., 2013). The low primary productivity in the estuarine waters
would constrain labile organic matter supply for sedimentary
methanogenesis, whereas in the shallow and lower turbulent
salt marshes organic inputs from in situ photosynthesis, or
from external sources, would fuel the process. This hypothesis
however, remains to be tested.

The Doñana salt marshes behaved as a moderate CH4 emitter
under the environmental conditions present during the sampling
period, which corresponds to a normal hydrological cycle for this
geographical area. Cycles characterized by heavy precipitations,

which are not so uncommon (Díaz-Delgado et al., 2016; Huertas
et al., 2017), are expected to affect methane dynamics and
increase the emissions due to the overall reduction in salinity
over the inundated marshes. This effect has been observed
in tropical mangrove-dominated estuaries (Rosentreter et al.,
2018b). Moreover, it is important to acknowledge that the
approach used here to computemethane fluxes, does not quantify
CH4 ebullition fluxes, whose contribution to total CH4 emissions
may be significant (Baulch et al., 2011), particularly during
low water periods. Furthermore, our sampling regime did not
account for the potential importance of lateral tidal pumping as a
source of CH4 and higher concentrations (and fluxes) during low
tide, as it has been reported in other intertidal systems (Call et al.,
2015; Maher et al., 2015). In fact, tidal differences may account
5-fold in the estimated CH4 diffusive water to air fluxes (Maher
et al., 2015). CH4 may also be transferred directly from sediments
to the atmosphere (Borges and Abril, 2011). At low tide, this can
take place through diffusion or ebullition and in vegetated tidal
flats, such as Doñana, plants may act as both active and passive
conduits of the CH4 (Foster-Martinez and Variano, 2016). All
these pathways were not determined in our study and total CH4

emissions must be seen as a lower limit.
Our study is, however, foundational because it underlines

the drivers controlling CH4 dynamics in the Doñana marshes.
These wetlands are threatened by climate change and many
local stressors associated to anthropogenic activities (Green et al.,
2017). In the Mediterranean climatic region, higher minimum
temperatures, more extreme high temperature events in summer
and less precipitation are projected to occur by the end of the 21st
century (Giorgi and Lionello, 2008). How the expected warming
will affect methane dynamics in the ecosystem complex formed
by the estuary and the marshes cannot be anticipated. Increased
temperatures can cause methane to be produced at a faster rate
but a rise in the saline intrusion associated to the projected
sea level rise may offset methane release. Sustained observations
would then be required to constrain the gas budget in this iconic
coastal wetland.
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Salt marshes are complex systems comprising ephemerally flooded, vegetated
platforms hydraulically fed by tidal creeks. Where drainage is poor, formation of
saline-water ponds can occur. Within East Anglian (UK) salt marshes, two types of
sediment chemistries can be found beneath these ponds; iron-rich sediment, which
is characterized by high ferrous iron concentration in subsurface porewaters (up to
2 mM in the upper 30 cm); and sulfide-rich sediment, which is characterized by high
porewater sulfide concentrations (up to 8 mM). We present 5 years of push-core
sampling to explore the geochemistry of the porewater in these two types of sediment.
We suggest that when organic carbon is present in quantities sufficient to exhaust
the oxygen and iron content within pond sediments, conditions favor the presence
of sulfide-rich sediments. In contrast, in pond sediments where oxygen is present,
primarily through bioirrigation, reduced iron can be reoxidised and thus recycled for
further reduction, favoring the perpetuation of iron-rich sedimentary conditions. We find
these pond sediments can alter significantly over an annual timescale. We carried out
a drone survey, with ground-truthed measurements, to explore the spatial distribution
of geochemistry in these ponds. Our results suggest that a pond’s proximity to a creek
partially determines the pond subsurface geochemistry, with iron-rich ponds tending to
be closer to large creeks than sulfide-rich ponds. We suggest differences in surface
delivery of organic carbon, due to differences in the energy of the ebb flow, or the
surface/subsurface delivery of iron may control the distribution. This could be amplified
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if tidal inundations flush ponds closer to creeks more frequently, removing carbon and
flushing with oxygen. These results suggest that anthropogenic creation of drainage
ditches could shift the distribution of iron- and sulfide-rich ponds and thus have an
impact on nutrient, trace metal and carbon cycling in salt marsh ecosystems.

Keywords: biogeochemistry, salt marsh, iron–sulfur, carbon, redox, diagenesis

INTRODUCTION

Salt marshes are highly productive coastal wetlands that serve
a critical role in carbon sequestration and nutrient trapping
(Valiela et al., 1978; Barbier et al., 2011; Mcleod et al., 2011).
As a marginal environment poised between the terrestrial
and marine realms, salt marshes are extremely vulnerable to
changes in environmental conditions such as anthropogenic
eutrophication/drainage, climate change and sea level rise
(Deegan et al., 2012; Kirwan and Megonigal, 2013; Kennish,
2016). The delicate interplay between the redox cycles of sulfur,
carbon and iron present in salt marsh sediments could potentially
become unbalanced through anthropogenic change (Koretsky
et al., 2006). This could have consequences for the overall storage
of carbon in marginal marine environments; the production and
release of methane from these environments; and the efficiency of
nutrient capture which impacts the overall productivity of these
ecosystems (Mcleod et al., 2011).

Salt marsh surfaces are highly heterogeneous; a largely
vegetated platform is incised by a series of narrow, tidally fed
creeks with varying cross sections (Allen, 2000; Lawrence et al.,
2004). In the areas furthest from these creeks, where drainage
is poor, ponds (also commonly referred to as ‘salt pans’) exist
on the surface. These ponds can exist for long periods of time
(1000+ years) (Pethick, 1980) and are sporadically flushed by
tidal events which flood the vegetated platforms during high tides
or storm surges (Santos et al., 2009). The formation mechanism
of these ponds is uncertain, although it has been proposed that
either physical processes (e.g., algal debris or heterogeneous
development of the salt marsh) or biogeochemical processes (e.g.,
build-up of salinity in standing water or decay of deposited algal
matter) are responsible for the initial formation of primary (well-
rounded) ponds and senescence of creeks isolated by vegetation
forms secondary (elongate-shaped) ponds, both of which can be
present in the same salt marsh (Redfield, 1972; Pethick, 1974;
Wilson et al., 2014). Ponds are more common where drainage
is poorest (Wilson et al., 2014). As brackish water sits on the
surface of these ponds, vegetation is prevented from colonizing,
resulting in a set of feedbacks which allow these ponds to remain
semi-permanent and respond to sea level change and other larger
perturbations (Wilson et al., 2014).

The sediment beneath these ponds, and indeed throughout
the salt marsh beneath the rhizosphere, is largely anoxic (Mills
et al., 2016). In the ponds, the presence of a standing water
column (1–50 cm) and the lack of surface vegetation limits
the supply of oxygen into the sediment. In the absence of
processes which would disturb the sediment (e.g., bioturbation or
a rhizosphere), aerobic respiration is limited to a small boundary
layer at the sediment surface (<1 cm) (Nealson, 1997). In the

absence of sufficient oxygen, microbial life will use other electron
acceptors roughly in order of decreasing free energy yield: nitrate,
manganese, iron, sulfur; and finally, in the absence of other
electron acceptors, organic carbon can be converted to methane
through methanogenesis (Froelich et al., 1979). Which redox
couple dominates in any anoxic sedimentary environment is not
always as simple as the conventional redox ladder would suggest,
instead depending on a myriad of environmental conditions
such as pH and the availability and speciation of both electron
donors and electron acceptors (Lovley and Chapelle, 1995; Bethke
et al., 2011). The convergence of the accessible free energies of
iron reduction, sulfate reduction and methanogenesis to similar
values at the circumneutral pH conditions observed in these
salt marshes means that small changes in these conditions can
alter the dominant microbial community and thus the sediment
geochemistry (Postma and Jakobsen, 1996; Bethke et al., 2011).
Furthermore, interplay among the three redox cycles—iron,
sulfur, and carbon—is common; various iron species can be used
to reoxidise sulfide to intermediate valence state sulfur species,
allowing for processes such as cryptic sulfur cycling (Holmkvist
et al., 2011; Hansel et al., 2015; Mills et al., 2016; Blonder et al.,
2017). This geochemical complexity is combined with periodic
tidal flushing events which supply a range of different elemental
species to the water column and sediment (Santos et al., 2009).

Here we investigate the controls on subsurface geochemistry
and redox poising in salt marshes from East Anglia,
United Kingdom (Figure 1A). We present data from two
geographic areas—north Norfolk salt marshes found along
the North Sea coast (Figure 1B) and an estuarine salt marsh
on the River Blackwater in Essex named Abbotts Hall Farm
(Figure 1F). These salt marsh systems contain two types of pond
sediment porewater chemistry; sulfide-rich pond sediments,
characterized by high sulfide concentrations (up to 6 mM); and
iron-rich pond sediments, characterized by high ferrous iron
concentrations (up to 1.5 mM) (Antler et al., unpublished).
Previous work has shown that iron-rich sediments can be
converted to sulfide-rich sediments in the laboratory through the
addition of labile organic carbon, such as lactate, implying that
the geochemical and redox conditions within these sediments
may be susceptible to perturbation (Koretsky et al., 2006; Mills
et al., 2016). Understanding the distribution of the different
types of ponds will provide insight into the carbon budget in
these salt marshes and could illustrate how future changes to
these environments (e.g., sea level rise or land use change) might
change the sedimentary geochemistry, leading to impacts on
regional nutrient and carbon cycling.

We describe the geochemical nature of these pond sediments
using multiple push cores taken over a 5-year period and an
in situ sampler from which samples were collected over the
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FIGURE 1 | (A) Map of east England showing the Norfolk salt marsh system and Abbotts Hall Farm nature reserve (Essex wildlife trust). Scale from latitude/longitude
lines. (B) Google Earth satellite imagery (24-09-17) of the Norfolk salt marsh system comprising Warham marshes, Stiffkey marshes and Blakeney marshes (labeled).
Cores in the data compilation were taken throughout this area. The blue box denotes the location of (D). Image credit: Google Earth, Image 2018 DigitalGlobe (C)
Google Earth Satellite imagery (31-12-1999) of Blakeney salt marsh. Area 1 and 2 correspond to the mapped areas in Figures 7 and 8 respectively. (D) Google
Earth satellite imagery (10-01-2019) of the Warham salt marsh area where in situ samplers are installed. Light blue box indicates location of (E). Image credit: Google
Earth. (E) Location of in situ samplers (Pond A and B) in Warham salt marsh. (F) Google Earth satellite imagery (06-11-2006) of the River Blackwater and the location
of Abbotts Hall Farm nature reserve. Red box denotes the location of (G). Image credit: Google Earth, 2018 Infoterra Ltd & Bluesky. (G) Google Earth satellite
imagery (06-11-1999) of Abbotts Hall Farm salt marsh system. Area 3 corresponds to mapped area in Figure 9. White star denotes location of core taken in
Figure 5. Image credit: Google Earth, 2018 Infoterra Ltd & Bluesky.

course of 1 year. A drone survey was carried out to map the
distributions of the types of ponds to understand the mechanisms
governing the pond sediment geochemistry. We offer potential
hypotheses and areas of investigation for the observed spatial
and temporal geochemical patterns. We test the distribution of
overlying water depth on the pond sediment, the distribution
of carbon within surface sediments and we look for evidence of
groundwater fluxes in the salt marsh sediment for preliminary
insights into the system.

MATERIALS AND METHODS

Field Locations
This study discusses fieldwork undertaken in salt marsh systems
across East Anglia, both in Norfolk, United Kingdom and at
Abbotts Hall Farm, Essex, United Kingdom (Figure 1). On the
Norfolk coastline, protection offered by migrating barrier islands,
spits and intertidal sand flats have allowed salt marsh systems to
form since the start of the Holocene (Pethick, 1980). In Norfolk,
our field locations are three developed areas of stable, upper

salt marsh near the small towns of Blakeney, Warham, and
Stiffkey (Figure 1B). Areas 1 and 2 for the drone mapping are
locations in the Blakeney salt marsh area (Figure 1C). In these
sites, the lower marsh is more recent (post-medieval) whereas the
upper, stable, marsh is Romano-British (2000+ years) (Pethick,
1980). The upper marsh sediment consists of grayish-brown,
silty sands and clayey silts, likely accumulated by vegetative
capture of finer grained sediment, which sits upon a northward
dipping boulder clay (Pye et al., 1990). Abbotts Hall Farm is a
nature reserve on an estuarine portion of the River Blackwater
(Figure 1F). Area 3 (Figure 1G) lies on the edge of this tributary
(defined as fringed-estuarine) where low energy environments
are protected from direct wave action (Allen, 2000). Sediment
in this location was previously not well studied; we observe it to
be similar to that in the Norfolk marshes, likely reflecting similar
provenance of sediment.

Porewater Collection
Push core liners made of polyvinyl chloride (PVC) were used
to extract vertical columns of sediment from ponds at irregular
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intervals over the period 2013–2018. One core, taken in May
2018, was pushed horizontally into the side of a creek at
20 cm depth. Porewater was extracted from the cores either
in the field or within 24 h of being collected using Rhizons
(syringe-based samplers with an inert polymer membrane).
Samples for each core were taken at variable depth resolutions
(between 1 and 4 cm; see data table in Supplementary
Information). Typically, between 2 and 10 mL of porewater
was extracted from each depth sampled, depending on the
sediment porosity and what was needed for analysis. Aliquots
of porewater (50–2000 µL) for ferrous iron analysis were
fixed with 100 µL ferrozine reagent; the precise amount of
porewater depended on the amount of iron present. Aliquots
(50–2000 µL) for aqueous sulfide were fixed with excess
quantities—dependent on sulfide concentration—of either 5 or
20% zinc acetate.

Analytical Measurements
All analytical measurements were carried out at the University
of Cambridge. Dissolved iron concentrations [Fe(II)] were
determined spectrophotometrically (Thermo Aquamate UV-Vis)
according to the method described by Stookey (1970) with an
error of 0.4%. Dissolved sulfide concentrations were measured
spectrophotometrically using the methylene blue method with an

error of 2% and a detection limit of 1 µM (Cline, 1969). Samples
were diluted with ultrapure water to fit within a calibrated
range. Major anion (sulfate and chloride) concentrations were
measured by ion chromatography (Thermo Scientific Dionex
ICS5000+) with an error up to 2% based on repeat analysis
of standards. Samples measured for alkalinity were filtered
using a cellulose nitrate membrane syringe filter (0.2 µM,
47 mm). Alkalinity was determined using the inflection point
method by titrating 1–1.2 mL aliquots of filtered samples with
0.0166 M analytical grade hydrochloric acid (HCl). The pH
was measured at 25◦C on the NBS scale using an Orion
3 Star meter with a ROSS micro-electrode (ORION 8220
BNWP PerpHect ROSS).

Samples for sulfur isotope analysis were separated into vials
and a supersaturated barium chloride solution was added,
precipitating barite (BaSO4). The barite was cleaned using
10% HCl, triple washed with ultrapure water, and dried. The
δ34SSO4 was determined through combustion on a Flash Element
Analyzer (Thermo Scientific) coupled with continuous helium
flow to a Delta V Plus mass spectrometer. Samples were corrected
to NBS-127 barite standards (δ34S = 20.3h) which were run
before and after sets of 20 samples. Based on blind replicates
and repeat running of the standard, the data had precision of
0.2h (1σ). Sulfur isotopic compositions are reported in standard

FIGURE 2 | Typical method of characterization of an individual pond based on features visible and/or easily testable from the surface. Flowchart is constructed in
order of most diagnostic and most easily characterized (e.g., the presence of Beggiatoaceae and surface color are far quicker to differentiate than the sediment
texture). The presence of white microbial mats, presumed to be Beggiatoaceae and resulting oxidized sulfur products present on the sediment surface, was decided
to be sufficient enough evidence that sulfate reducing conditions were present in these ponds (Supplementary Figure S3). The color of the sediment surface was
typically well differentiated; ponds were either a very dark gray color or had a red/brown tint to them (similar to iron oxide coloration). If the pond sediment surface
was a different color to this or was a shade between the classifications, this category would be ignored for the classification. The presence of bioturbation was
ascertained by worm casts seen on the sediment surface (Supplementary Figures S1, S2 for evidence). The presence of a single worm cast was deemed
sufficient to assign a positive result to this category. The sulfidic smell property relates to a strong sulfidic odor when the sediment was removed from the water and
handled. Sediment texture was determined by handling of the top 5 cm of sediment. When touched, certain sediments were clearly very soft and fluffy at the
surface, whilst others had a stiffer clay texture. These would be defined as soft and hard respectively. Some characteristics were occasionally present but in spatially
isolated zones on the pond (e.g., signs of bioturbation on one side of the pond and white microbial mats on the other). This is defined as ‘zoned’ on the diagram and
ponds of this nature were classified as intermediate. This method is preferred to geochemical analysis as it is quicker than sampling and allows for rapid
characterization of the salt marsh system.
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delta notation as per mil (h) deviations from the Vienna Cañon
Diablo Troilite (VCDT).

Mapping of Ponds
We used a drone (Phantom 3 Standard) to create an aerial
survey at a height of 150 m in May 2018. The orthophotos
were assembled using the MapsMadeEasy website and the
projection used for uploading to QGIS was WGS 84 31N.
We were unable to drone map Area 3, in Abbotts Hall,
so we used Google Earth satellite imagery of the area.
Two ground-truth campaigns—in May and July 2018—were
undertaken to characterize pond sediment types from the
drone images. Using the different surface characteristics typical
of an iron-rich pond and a sulfide-rich pond (described
in results), we were able to classify 350 ponds using the
flowchart presented in Figure 2 (see Supplementary Table
S1 and Supplementary Figures S1–S5 for full observed
attributes and methods of characterization). For each pond
visible in the aerial images, we would classify it as an
iron-rich pond sediment, a sulfide-rich pond sediment or as
‘intermediate’ between iron-rich and sulfide-rich. The third
category was necessary given that some ponds contained
attributes of both iron- and sulfide-rich sediments. We
attempted to characterize ponds directly from the drone

imagery but this proved impossible given the variable surface
colors and the small scale of the distinguishing features.
At each pond, we measured the depth of the overlying
water column using a tape measure. We also recorded the
following characteristics for 267 of the 350 ponds for statistical
analysis: the presence of algae (Supplementary Figure S5),
signs of bioturbation (worm casts) (Supplementary Figures S1,
S2), the presence of sulfur oxidizing bacteria (Beggiatoaceae)
(Supplementary Figure S3) and signs of desiccation cracks
(Supplementary Figure S6).

In situ Sampling
In order to monitor geochemical changes in individual pond
sediments over time, in situ samplers were designed to allow
repeated sampling of pond sediment pore fluids without
disturbing the sediment. The submerged samplers consist of
plastic frames to which Rhizon filters are attached at 2 cm
intervals starting from the sediment-water interface to a depth
of 34 cm (see Supplementary Figure S7 for construction).
Outlets from the Rhizons were connected to sampling ports
via airtight, double-walled, (<60 cm) tubes (polyethylene inner
and polyvinylchloride outer, ID = 1mm) to the surface to
which 10 mL syringes were attached for extraction. We selected
spacing of 2 cm so that sampling volume from separate

FIGURE 3 | Geochemical characteristics of porewater extracted from an iron-rich core from Stiffkey in August 2015 (shown in red) and a sulfide-rich core from
Blakeney in August 2015 (shown in black). (A) Aqueous Fe(II) concentrations (mM) (B) δ34SSO4 (h) (C) Aqueous sulfide concentrations (mM) (D) [SO4]/[Cl] ratio
(E) Aqueous sulfate concentrations (mM) (F) Aqueous chloride concentrations (mM) (G) pH values (H) Alkalinity (mEq/L). Dashed blue lines represent typical
seawater values (seawater concentrations of Fe2+ and HS− are negligible).
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Rhizons remains discrete and does not result in artificial
drawdown of surface water, based on tracer and modeling studies
(Seeberg-Elverfeldt et al., 2005).

In situ samplers were installed in two Warham salt marsh
ponds (termed Pond A and Pond B) in January 2017
(Figures 1D,E). Pond A appeared to contain sulfide-rich pond
sediment—using the above criteria—whilst the other, Pond

B, an elongate pond in shape, was defined as intermediate.
Samples of pore fluids from sediment in both ponds were
collected in March, April, May, July, and November 2017,
and May 2018. During each sampling, the stagnant fluid in
the tubing (roughly 0.6 mL for 60 cm of 1 mm ID tubing)
was first removed by extracting and discarding 1–2 mL of
pore fluid from each outlet. Another 4–5 mL of pore fluid

FIGURE 4 | (A) Fe(II) concentrations in iron-rich pond sediment porewaters, with increasing Fe(II) with depth, sampled in November 2013 (Warham), November 2013
(Stiffkey), January 2014 (Warham), May 2014 (Warham), October 2015 (Antler et al., unpublished), October 2015 (Stiffkey) and October 2017 (Blakeney). (B) Fe(II)
concentrations in iron-rich sediment porewaters, with decreasing Fe(II) with depth, sampled in November 2013 (Stiffkey), November 2013 (Stiffkey), March 2014
(Warham), December 2017 (Blakeney) and December 2017 (Blakeney). (C) Fe(II) concentrations in sulfide-rich pond sediment porewaters. Only three cores [October
2015 (Antler et al., unpublished), October 2015 (Blakeney) and December 2017 (Blakeney)] are presented here since Fe(II) concentrations are typically below
detection limit using our analytical method. (D) Fe(II) concentrations in sediment porewaters in cores taken from the vegetated platform in November 2013 (Warham)
and October 2015 (Warham). (E) δ34SSO4 profiles in iron-rich pond sediment porewaters sampled in November 2013 (Warham), November 2013 (Stiffkey), January
2014 (Warham), May 2014 (Warham), October 2015 (Antler et al., unpublished) and October 2015 (Stiffkey) (Note: Not all cores present in subplot A are present
here). (F) δ34SSO4 profiles in iron-rich pond sediment porewaters sampled in November 2013 (Stiffkey), November 2013 (Stiffkey) and March 2014 (Warham) (Note:
Not all cores present in subplot B are present here). (G) δ34SSO4 profiles taken from sulfide-rich cores sampled in November 2013 (Blakeney), November 2013
(Blakeney), November 2013 (Blakeney), October 2015 (Antler et al., unpublished) and October 2015 (Blakeney). (H) δ34SSO4 profiles from cores taken from
vegetated platforms in November 2013 (Warham) and October 2015 (Warham). Vegetated cores are taken from the sediment surface whereas iron-rich and
sulfide-rich pond cores have an undefined column of water on the surface.
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was then extracted for geochemical analysis. All depths were
sampled simultaneously.

Carbon Content Analysis
In May 2018, sediment was taken from the surface of 30 ponds
in Abbotts Hall (Area 3 on Figure 1G) using a 1 mL syringe with
a cut edge. Sediments were dried and analyzed for total carbon
content using a Costech element analyzer coupled via continuous
flow to a Delta V mass spectrometer. Five samples were tested for
the presence of carbonate minerals using a duplicate washed in
0.1 M HCl and subsequently triple washed with ultrapure water.
As there were no carbonate minerals found, total carbon content
is assumed to come from the organic carbon fraction.

RESULTS

Sediment Cores Taken Over the
2013–2018 Period
The subsurface geochemistry of ponds in the East Anglian salt
marshes is reflected in characteristics observed at the sediment
surface; iron-rich pond sediments are often stained red at the
surface, contain worm casts and iron-oxide films are occasionally
visible on the water surface; whereas sulfide-rich pond sediments
are typically gray/black, commonly contain sulfide oxidizing
bacteria on the sediment surface (Beggiatoaceae) and exude a
strong sulfidic odor. Sulfide-rich pond sediments have a higher
porewater methane concentration, in contrast, iron-rich pond
sediments have no methane present (Mills et al., 2016).

Figure 3 shows porewater data collected from two cores; an
iron-rich core taken from Stiffkey, August 2015, and a sulfide-rich
core taken from Blakeney, August 2015. We note the key features
of iron-rich versus sulfide-rich pond sediment porewater in
Figure 3. In the iron-rich sediment there are high concentrations
of ferrous iron, little change in the δ34SSO4, near-zero aqueous
sulfide, near seawater [SO4]/[Cl] ratios, lower overall pH and
low alkalinity (Figure 3, red). In contrast, in the sulfide-rich
pond sediment there is no measurable ferrous iron, an increase
in δ34SSO4 by 40h, sulfide concentrations above 4 mM, lower
[SO4]/[Cl] ratios relative to seawater, higher pH and higher
pore fluid alkalinity (Figure 3, black). The concentration of both
chloride and sulfate in the overlying pond water are lower than
typical seawater. In particular, the surface 20 cm of the iron-
rich pond contains very low porewater chloride concentrations
(200–400 mM, 30–60% lower than seawater) (Figures 3E,F).
We present these cores, collected in August 2015, separately
(Figure 3) as they were the only two cores on which pH
and alkalinity were measured in addition to other geochemical
parameters. Figure 4 presents a more limited geochemical dataset
collected from far more cores taken over the three field sites
shown in Figure 1B between 2013 and 2017. Cores taken through
the vegetated platform surrounding these ponds are included
(denoted as ‘vegetated’) for an understanding of the porewater
profiles in the rest of the marsh where there is an absence of
ponds. In one case, we took multiple cores from the same sulfide-
rich pond and found near identical geochemistry across the
pond (Supplementary Figure S8), thus we conclude each core

accurately represents the geochemistry of the whole pond from
which it was sampled.

Dissolved ferrous iron (Fe2+) concentrations of porewater in
our compilation of cores indicate that there are two broad types
of pond sediments (Figures 3A, 4A,B). Ferrous iron in iron-
rich sediment porewater is present at millimolar concentrations,
whereas concentrations are below the detection limit (3 µM)
in sulfide-rich sediment porewater (Figures 3A, 4C). We find,
however, that there are variations in the general pattern of
ferrous iron concentrations within pond sediments broadly
classified as ‘iron-rich.’ In some cores, porewater ferrous iron
concentrations increase with depth, sometimes reaching as high
as 2 mM at 35 cm depth (Figure 4A). In these cores, lower
ferrous iron concentrations are observed from 5 to 15 cm, but
iron and manganese oxides are visible, giving the sediments an
orange hue in the core within this depth range. Conversely,
in the other subset of ‘iron-rich cores’ there is a decrease in
ferrous iron concentration with depth (Figure 4B). Ferrous iron
concentrations in cores taken from the vegetated platform in
Warham are near zero up to 8–10 cm from the surface (this
coincides with the depth of root penetration) (Figure 4D). Below
this rooting zone, porewater ferrous iron concentrations increase
up to 3 mM—the highest observed in any of the cores.

Both types of iron-rich core have similar porewater δ34SSO4,
either a minor increase with depth or a constant δ34SSO4 near that
of seawater (Figures 3B, 4E,F). In sulfide-rich cores (Figures 3B,
4C,G), δ34SSO4 increases up to 70h by 15–25 cm depth below
the sediment-water interface. This is coincident with an increase
in sulfide concentrations and decrease in sulfate concentrations
(Figures 3C,D). In vegetated cores (Figure 4H), there is an
increase of approximately 5–15h in δ34SSO4 from 0 to 35 cm.

It should be noted that absolute depths cannot be accurately
compared among the sampled ponds because water depth was
not always recorded in ponds where sediment cores were taken
and we do not have elevation data for the salt marsh platforms.
For the full compilation of geochemical data acquired on cores
from 2013 to 2018, see the Supplementary Material.

In the core extracted from the creek wall edge, all geochemical
measurements show large changes within 5 cm from the creek-
sediment boundary (Figure 5). In this zone, a threefold decrease
in iron concentration is observed toward the creek edge. This
is accompanied by higher concentrations of chlorine and sulfate
and lower δ34SSO4. From 5 cm inward, the geochemistry is much
more stable. Ferrous iron concentrations are significantly higher
(6 mM) than those seen in the other cores taken.

In situ Sampling From March 2017 – May
2018
Two ponds were sampled using in situ samplers over the year
from March 2017 - May 2018. Pond A (sulfide-rich pond) shows
small seasonal variations in δ34SSO4 of porewater sulfate with
higher δ34SSO4 observed in the summer and autumn months
(Figure 6A). These variations are more pronounced in the upper
15 cm and values become more uniform (within 10h) below
this. Changes in δ34SSO4 in Pond B (an intermediate pond) are far
greater (Figure 6B); in March 2017, the δ34SSO4 is constant with
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FIGURE 5 | Core horizontally extracted from creek wall (see Figure 1 for location). Depth is 20 cm from the surface of the salt marsh. (A) Fe(II) concentrations (mM)
(B) Cl concentrations (M) (C) δ34SSO4 (D) [SO4]/[Cl]. Blue dashed line corresponds with seawater values. Location shown in Figure 1.

FIGURE 6 | (A) δ34SSO4 measured in porewater samples over a 14-month period for pond A (sulfide-rich pond). Data from an iron-rich pond sampled in 2014 is
added for comparison. Analytical uncertainty is 0.2h. (B) δ34SSO4 measured in porewaters over a 14-month period for pond B (intermediate pond). Data from an
iron-rich pond from 2014 is added for comparison. Analytical uncertainty is 0.2h.

depth and only slightly elevated from the values seen in a ‘typical’
iron-rich pond. Ferrous iron concentrations were negligible in
both ponds for months March-July and aqueous sulfide is present
in both ponds in May 2018, albeit it at higher concentrations in
Pond A (Supplementary Figure S9).

Whilst the pond sediment appears to become more sulfide-
rich with time, there is a decoupling between the shallow
(<20 cm) and the deep zone (>20 cm). The shallow zone displays
greatest 34S enrichment - δ34SSO4 up to 55h—during July 2017
before falling to lower δ34SSO4 in November 2017 and May 2018.
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FIGURE 7 | (A) Drone imagery taken on 03/05/18 of two aggregates in Blakeney salt marsh area 1 (see Figure 1C) overlain by geochemical classification observed
over the period from May and July 2018. We changed the classification of only two ponds between May and July 2018—both were changed from sulfide-rich to
intermediate. (B) Geochemical classification of ponds sediments. Hypothetical, hand-drawn zones of sulfide-rich pond clustering shown in gray.

In contrast, the deep zone shows a consistent increase in δ34SSO4
through time—up to 35h in May 2018.

Mapping of Pond Distributions
Two areas from the Blakeney salt marsh system were mapped
using an aerial drone survey and an area in the Abbotts Hall
salt marsh system (Figures 1F,G) was mapped using Google
Earth satellite imagery (Figures 7–9). Area 1, from Blakeney
(Figure 7) consists of two groups of ponds separated by a
tidal creek. Ponds containing sulfide-rich sediment tend to be
situated further from large creek networks than ponds containing
iron-rich sediment (Figure 7B). The presence of sulfide-rich
ponds is often accompanied by a region of standing water
on the surrounding vegetated platform (visible in Figure 7A).
Ponds of a similar geochemical and geomorphological nature
appear to cluster in groups. Intermediate ponds, displaying
neither or both criteria for iron-rich or sulfide-rich ponds, often
lie at the boundary between iron-rich and sulfide-rich pond
clusters. There are also clear differences in the vegetation over
the marsh. The center of the platform is characterized by salt
marsh ‘lawn’ species (typically some combination of Puccinellia
spp., Salicornia spp., and Sesuvium portulacastrum) whereas the
areas closest to the creek have larger species (Atriplex spp. and
Suaeda spp.).

In an area of upper marsh (the oldest, most inland marsh)
(Figure 1C), ponds with sulfide-rich sediment concentrate at
the point furthest inland and iron-rich or intermediate ponds
are located more toward the littoral zone (Figure 8). Drone
imagery shows vegetation debris on the vegetated platform with
sulfide-rich ponds (south of Figure 8A) and larger vegetation
(likely Spartina patens) around the edges of sulfide-rich ponds
(seen as gray patches surrounding ponds in south of Figure 8A).
Proximity to larger creeks appears to favor the presence of ponds
with iron-rich sediment (north in Figure 8A).

At Abbotts Hall, we observe a similar pattern of internal salt
marsh ponds being more sulfide-rich (Figure 9B), albeit with
more exceptions than in Areas 1 and 2 (from Norfolk). Iron-
rich vs. sulfide-rich pond sediment distribution does not seem
to correlate with the type of vegetation observed on satellite
imagery (Figure 9A). An artificial drainage ditch (north east
of area) is proximal to an area of what we have defined as
‘intermediate ponds.’

Pond Characteristics and Water Depths
There is a correlation between water depth and the type of pond
sediment geochemistry; the average pond water depth in sulfidic
pond sediments is deeper than that of iron-rich pond sediments
[Area 1—mean iron-rich pond water depth = 20.2 ± 5.0 cm
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FIGURE 8 | (A) Drone imagery taken on 03/05/18 of an aggregate in Blakeney
salt marsh area 2 (see Figure 1C) overlain by geochemical classification
observed over period from May 2018. (B) Geochemical classification with
hypothetical, hand-drawn zones of sulfide-rich pond clustering shown in gray.

(n = 60), mean sulfide-rich pond water depth = 24.1 ± 4.7 cm
(n = 50) (two sample t-test, p < 0.05); Area 2—mean iron-rich
pond water depth = 19.1 ± 5.6 cm (n = 40), mean sulfide-rich
pond water = 22.4± 5.5 cm (n = 64) (two sample t-test, p< 0.05);
Area 3—mean iron-rich pond water depth = 11.8 ± 4.0 cm
(n = 40), mean sulfide-rich pond water depth = 15.2 ± 4.6 cm
(n = 40) (two sample t-test, p < 0.05) (Figures 10B–E)].

After identifying the presence of certain features notable from
the pond surface, (bioturbation evidence, presence of algae in
the surface water, presence of Beggiatoaceae and the presence of
desiccation cracks) we observe that cracks, evidence of a transient
drying effect, are less prevalent in sulfide-rich ponds compared
to iron-rich ponds and intermediate ponds (Figure 10A). This
is consistent with the observation that sulfide-rich ponds in
general have greater water depths and thus dry out less frequently
(Figure 10E). Conversely, the presence of algae is common
in sulfide-rich (90%) and intermediate ponds (80%) and yet
is only present in 30% of iron-rich ponds. Since we used
both the presence of white microbial mats (Beggiatoaceae) and
bioturbation as tools for characterizing ponds, it is unsurprising
that we find bioturbation to be common in iron-rich ponds and
sulfide oxidizing bacteria to be negligible. Intermediate ponds

contain any combination of characteristics; in particular, the
presence of both algae and bioturbation was common (>70%).

DISCUSSION

Salt Marsh Pond Geochemistry
In the absence of microbial data on the pond sediments, we use
the porewater geochemistry, that is the concentrations of various
redox-sensitive species, to infer the biogeochemical processes
occurring within the sedimentary environment. For example,
the presence of ferrous iron [Fe(II)] suggests that reduction of
ferric iron is occurring, either through bacterial iron reduction
(Equation 1) or the reduction of ferric iron coupled to sulfide
oxidation (Equation 2). Similarly, the presence of aqueous sulfide
would suggest the presence of either microbial sulfate reduction
(Equation 3) or dissolution of sulfide-containing minerals in the
environment. The δ34SSO4 of the porewater sulfate allows us to
identify the occurrence of microbial sulfate reduction because
during microbial sulfate reduction, bacteria preferentially utilize
sulfate with the lighter 32S isotope over the heavier 34S isotope.
This leads an isotopically lower sulfide pool and a residual
porewater sulfate pool enriched in the heavier isotope; the
opposite would be true if there were dissolution of sulfide
minerals. In this way we use the geochemistry that we have
measured to infer the microbially driven processes that are
occurring in the salt marsh sediment.

4Fe(OH)3 + 7H+ + CH2O→ HCO−3 + 4Fe2+
+ 10H2O (1)

HS− + 2Fe(OH)3 + 5H+ → 2Fe2+
+ S◦ + 6H2O (2)

2CH2O+ SO2−
4 → H2S+ 2HCO−3 (3)

Our data, along with pH and alkalinity, demonstrate that there
are two broad classifications of pond sediment in the studied East
Anglian salt marshes. Some pond sediments contain porewater
with high δ34SSO4, high quantities of aqueous sulfide and
declining SO4/Cl ratios indicative of sulfate consumption; these
pond sediments are interpreted to sustain high levels of microbial
sulfate reduction. The other group of pond sediments contain
porewater with near seawater δ34SSO4, seawater SO4/Cl and high
quantities of ferrous iron. These ponds are likely dominated by
bacterial iron reduction, potentially in addition to a cryptic sulfur
cycle in which reduced sulfur species are nearly quantitatively
recycled back to sulfate (Mills et al., 2016). These pond sediments
are referred to as sulfide-rich and iron-rich, respectively.

This broad dichotomy arises due to the titration reaction
between sulfide and ferrous iron or iron monosulfides (Equations
4 and 5) which means only one of the species (the one in
excess) can be present in significant quantities (Drobner et al.,
1990). The pond sediment ‘type’ therefore reflects environmental
conditions which favor production of either reduced iron or
aqueous sulfide. The aim of this study is to understand why
such contrasting sediment redox states can be seen separated
by less than five meters and yet two sulfide-rich ponds, for
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FIGURE 9 | (A) Google Earth imagery (06/11/2006) of the salt marsh system in Abbotts Hall (Area 3) (Figure 1G) overlain by geochemical classification observed in
June 2018. (B) Geochemical classification with hypothetical, hand-drawn zones of sulfide-rich pond clustering shown in gray. Boundary depicted on panel (A)
corresponds to landward extent of the salt marsh.

example, can be almost identical across hundreds of kilometers
over East Anglia.

Fe2+
+HS− → FeS+H+ (4)

FeS+H2S→ FeS2 +H2 (5)

The conditions which favor certain microbial metabolisms are
complex. In contrast to the canonical view of the redox ladder
(Froelich et al., 1979), when pH is circumneutral there is a
convergence of the useable energies for iron reducing bacteria,
sulfate reducing bacteria, and even methanogenic bacteria

(Bethke et al., 2011). Furthermore, multiple studies have seen
interplay among redox cycles (Mortimer et al., 2011; Hansel et al.,
2015; Antler et al., unpublished).

We find evidence of this interplay; despite changes in alkalinity
that are more consistent with iron reduction or sulfate reduction
dominating a sediment, the fact that pH decreases with depth
in the iron-rich core (Figure 4E) is counter-intuitive because
bacterial iron reduction consumes protons and thus raises pH
(Soetaert et al., 2007). We suggest other redox reactions are
working in tandem with bacterial iron reduction, causing the
decrease in pH. One example could be Equation (4) or the
regeneration of ferric iron (Soetaert et al., 2007). The net result
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FIGURE 10 | (A) Characteristics [bioturbation, algae, desiccation cracks and sulfide oxidizing bacteria (e.g., Beggiatoaceae)] observed in each category of pond
taken in the three areas. (B) Water depth measurements taken in Area 1 for each type of pond (17/05/18). P-value taken from t-tests testing the null hypothesis that
there is no difference in water depth between pond classfications. (C) Water depth measurements taken in Area 2 for each type of pond (17/05/18). (D) Water depth
measurements taken in Area 3 for each type of pond (19/06/18). (E) Composite made of all depth measurements taken from Area’s 1, 2, and 3.
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of the reactions present are not well understood currently, and
characterization of the fundamental chemical reactions involved
is necessary to understand changes in sedimentary pH. This
complexity and closeness of energies among metabolisms means
even subtle differences in the speciation and quantity of the
electron acceptor; the speciation and quantity of the electron
donor; and the influence of other redox cycles within the
sediment could alter which metabolism, and therefore which
geochemistry, dominates.

One observable difference is that 50% of iron-rich ponds
contain evidence of bioturbation on the sediment surface
(Supplementary Figures S1, S2), a result of species such
as polychaete worms (Nereis spp.) and lugworm (Arenicola
spp.) burrowing between 5 and 15 cm depth (Antler et al.,
unpublished). The amount of worm casts in iron-rich ponds
and worm density in sediment varies substantially, although
the 5–15 cm depth increment contains the highest density of
worms (Antler et al., unpublished). This process would introduce
pathways for oxic waters into an otherwise diffusion-dominated,
anoxic system, potentially providing redox conditions which
could regenerate ferric phase minerals [likely poorly ordered iron
(oxyhydr)oxides] which become available for further bacterial
iron reduction. Although sulfide produced through microbial
sulfate reduction, thought to be active in iron-rich sediments
due to the presence of reduced sulfide minerals, could titrate
some of this iron away (Antler et al., unpublished), the ongoing
regeneration of Fe(III) phases creates favorable conditions for
iron reduction over other microbial metabolisms, resulting
in high ferrous iron concentrations within the sedimentary
porewater. Conversely, in sulfide-rich pond sediment, no worm
casts are seen, implying there is no bioturbation. This is
likely due to the build-up of aqueous sulfide, generating
toxic conditions which preclude the presence of bioturbating
organisms. A lack of bioturbation limits mixing of the surface
sediment, and hence oxygen penetration within the system.
This leads to a positive feedback mechanism where ferrous
iron would react with sulfide instead of being regenerated into
ferric iron phases. Microbial sulfate reduction would become
the dominant reduction pathway, using seawater sulfate as the
electron acceptor.

Within the broad categories of iron-rich and sulfide-rich
sediment, we find pond sediment chemistry can vary in terms
of absolute concentrations of either iron or sulfide. All iron-
rich cores have a depletion in ferrous iron concentrations from
5 to 15 cm; as suggested above, bioturbation in this region
introduces oxygen to the system and reoxidises most aqueous
Fe(II). However, beneath this zone, ferrous iron concentrations
in porewaters can either increase from 15 to 35 cm in some cores
(Figure 4A) or continue to decrease to negligible concentrations
below 15 cm (Figure 4B). No major difference is observed in the
corresponding δ34SSO4 (Figures 4E,F). This discrepancy among
profiles of ferrous iron could be due to different iron minerals
present at depth, though it is not intuitive why there would be
significant differences in mineralogy or concentration of iron
minerals over a salt marsh platform. Another potential reason
for the increase in Fe(II) is reduction of Fe(III), coupled to deep
sulfide oxidation in some cores (Mortimer et al., 2011; Hansel

et al., 2015). This would be undetectable in sulfide or sulfate
concentrations or δ34SSO4 if it were near quantitative, implying
some kind of ‘cryptic’ sulfur cycling was occurring (Holmkvist
et al., 2011; Mills et al., 2016; Blonder et al., 2017). Further studies
of the interconnectedness of the iron and sulfur cycles in these
pond sediments are needed to refine this hypothesis.

There are also observed differences among porewater
characteristics in sulfide-rich cores (Figure 4G); the maximum
concentration of aqueous sulfide varies from 1 to 8 mM among
cores. The maximum porewater δ34SSO4 also varies between
sulfide-rich cores, from 50 to 75h. These variations suggest
that there are differences in the amount of microbial sulfate
reduction compared to the sulfate reservoir or how close to
isotopic equilibrium this reduction is occurring (Johnston et al.,
2007). Overall, we suggest that, within the two broad groups of
the pond sediment geochemistry, there is a continuum on which
the pond sediment porewater geochemistry may exist between
a concentrated sulfide-rich pond and a concentrated iron-rich
pond. Consequently, what we have defined as ‘intermediate
ponds’ would likely have characteristics consistent with both
iron-rich and sulfide-rich porewater geochemistry. For example,
if free sulfide is present, but in low quantities or only present
in concentrated microenvironments, bioturbation may still be
possible, which may drive some reoxidation of aqueous Fe(II).

Furthermore, we suggest that iron-rich pond sediment can
transition to sulfide-rich pond sediment over relatively short
timescales. In Pond B (Figure 6B), whilst March and April 2017
samples show similar δ34SSO4 with depth to iron-rich ponds,
later months (July 2017 onward) gradually exhibit higher δ34SSO4,
up to 35h higher than seawater. This is a phenomenon not
observed in the wide array of cores (Figure 4) which either
show constant near-seawater δ34SSO4 (iron-rich cores) or a clear
sulfate reducing zone with sulfate up to 75h, 55h over seawater
δ34SSO4 (sulfide-rich cores). Given that we sampled the cores
from Figure 4 at different points throughout the year, we would
expect at least some iron-rich cores or sulfide-rich cores to show
evidence of larger seasonal variations. Furthermore, Pond A
(Figure 6A), a sulfide-rich pond, shows seasonal variation of
a smaller magnitude. Whilst there is clearly some cyclicity in
the δ34SSO4 profile (for example the two May samples), there
is also some longer timescale transition toward more microbial
sulfate reduction, particularly at depths greater than 30 cm.
Unfortunately, the paucity of longer term data prevents us
from drawing conclusions on the speed of these transitions
and thus we merely speculate that there are both seasonal and
non-seasonal changes taking place. A natural extension also
exists that the mechanism determining spatial distribution (as
discussed below) may alter how extensive sulfate reduction is
within a given pond.

Hypotheses for Spatial Distributions
Prior to this study, few studies have tried to understand
what might drive a pond sediment toward iron- or sulfide-
rich conditions. Antler et al. (unpublished) proposed the idea
that a transient flux of iron may be delivered to certain
ponds, stimulating a sulfide-rich to iron-rich transition through
bioturbation-related feedbacks. Mills et al. (2016) showed
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that addition of labile organic carbon was able to alter
pond sediment geochemistry from iron-rich to sulfide-rich.
However, no environmental study has so far attempted to
relate the geochemistry of the pond sediments with their spatial
distribution on a salt marsh. Of the 350 ponds, we classified
140 as iron-rich, 154 as sulfide-rich and 56 as intermediate.
Whilst this suggests a similar number of iron- and sulfide-
rich ponds in salt marsh systems, we observed no sulfide-
rich ponds in some areas specifically in the Stiffkey area and
we find the quantity of the three types of pond to vary
from area to area. Our results suggest that ponds classified as
containing sulfide-rich sediment are more likely to be located
away from larger creek networks. This result was consistent
across two sites; Area 1, in Blakeney (Figure 7), Norfolk;
and Area 3, Abbotts Hall, Essex (Figure 9). Given the spatial
separation of over 100 km between these sites, we believe
that this correlation is likely not a local phenomenon and
instead is a result of more widespread, pervasive, processes.
We suggest that Area 2, where iron-rich pond sediments seem
to be present moving into the littoral zone, is merely an
extension of this creek-pond relationship but on a larger scale.
In other words, sulfide-rich pond sediment is more common
in areas which we would assume to be less frequently flooded
(either further inland or further from the creeks which provide
seawater inundation at high tide events). We find that the
distribution of pond sediments adheres to this relationship with
regards to modern drainage ditches. For example, in Abbotts
Hall (Figure 9), pond sediments to the north of a small
drainage creek (linear ditch) are all classified as intermediate
or iron-rich. This, combined with evidence from our in situ
sampling—that pond sediments are capable of geochemical
‘switching’—may be an indication that the building of ditches
could change pond sediment geochemistry. This observed
distribution is not absolute and small-scale exceptions are seen
where sulfide-rich pond sediment can be next to a creek. We
attribute this to the complex hydrology and geochemistry in
these salt marshes.

Almost all ponds appear to exist on lawn vegetation (as
described above) as opposed to within the taller vegetation closer
to the creeks. This is likely simply because standing water, and
subsequent formation of these ponds, is more likely to exist in
the lower energy zone where lawn vegetation is present. We have
not established if the vegetation type of the adjacent platform
surrounding a pond affects pond sediment geochemistry.

We offer three possible hypotheses for the distribution
of pond sediment geochemistry in salt marsh ponds we
observe: (1) heterogeneity in water depths overlying the
pond sediment over a platform could produce differences in
the supply of oxygen, relative to other electron acceptors
available in the sediment, allowing different metabolisms to
dominate; (2) differences in the source or type of organic
carbon supplied to the sediment could vary based on a
pond’s position on a platform; and (3) subsurface water flows
could deliver reactants in varying quantities to ponds based
on their position on a platform. We will consider each
of these in turn.

Water Depth Controls
The depth of the water column overlying the pond sediments
gives an indication of how deep the hollow containing a
pond is from the vegetated surface to the sediment-water
interface. This is because the major input of water is the
tidal inundation events which periodically cover the salt marsh
and the output is largely through evaporation. Though there
is likely some aspect of groundwater flow contributing water
to the salt marsh system, the hydraulic conductivity within
this setting is very low; a 2 m head difference is observed
between a pond and a creek horizontally less than 20 cm
apart. As such, unless tidal inundation events vary over a
platform (discussed later), the depth of the sediment-water
interface compared to the vegetated surface likely controls the
water column depth.

The mean water depth of the sulfide-rich ponds is greater
than for iron-rich ponds in all three areas (p < 0.05). There
is, however, no threshold value where it can be said that if
a pond is deeper by this amount, it will have a sulfide-rich
subsurface geochemistry. We do observe, however, that there is
greater disparity when ponds are either very shallow (<10 cm)
or very deep (>30 cm) (Figure 10E). The correlation between
water depth and subsurface geochemistry is weaker in the depth
range between 16 and 28 cm (75% of the classified ponds)
in Norfolk (Areas 1 and 2) and between 11 and 19 cm (67%
of the classified ponds) in Essex (Area 3)—where the average
water depth is shallower. We suggest the relationship between
water depth and sediment geochemistry is coincidental. Given
that photosynthetic and wind driven sources of oxygen should
be largely independent of water depth, small changes in water
depth are unlikely to generate large differences in oxygen fluxes
to the sediment. Instead, we speculate that ponds further from
creeks are simply more likely to be older (as standing water is
more likely to exist at this point). The depth of the sediment
water interface increases with this increase in the age of a pond
because vegetated capture of sediment causes the platform to
accrete faster relative to the pond (Spivak et al., 2017) and because
continual decomposition of organic matter (which has high
porosity) leaves a residual mud layer (which has low porosity),
decreasing the volume of sediment (Van Huissteden and van de
Plassche, 1998). We suggest, due to the lack of a threshold depth
dictating pond chemistry, that some other factor is driving the
pond sediment geochemistry distribution.

If, however, ponds are sufficiently shallow that they become
perennially exposed to the atmosphere by evaporation,
desiccation cracks extending as deep as 15 cm can form
(Supplementary Figure S6). Evidence of desiccation cracks
is observed far more in iron-rich pond sediments (50%) than
sulfide-rich pond sediments (5%)—particularly in Abbotts
Hall (Supplementary Figure S10)—which suggests this
may be an important ‘perturbing’ factor capable of favoring
iron-rich environments (Figure 10A). We suggest that
these cracks act as conduits allowing atmospheric oxygen
and, upon re-submergence, oxygen-rich floodwater into a
previously anoxic environment. This could regenerate Fe(III)
(oxyhydr)oxides and allow bioturbating organisms into the
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sediment (as seen in Supplementary Figures S11, S12)—
leading to favorable conditions for bacterial iron reduction
(Antler et al., unpublished). Conversely, very deep ponds will
likely favor sulfide-rich sediment conditions. As the water
column is less likely to be fully evaporated, in situ growth of
vegetation can provide a larger source of carbon to the sediment
(discussed below).

Carbon Controls
Our second hypothesis suggests differences in the form and
quantity of available organic carbon (i.e., the electron donor)
delivered to pond sediment may play a significant role in
influencing the subsurface heterogeneity. We postulate that the
balance of the distribution of oxygen and carbon plays a key role
in the redox dynamics of the sediment. It is possible that there
is heterogeneity in the delivery of sulfate or iron, however, we
dispute this as both are in excess in this local system. There is
a high sulfate flux to ponds from the tidal inundation events
which periodically flood the platform with seawater. As such,
sulfate concentrations in the ponds do not approach zero, even
in sulfide-rich pond sediments with extensive sulfate reduction
(Figure 3). This suggests that sulfate reduction rate is not limited
by sulfate concentration in the water column. The iron content
in the fine-grained sediment across East Anglia, as is present in
these salt marshes, is supplied by cliff erosion (McCave, 1987).
The nearby Crag formation, the likely provenance of the majority
of the sediment, contains high iron concentrations (originally
from glauconite) which will cause the geochemical composition
of the sediment to be iron-rich (Hamblin et al., 1997). This is
further supported by the overall high iron content (>1 mM) seen
in the vegetated platform sediment porewater (Figure 4D). The
majority of the pond sediments, upon formation, are therefore
unlikely to be limited by iron or sulfate supply. The supply of
organic carbon and dissolved oxygen (DO) over the salt marsh
is somewhat more complicated; carbon from organic matter is
supplied by a combination of terrestrial inputs, in situ growth,
and erosion of the vegetated edges of the ponds. Whilst we do
not have water column DO measurements, we would expect large
variations over diurnal cycles, from possible supersaturation in
the day to significant undersaturation at night.

A higher amount of organic carbon relative to ferrous iron
would favor the onset of microbial sulfate reduction in the
sediment. The presence of bioturbating organisms introduces
oxygen to the system through mixing of the upper 15 cm of
sediment and this reoxidises the reduced Fe(II) pool, keeping
the concentration of Fe(III) high relative to the content of
organic carbon. Over time, if random events or organic matter
accumulation lead to a condition where the Fe(III) pool is
sufficiently exhausted to allow the onset of microbial sulfate
reduction, this could cause a switch to sulfide-rich geochemical
conditions. This will happen if the sulfide concentration builds up
to where it can titrate all Fe(II) as iron monosulfides, essentially
removing the possibility of iron regeneration. Sulfide will then
be in excess in the system; the toxicity imparted by free sulfide
prevents bioturbation and acts as a positive feedback mechanism
which enforces the ‘switch.’ This also explains the characteristic
black color observed in sulfide-rich sediments.

FIGURE 11 | Distribution of organic carbon content (%) in the top 5 cm of
pond sediment. Hand-drawn zones of ‘high’ and ‘low’ organic carbon content
represent the overall relationship.

The importance of the amount of organic carbon in ‘tipping’
the system has been shown previously in laboratory incubations
with lactate (Koretsky et al., 2006; Mills et al., 2016). The
measurement of organic carbon content in the upper 5 cm in
sediment in ponds at Abbotts Hall (Area 3) allows insight into the
quantity of carbon delivered to the ponds. We find sulfide ponds
to have significantly greater organic carbon content in the upper
5 cm (p < 0.05) (one outlier was excluded from this which was
2 SD from the mean). We also observe that ponds near the creeks
have lower organic carbon content (Figure 11).

We hypothesize that if a pond is proximal to the creeks,
it is susceptible to more flooding events and thus any organic
carbon, present as dissolved organic carbon, in situ vegetation
or marine algae, would be periodically flushed more regularly
than ponds located centrally (Spivak et al., 2017). Additionally,
the drag imparted by the rough, vegetated surfaces mean that
particulate organic carbon is more likely to be deposited in the
center of the platform, as the water loses energy during the ebb
flow back to the creeks (Figure 12B). This mechanism may help
explain why sulfide-rich ponds are located further from creeks
(Figures 7, 9). On larger scales, more inland salt marsh areas
would also be less affected by these flooding events due to the
loss of energy of water as it travels up the platform (Figure 12B).
This correlates with what we show in Figure 8, where ponds with
sulfide-rich sediment are located further inland. The presence
of algal debris on the surface in drone imagery (Figure 8A)
reinforces this.

This effect of carbon flushing will likely be convolved with
the probability that more frequent flooding events add more
oxygenated seawater to ponds proximal to creeks (i.e., oxygen-
rich water gets added to water which has been stripped of oxygen
by aerobic respiration). This would enhance aerobic respiration
of organic carbon, lowering the amount of organic carbon
available to sustain subsurface microbial activity (Figure 12C).
More central ponds, however, are more hydrologically isolated
and are less regularly flushed (Figure 12C). This allows for the
in situ growth of vegetation, causing a greater organic carbon
supply to the sediment (while the oxygen produced through
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FIGURE 12 | Schematic of potential mechanisms driving pond chemistry heterogeneity over a salt marsh platform. Vertical scale is exaggerated (likely elevation
differences are within a meter). (A) Represents an earlier stage of development [T (time) = 0] in a salt marsh platform whereas (B–D) represent changes over time
[T (time) > 0] (e.g., the effects of deeper, older ponds and the potential transitioning of pond sediment geochemistry). (A) Due to the high iron content of the
sediment, all ponds should, in theory, have an iron-rich pond sediment geochemistry. The reaction shows bacterial iron reduction (BIR) reducing organic matter, with
oxygen supplied from bioturbative-mixing and oxic flood waters, which acts to regenerate the ferrous iron. Fe(II) efflux to creek demonstrates the unknown diffusive
flux at the creek wall boundary (Figure 5). (B) Periods of extremely high flooding (storm events or very high tides) from tidal creeks. All ponds are flushed with
seawater and organic carbon will be deposited. As the energy of the ebb flow decreases during retreat (due to friction with the vegetated surface), the suspended
organic carbon load will decrease as the flow returns to the creeks. If the central pond has sufficient organic matter to exhaust the ferric iron pool, microbial sulfate
reduction can occur (see reaction alongside diagram), using seawater sulfate as the electron acceptor. This will slowly act to titrate ferrous iron as iron monosulfides,
possibly acting as a switch to sulfide-rich conditions (C). (C) Low energy flooding events which may only flood ponds closer to the creeks introduces oxic water. The
interior pond is assumed to have negligible available ferric iron supply so sulfide-rich pond sediment conditions are achieved. (D) Periods of excessive dry weather
on the salt marsh platform (as observed in July 2018). Differential water head is attained due to the low hydraulic conductivity of the clay-rich sediment. More central
ponds, having a deeper water column initially, are less susceptible to full evaporation. When the water column is fully evaporated, deep (<15 cm) desiccation cracks
can occur, allowing atmospheric oxygen into the sediment. Further oxygen may be added upon submergence of the pond sediment with oxic seawater and potential
bioturbating organisms.

this in situ growth would escape to the atmosphere), favoring
sulfide-rich conditions. We suggest that the quantity and type
of organic carbon being metabolized in different ponds and
temporal studies on carbon input onto the salt marsh platform
surface need to be established before we can properly understand
this delivery process.

Subsurface and Surface Hydrological
Flow Controls
The final hypothesis to explain the spatial distribution in the
pond geochemistry is that subsurface flow, or surface flow,
may play a role in distributing reactants, such as ferrous

iron, to different parts of the salt marsh (see red arrows on
Figure 12). This mechanism is discussed further in Antler et al.
(unpublished), whereby a transient flux of ferrous iron might
allow for titration of free sulfide and thus allow bioturbation to
occur within pond sediments.

The large variation in ferrous iron concentrations among
different iron-rich pond sediments, vegetated sediment
(Figure 4) and the core taken through the creek wall (Figure 5)
indicates there is heterogeneous concentration of ferrous iron
over the salt marsh platform. The 3 mM decrease in ferrous iron
over the 5 cm boundary layer in the creek core also suggests
there is an efflux of iron out of the sediment, into the creek water.
Burrowing of crabs and other organisms appears to intensify
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this effect. The chloride and [SO4]/[Cl] data suggests this is
hydrological mixing and not simply a zone of iron reduction.
This efflux can be seen in creek water which contains up to
21 µM ferrous iron (Supplementary Table S2). From this
observation, we believe that there is subsurface movement of
ferrous iron over the platform, though we cannot offer insight
into the direction of these flows. Hydrological flow paths in salt
marshes are complex to predict; a catchment area is typically
dictated over long timescales by hydrological equilibrium
attained by the flood and ebb tides (Allen, 2000). This complexity
could be compounded if the ponds interact with these flow paths.
Additionally, surface flow likely plays some role in distributing
ferrous iron leached from the sediment and deposited closer to
the creeks with ebb tides. Evidence of an iron-oxide rich layer
on the surface would suggest that at least some portion of this
is captured upon diffusion out, though we cannot quantify this
effect. Further work would be needed to test the potential of these
fluxes to ‘switch’ pond sediment.

A Potential Mechanism
The mechanism which actually causes pond sediment to become
sulfide-rich or iron-rich is complex. It is likely some combination
of the three effects described above which, together, create
conditions favorable for a certain dominant redox condition
(Figure 12). Water column depth could play a role, particularly
where pond sediments can become sub-aerially exposed, or
where the water is so deep that atmospheric oxygen delivery
to the sediment surface is greatly curtailed (Figure 12D). The
correlation between water depth and classification of the pond
could simply be a result of both factors being controlled by
creek dynamics independently. If sea level rise causes salt
marsh accretion through vegetation-induced sediment capture,
then we would expect ponds being impacted by fewer flood
tides—the ponds distally located from creeks—to have a lower
sedimentation rate to keep pace. As such, depth distribution over
the salt marsh favors deeper ponds in the center of the salt marsh
platform as the system ages (Figures 12A–D). Since our data
suggests a higher organic carbon content in sediments located
far from creeks, there is also likely some feedback associated
with organic matter degradation and a porosity increase (Spivak
et al., 2017). The relative abundance of the surface fluxes of
oxygen and carbon compared to the subsurface fluxes of Fe(II)
and other redox available elements is important to understand
whether geochemical changes are mainly imparted from the
surface water or from the platform. It appears more likely based
on the data presented here that the surface coupling of organic
carbon and other electron acceptors acts to alter an originally
iron-rich pond sediment. This is exemplified by the in situ
sampler recording a change from iron-rich conditions to sulfide-
rich conditions as opposed to the reverse. If this were the only
mechanism, we would expect clearer boundaries of iron- and
sulfide-rich pond sediment zonation. In view of this, it is likely
that other processes are capable of influencing the geochemical
characteristics. We suggest spatially heterogeneous transient
groundwater and surface water introduction of chemical species
and the evaporation of surface water introducing desiccation
cracks as such processes for further exploration.

The fact that we see a zonal distribution of pond sediment
chemistry implies that the change in pond chemistry is faster
than rates of creek migration at present. Whilst it is thought
that creek migration is actually quite slow (due to the inability
of the flow to carry eroded sediment away) (Allen, 2000),
if drainage ditches are emplaced, as in the northern part of
Abbotts Hall, the sediment chemistry is likely to be more
susceptible to change.

CONCLUSION

Sulfide-rich and iron-rich sediments are found throughout the
East Anglian salt marshes. There is a continuum of observational
evidence and porewater geochemical signatures which suggest
that these classifications can encapsulate a range of geochemical
behaviors. The distribution and in situ sampler data indicate
that pond sediment geochemistry can be readily altered in
terms of chemical classification over as short a timescale as a
year. Drone based mapping of the salt marshes has shown that
ponds containing sulfide-rich sediments tend to be congregated
in the center of a salt marsh aggregate of ponds, further
away from larger creek networks. We hypothesize that this
is due to a combination of factors, including delivery of
organic carbon across the salt marsh platform, variation in
physical characteristics based on the position of the pond (i.e.,
water depth and the propensity for total evaporation), and
a possible sub-surface groundwater flow distributing reactants
based on position on the salt marsh. This study suggests
that some combination of these effects will result in chemical
heterogeneity of salt marsh pond sediment geochemistry and that
no single mechanism appears dominant. The results suggest that
artificial drainage ditches, common in these East Anglian salt
marshes, could alter the geochemistry of these pond sediments
on short timescales. This has consequences for the carbon
budget, and for nutrient and trace metal capture within salt
marsh ecosystems.
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Grassland carbon capturing and storage (CCS) is thought to benefit from regulation of

grazing. The impact is likely to depend on livestock density. Yet, few studies have tested

this principle or evaluated the consistency of grazer-carbon relationships across multiple

sites. We sampled four intertidal zones across 22 salt marshes along a 650 km stretch of

coast in the UK to examine the impact of livestock density on globally important saltmarsh

“blue carbon” stocks. Although there were marked impacts of grazing pressure on

above ground vegetation composition, structure and biomass, there was no detectable

relationship between grazing intensity and soil organic carbon, irrespective of tidal zone

in the marsh or soil depth-layer analyzed. A substantial spatial variation in soil carbon

was instead explained by contextual environmental variables. There was evidence that

compensatory responses by vegetation, such as increased root growth, countered

carbon loss from grazing impacts. Our work suggests that grazing effects on carbon

stocks are minimal on broader scales in comparison with the influence of environmental

context. The benefits of grazing management to carbon stores are likely to be highly

context dependent.

Keywords: blue carbon, grazing, saltmarsh, broad-scale, environmental context

INTRODUCTION

Environmental policies and management seek to optimize natural carbon capture and storage
(CCS) across natural landscapes (Richards, 2004; Beaumont et al., 2014). Natural landscapes that
are of most interest for carbon storage, such as peat bogs, upland heathland, mangroves and salt
marshes, are often subject to livestock grazing that can influence CCS (Reeder and Schuman, 2002;
Ostle et al., 2009; Donato et al., 2011; McSherry and Ritchie, 2013). Effective management of CCS
relies both on understanding the nature of the relationship between CCS and intensity of land-use,
and the consistency of this relationship across environmentally variable landscapes.While there are
several ways to enhance the CCS potential of natural landscapes (Wallage et al., 2006; Ostle et al.,
2009; Dung et al., 2016), adjustment of livestock grazing pressure is perhaps one of the easiest to
manage and implement.

Natural and semi-natural grasslands, such as prairies, steppes and plains provide a valuable
insight into the impact of livestock grazing on above- and below-ground processes (Kang et al.,
2007). Globally, more than 40% of grasslands are grazed by livestock (Reid et al., 2008); thus, the
regulation of stocking density provides an opportunity to positively influence carbon sequestration
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(Tanentzap and Coomes, 2012). While the sum of direct
emissions of carbon dioxide and methane associated with
livestock respiration, digestion and fecal decomposition increase
with stocking density (Murray et al., 2001; Pinares-Patino
et al., 2007), grazers also have strong above ground impacts
on vegetation (Figures 1A,B) (McNaughton, 1979; Jensen, 1985;
Facelli and Pickett, 1991; Olofsson and Oksanen, 2002; Cao
et al., 2004), indirectly linking to below ground processes
associated with CCS (De Deyn et al., 2008). The direction and
magnitude of the impacts of livestock grazing are dictated by
its intensity. Given the relationship between above and below
ground processes (Bardgett and Wardle, 2003), it might be
expected that an increase in grazing intensity will lead to a
decrease in below ground soil carbon stocks. However, plant
compensatory responses, such as increased root growth and
increased carbon allocation to the roots with elevation of grazing
pressure, can sometimes counter the above ground effects of
grazers on carbon storage (Sollins et al., 1996; Derner et al.,
2006; Tanentzap and Coomes, 2012). For example, light or
moderate grazing intensity results in a fast growing, diverse
plant community, increased root growth, and increased carbon
allocation to the roots. In contrast, heavy grazing intensity results
in minimal above ground biomass, low species richness and
stunted root growth (Schuster, 1964; McNaughton, 1979; Jensen,
1985; Kiehl et al., 1996).

There is the expectation that regulation of livestock density
will benefit below ground carbon stocks (Frank et al., 1995;
Conant et al., 2000; Derner et al., 2006; Yu and Chmura, 2010;
Ward et al., 2016). Here we employ a multi-site study to explore
whether grazing has detectable broad-scale impacts on above-
and below-ground carbon stores in salt marshes, an ecosystem
that is reputedly rich in carbon stocks (Duarte et al., 2013). So far,
saltmarsh grazer-carbon relationships have only been explored by
small scale studies and these have generated conflicting results
from increases in soil C (Schuman et al., 1999; Derner et al., 2006;
Yu and Chmura, 2010; Elschot et al., 2015a) to decreases in soil
C (Morris and Jensen, 1998; Reader and Craft, 1999; Klumpp
et al., 2009; Tanentzap and Coomes, 2012; Di Bella et al., 2015)
or varied/no impacts (Meyer et al., 1995; Ford et al., 2012; Chen
et al., 2015; Schipper et al., 2017) Large-scale studies are needed
given that the likely cause for conflicting evidence is that grazing
imapct on cabon storage is context dependent as suggested by
recent systematic reviews (Conant and Paustian, 2002; McSherry
and Ritchie, 2013; Davidson et al., 2017). In this study, we
aim to empirically determine whether livestock grazing shows a
significant impact on above- and below-ground salt marsh blue-
carbon stocks in relation to several environmental parameters
across a large biogeographical region.

Salt marshes are characterized by halophytic herbs, grasses
and low shrubs that are periodically inundated with saline
water, forming distinct plant communities zoned along the
vertical stress-gradient of tidal inundation (Adam, 1990a)
(Figure 1B). Salt marshes, along with mangroves and seagrass
beds, are thought to provide longer-lasting and far denser
“blue” carbon stores than most terrestrial systems, although salt
marsh carbon stocks do vary considerably with marsh maturity,
geomorphology and environmental setting (Sousa et al., 2010;
Mcleud et al., 2011; Hayes et al., 2017; Himes-Cornell

et al., 2018). Carbon stores are rich and long-lasting in
marshes because they have high plant productivity (Middelburg
et al., 1997) and sulfate rich, anaerobic sediments with
slow organic deposition rates (Howarth, 1984; Valiela et al.,
1985; Mueller et al., 2017) The low-energy, depositional
characteristics of salt marshes also make them excellent carbon
sinks (Chmura et al., 2003; Andersen et al., 2010) as much
of the particulate material trapped by marshes is rich in
externally produced organic matter (Van de Broek et al., 2018;
Mueller et al., 2019).

Globally, many salt marshes are grazed by livestock for
meat production and conservation management (Gedan et al.,
2009). In un-grazed marshes the main inputs to soil carbon
are sedimentation (Stumpf, 1983), degradation of root matter
and plant litter deposition (Saunders et al., 2006), while the
main outputs are gas emissions of carbon dioxide and methane
(Morris and Whiting, 1986; Bartlett et al., 1987; Ford et al., 2012;
Kingham, 2013) and sediment loss from wave and tidal erosion
(Chalmers et al., 1985; Kingham, 2013). Introducing livestock
is likely to have conflicting effects on saltmarsh properties and
processes that affect CCS (Figure 1C) (Schuster, 1964; Jensen,
1985; Kiehl et al., 1996; McNaughton et al., 1998; Milotić
et al., 2010). For example, above ground biomass and plant
litter are likely to decrease under all grazing regimes (Bakker,
1985; Jensen, 1985; Kiehl et al., 1996). Consequently, less
sediment, and associated carbon, would be trapped by vegetation
during immersion (Neuhaus et al., 1999; Mueller et al., 2017).
Conversely, soil compaction by livestock reduces soil pore size
and induces anaerobic conditions (Tanner and Mamaril, 1958;
Mueller et al., 2017), which in turn diminishes decomposition
and carbon dioxide emission rates (Scanlon and Moore, 2000;
Hussein and Rabenhorst, 2002; Elschot et al., 2015b). Grazer
introduction of terrestrial sources of organic matter in to marshes
may alter microbial community composition, which in turn can
cause microbially-controlled pathways to allocate more carbon to
medium- and long-term storage pools (Olsen et al., 2011; Mueller
et al., 2017). In terrestrial wetlands anaerobic conditions result in
microbial communities that increase methane emissions (Wang
et al., 1996), but in salt marshes methane emissions are limited by
abundant sulfate-reducing bacteria (Winfrey and Ward, 1983);
therefore soil compaction at high stocking densities would be
expected to reduce carbon loss by gas efflux in salt marshes.

We surveyed salt marshes across the west coast of the UK,
covering a range of livestock densities, to investigate the broad-
scale impacts of grazing intensity on salt marsh below-ground
carbon stock. We expected grazing would reduce vegetation
height and biomass (Figure 1C) and predicted that below ground
carbon stock would significantly decrease at the highest stocking
density, due to strong coupling between above and below
ground processes. The study explored if grazer-induced loss of
above-ground carbon input was counteracted by below-ground
increased root growth at lower stocking densities (Figure 1C).
Light and intense grazing were expected to increase and reduce
plant diversity, respectively (Figure 1C). The study collected
information on abiotic environmental variables to explore the
influence of environmental context on salt marsh soil carbon, and
to contrast the relative importance of context against the effects
of grazer density.
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FIGURE 1 | Salt marsh ecology and impacts of grazing. (A) The contrast between an un-grazed marsh (left) and an intensively grazed marsh (right). (B) A

diagrammatic representation of a salt marsh showing zonation according to tidal inundation: extreme high-water spring (EHWS), mean high water spring (MHWS),

mean high water (MHW) and mean high water neap (MHWN). Only the pioneer, low, mid and high zones were sampled in this study. Grazer preference is indicated

showing decreased grazing activity in the lower zones. (C) Predicted effects of a range of grazing intensities on vegetation height, aboveground biomass, species

richness and root biomass according to the literature (Stumpf, 1983; Jensen, 1985; Facelli and Pickett, 1991; McNaughton et al., 1998). Grazing is shown as “Grazing

Intensity” category classified according to a Welsh Assembly Grazing Management Scheme (un-grazed, lightly grazed, moderately grazed and intensively grazed) and

Livestock Units per hectare per year (LSU ha−1 yr−1). (D) Location of the 22 study sites along the coasts of west Wales and northwest England.

MATERIALS AND METHODS

Study Sites
Soil carbon stock was sampled in 22 salt marshes along a 650 km
stretch of the west coast of the United Kingdom (Figure 1D;
Table 1). Sites were in a single biogeographical saltmarsh region
(Adam, 1990a); they were selected to incorporate a wide range
of stocking densities with grazing regimes that were known and
had been consistent for the past 30 years or more (Table 1).
Although there were around 35–40 salt marshes within this
region, marshes that were too small (<2 hectares), had a too
much freshwater influence, or those where access was denied by
landowners were excluded.

Livestock Units (LSU ha−1 yr−1) were used as a standardized
measure of stocking density, where 1 LSU = 1 cow/6.6
sheep/33 geese (Almunia, 2009; Welsh Government, 2017).
Management schemes in the UK stipulate grazing pressure
by categorizing sites into a range of grazing intensities.
Thus, sites were categorized into four grazing intensities
based on Tir Gofal, an agri-environmental scheme in Wales
(un-grazed; lightly grazed: <0.3 LSU ha−1 yr−1; moderately

grazed: 0.3–0.7 LSU ha−1 yr−1; intensively grazed: >0.7 LSU
ha−1 yr−1). Stocking densities (Table 1) and the Tir Gofal
grazing categories were comparable to those observed in grazing
studies from other salt marshes (Andresen et al., 1990; Berg
et al., 1997; Neuhaus et al., 1999) and terrestrial grasslands
(Rauzi and Hanson, 1966; Haveren, 1983; Graff et al., 2007;
Proensky et al., 2016).

Sampling Design
Sampling of each marsh was stratified using the four marsh
vegetation zones at different shore elevations classically
recognized in the salt marsh literature: pioneer, low, mid, and
high marsh (Figure 1B) (Adam, 1990a). Some sites had fewer
than four marsh zones due to embankments at the top end
and/or erosion at the seaward margin (Table 1). Each zone was
sampled in a 100mwide area, using 10 randomly located 2× 2m
quadrats. Above-ground plant measurements were sampled in all
10 quadrats and four of the quadrats were additionally sampled
below ground. Table 1 shows the total number of quadrats
per site.
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TABLE 1 | Site details.

Marsh name Grid ref. (BNG) Zones present Quadrats sampled Grazing intensity Stocking rate

(LSU/ha/yr)

Livestock

type

Historical

grazing
Vegetation Core

Dyfi west SN 62749 93642 P, L, M 30 12 Intensive 0.79 Sheep

(Geese)

As current

Ynys Hir SN 67857 97121 M, H 20 8 Light 0.26 Sheep

(Geese)

Intensive before

2000

Dyfi north SN 68761 97392 H 10 4 Intensive 3.45 Sheep

Cattle (Geese)

As current

Fairbourne SH 61474 13776 P, L, M 30 12 Moderate 0.70 Sheep As current

Shell Island SH 56065 26477 L, M, H 30 12 Un-grazed 0.00 N/A As current

Morfa harlech SH 57690 35232 P, L, M, H 40 16 Moderate 0.40 Sheep

Cattle

As current

Y foryd SH 44482 58512 P, L, M, H 40 16 Un-grazed 0.00 N/A As current

Malltraeth SH 39742 66134 P, L, M, H 40 16 Un-grazed 0.00 N/A As current

Four mile bridge SH 28148 78038 P, L, M, H 40 16 Un-grazed 0.00 N/A As current

Morfa madryn SH 66919 74629 M 10 4 Moderate 0.70 Sheep As current

Talacre SJ 12550 84799 L, M 20 8 Un-grazed 0.00 N/A As current

Oakenholt SJ 25667 72756 L, M 20 8 Light 0.29 Sheep As current

Widnes warth SJ 52747 84954 H 10 4 Un-grazed 0.00 N/A Light cattle

before 1999

Crossens SD 36189 21676 L, M, H 30 12 Light/Un-grazed 0.10 Cattle As current

Banks marsh SD 39078 23861 M 10 4 Intensive 0.82 Cattle As current

Longton SD 45374 25461 H 10 4 Light 0.24 Sheep

Cattle

As current

Warton bank SD 40208 26614 M, H 20 8 Light 0.19 Cattle As current

Stannah SD 35472 43247 L, M 20 8 Un-grazed 0.00 N/A As current

Glasson SD 43981 56127 P, L, M, H 40 16 Intensive 2.26 Sheep

Cattle

As current

Conder green SD 45673 56416 P, L, M, H 40 16 Un-grazed 0.00 N/A Light before

1990

Sunderland SD 41860 56333 P, L, M, H 40 16 Intensive 0.82 Cattle As current

Carnforth SD 47808 71776 M, H 20 8 Intensive 0.72 Sheep As current

Total: 570 228

Details for each of the 22 marshes in the study listed from south to north. There were up to four zones present on each marsh: pioneer (P), low (L), mid (M), and high (H). Stocking rate

was calculated using stocking density information obtained from landowners, marsh size and duration of grazing throughout the year. A grazing intensity label was then assigned to each

marsh according to a stocking density scale adapted from Tir Gofal. Historical grazing information is also shown for each marsh. Crossens is a large marsh which is mostly un-grazed.

The top of the marsh (the landward side of the high marsh) is fenced off and is lightly grazed by 100 cattle for half of the year. The seaward half of the high marsh, the mid marsh and

the low marsh zones all remain un-grazed.

Above and Below-Ground Sampling
Ten quadrats per zone were sampled above-ground for the
following. Percentage cover per vegetation species was estimated
by eye (Rodwell et al., 2000). Vegetation mean (n = 5) and
maximum heights (n = 1) were observed according to Stewart
et al. (2001). Vegetation biomass and litter biomass were sampled
in a 25 × 50 cm area at the bottom left corner of each quadrat:
live vegetation was cut at the soil level and dead litter was
collected from the soil surface. Vegetation samples were then
dried (80◦C, 3 d). Four quadrats per zone were sampled below-
ground for the following. One soil core (46mm diameter, 46 cm
deep) was taken centrally in the quadrat using a split tube corer
with removable PVC liner that held the sediment until analysis.
Three bulk density soil samples (4.8 cm diameter, 2.5 cm deep)
were taken at the soil surface by each soil core and pooled.
The mean (n = 5) soil surface compaction and subsurface soil

strength were observed using a Geotest pocket penetrometer
and a Pilcon shear vane, respectively. In the laboratory, the
soil core was split lengthways into two halves: a half-core for
root analysis and a half-core for soil organic carbon (SOC)
analysis. The root core was divided into 5 cm depth segments;
roots per segment were washed free of sediment over a 0.5mm
meshed metal sieve and dried (80◦C, for 3 d). Sediment was
extracted from the SOC half-core at five depths: 0–2, 5–7,
11–13, 22–24, and 44–46 cm; roots were manually removed
and soil organic matter (SOM) was determined by loss on
ignition (Ball, 1964; Schumacher, 2002) of 10 g homogenized
sub-samples per depth. SOM was converted to SOC (%) by
a quadratic formula (Craft et al., 1991). Bulk density samples
(BD) had large roots and stones removed before being dried
(105◦C, 16 h), where-after SOC density (g C cm−3) was calculated
(Emmet et al., 2008).
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Observations of Environmental Contextual
Predictor Variables
Data on abiotic indicators of environmental context were collated
to examine the influence of environmental context on patterns
of SOC. Sediment grain-size samples were taken alongside
SOC samples (core depths: 0–2, 5–7, 11–13, 22–24, and 44–
46 cm) and analyzed in a Malvern Mastersizer 2000 laser particle
size analyser after H2O2 treatment (Robinson, 1927). Marsh
geomorphological type was classified according to Allen (2000).
Site wave exposure was calculated according to Burrows et al.
(2008). Estuarine water quality variables (dissolved inorganic N,
Orthophosphate, Silicates, pH, salinity, and suspended solids)
were obtained from the June-2009 to May-2012 observational
dataset held by the Environment Agency of Wales and north-
west England.

Data Analysis
The study ran separate analyses for each of the four marsh
zones (Figure 1B), as well as a single analysis with all
zones incorporated. Single-zone analyses were included because
substantial between-zone variation in environmental context
made it difficult to detect grazing effects in the all-data analysis.
Carbon in the top 12 cm of soils was assumed accumulated over
the 30-years period for which we knew the grazing history of
sites (Table 1), given the region’s 3–4mm y−1 vertical accretion
rate (Shi, 1992; French and Spencer, 1993; Cundy and Croudace,
1996; Fox et al., 1999; Van der Wal et al., 2002; Shepherd
et al., 2007). The grazing history of soils deeper than 12 cm
was uncertain. The analysis took into consideration this depth-
dependent variation in the temporal coupling of soil SOC with
known grazing regimes: separate analyses were done for soil
layers from 0 to 2, 0 to 10, and 0 to 50 cm. The top soil profile
(0–2 cm) was regarded to be indicative of the present flux of
material from above ground biomass (e.g., litter) to the below
ground carbon pool. This layer was expected to show a tight
coupling between above and below ground processes, and to
be representative of the current grazing regime. The middle
profile (0–10 cm) encompassed most of the root biomass and
reflected the 30-years time scale for which the grazing regimes
of marshes were known. This layer was expected to be less
representative of the current above ground processes than the
0–2 cm depth profile, but to still show a weak coupling between
above and below ground processes. The deepest profile (0–
50 cm) was considered a metric of grazing in relation to the
broader contextual influences. Some cores lacked the deepest
soil layer (44–46 cm); missing points were estimated using
regression techniques based on the remaining real-data points
from the core.

Analyses explored the effects of grazing intensity on a
categorical scale (un-grazed, light, medium and intense grazing),
which are used by grazing management schemes, and on
a continuous scale (LSU ha−1 yr−1) to look for threshold
levels in carbon-grazing relationships. Analyses of Variance
(ANOVA) or the non-parametric equivalent (Kruskal-Wallis
multiple comparisons) were used to assess the impact of
grazing as a categorical factor on plant height and biomass

and on the individual depth profiles for root biomass and
SOC. A p-value threshold of 0.05 was used throughout the
analysis. A multivariate Permutational Analysis of Variance
(PERMANOVA) (Anderson, 2005) was used to analyse the
impact of grazing as a categorical factor on root biomass and
SOC across all soil depth profiles, and an Analysis of Covariance
(ANCOVA) was run on SOC with depth as a covariate to analyse
the impact of grazing on the rate of SOC decrease with depth. A
series of regression analyses were used to determine the impact of
grazing as a continuous variable on both the aboveground plant
characteristics and the individual depth profiles for both root
biomass and SOC. The effects of factors grazing intensity (four
categorical levels) and zone (four levels) on plant community
composition was analyzed using 2-way PERMANOVA, followed
by a similarity percentage test (SIMPER) to identify species that
most strongly characterized compositional differences between
grazing intensities (Primer statistical package: Clarke, 1993;
Clarke and Warwick, 2001). The PERMANOVA was run with
9,999 permutations on a log transformed Bray-Curtis similarity
matrix. False Discovery Rate (FDR) control p-values were
calculated in Microsot Excel for all analyses to compensate for
the large number of tests (Verhoeven et al., 2004) and partial
eta squared effect sizes (η2p) were calculated in Microsoft Excel
for all results where ≥0.0099 was a small effect, ≥0.0588 was
a medium effect, and ≥0.1379 was a large effect (Cohen, 1988;
Richardson, 2011). Finally, a mixed effects model was used to
analyse the impact of multiple environmental and contextual
factors (including grazing measured as LSU) on soil organic
carbon (R Core Team, 2012). The model was run on the overall
data set, the combined high marsh zone and mid marsh zone
data (zones most used by grazers: Sharps et al., 2017), and the
combined low zone and pioneer zone data (zones least likely to
be influenced by grazers: Sharps et al., 2017).

RESULTS

Grazing had significant impacts on above ground vegetation,
as expected. Plant height (ANOVA, factor Grazing Intensity:
F3, 9 = 17.67, p < 0001, η

2
p = 0.494), above ground biomass

(ANOVA, factor Grazing Intensity: F3, 9 = 6.96, p = 0.040, η
2
p

= 0.181) and plant litter biomass (K-WMC: H3 = 135.12, p <

0001) all significantly decreased with increasing grazing intensity
regardless of whether grazing was treated as a categorical (grazing
intensity category) or continuous (LSU) variable (Figure 2).
There was no significant effect of grazing on plant species
richness (ANOVA, factor Grazing Intensity: F3, 9 = 0.05, p =

0.387, η2p = 0.072), although community composition did change
with grazing intensity in the mid marsh [PERMANOVA, factor
Grazing Intensity: Pseudo F(3) = 2.071, P(perm) = 0.029]. A
SIMPER analysis found that communities of un-grazed marshes
were generally highly variable and dominated by one of several
community types (Festuca rubra, Atriplex portulacoides or a
diverse Plantago maritima/Puccinellia maritima community).
Light and moderately grazed marshes were less variable and
were consistently dominated by Puccinellia maritima, a stress-
tolerant, low marsh species. Intensively grazed marshes were
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FIGURE 2 | Grazing impacts on above ground vegetation. Results of the regression analysis showing the relationship between grazing intensity (stocking density,

LSU ha−1) and (A) average vegetation height, (B) above ground biomass and (C) litter biomass. All significantly decreased with an increase in stocking density, with

litter biomass reducing to almost zero as soon as grazers are introduced.

characterized by a low-diversity Festuca rubra sward, which
changed little between eachmarsh. Grazing also impacted surface
soil compaction (ANOVA, factor: Grazing—F3,18 = 6.39, p
= 0.003, ηp

2
= 0.355), with soil compaction increasing with

increasing grazing intensity.
Grazing had no single or interactive effects on below

ground soil organic carbon (SOC) [PERMANOVA, factor
Grazing Intensity: Pseudo F = 1.18, P(perm) = 0.327] or
root biomass [PERMANOVA, factor Grazing Intensity:
Pseudo F = 1.35, P(perm) = 0.235] for any of the
sediment depths analyzed, regardless of whether grazing
was treated as a categorical or continuous variable (Figure 3)
(Supplementary Information S1: Regression Table). The rate
of decline in SOC with soil depth did not vary significantly
between grazing intensities (ANCOVA, factor Grazing Intensity:
F3, 1093 = 0.64, p = 0.597, ηp

2
= 0.009), although SOC did

significantly decrease with depth (Figure 4) (ANCOVA, factor
Depth: F1, 1093 = 219.96, p < 0.001, η

2
p = 0.166). There was

no overall (all zones) relationship between root biomass and
stocking density (LSU), except for a significant positive relation
of root biomass with LSU in the surface soils of the high marsh,
suggesting a possible plant compensatory response in this zone
(Supplementary Information S1: regression table).

SOC (ANOVA, factor: Zone—F3, 18 = 5.09, p < 0.001, ηp2 =
0.193) and root biomass (ANOVA factor: Zone—F3, 18 = 41.47,
p < 0.001, ηp

2
= 0.365) did differ between marsh zones: both

were higher in the mid and high zones than in the low marsh
and pioneer zone. A Tukey HSD test showed that there was
significantly less SOC in the top 10 cm of soil of the pioneer (x
± SD = 0.009 ± 0.007) and low marsh (0.014 ± 0.008) zones
than in the mid (0.019 ± 0.008) and high (0.017 ± 0.008) marsh
zones. SOC in the top 50 cm of soils was lower in the pioneer
zone (0.007 ± 0.005) than in the other three zones (low: 0.012
± 0.007; mid: 0.014 ± 0.005; high: 0.012 ± 0.005). A similar
pattern was found for root biomass where root biomass in the
top 10 cm was significantly lower in the pioneer zone (0.003 ±

0.005) than in the other three zones (low: 0.011 ± 0.007; mid:
0.015 ± 0.011; high: 0.021 ± 0.015) and was significantly higher
in the high marsh than in the other three zones. This pattern
was expected as older, higher marsh zones have had longer to
accumulate organic matter.

The substantial spatial variation in SOC (Figure 3) was due
to consistent among-marsh differences in SOC (ANOVA, factor
Marsh: F18, 18 = 7.95, p < 0.001, ηp2 = 0.315) and root biomass
(ANOVA, factor Marsh: F3, 18 = 7.14, p < 0.001, ηp

2
= 0.392),

suggesting that contextual differences among marshes had a
greater influence on carbon stocks than grazing. A linear mixed
effects model found that SOC in the top 10 cm of soil had
a significant association with plant community composition
(F16, 181 = 3.10, p < 0.001), but this relationship generally did
not translate down to the deeper soil layers (F16, 181 = 1.17, p =

0.292). SOC in the deeper soil profiles of the higher marsh zones
showed a significant association with marsh morphology (F5, 12
= 3.92, p = 0.024), tidal range (F1, 12 = 11.86, p = 0.005) with
more SOC in marshes with higher tidal ranges, and wave fetch
(F1, 12 = 21.69, p = 0.001) with higher SOC in more sheltered
marshes. SOC in the deeper profiles in the lower marsh zones
was significantly associated with soil grain size, with less SOC in
coarse sediments (F1, 69 = 29.38, p < 0.001) (Table 2).

DISCUSSION

Our study shows that clear above ground effects of grazing do not
necessarily translate to below ground effects on soil carbon stocks
on the broad-scale. We found no detectable effect of grazing on
carbon density (g C cm−3), irrespective of which soil depth or
marsh zones were considered, or whether or not grazing was
considered a categorical or continuous predictor of carbon. The
expectation of coupled above to below-ground effect of grazing
negates the many complex interactions that vegetation and
carbon may have with livestock. Grazing has complex influences
on grassland abiotic (e.g., compaction) and biotic (e.g., vegetation
biomass and structure) conditions that influence carbon capture
and storage (Andresen et al., 1990; Bardgett and Wardle, 2003;
Bhogal et al., 2010). Increased stocking density can also initiate
compensatory responses by the vegetation community (Holland
et al., 1996; Tanentzap and Coomes, 2012) and Tanentzap and
Coomes (2012) showed that a small reduction of soil carbon
storing in the early years after grazer addition tailed off to
no effect of grazing when study systems had sufficient time to
develop compensatory responses to herbivory. We found that
livestock grazing weakly stimulated the root content in high
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FIGURE 3 | Soil organic carbon density vs. grazing intensity by zone for each of the depths analyzed. Results of the regression analysis showing the relationship

between soil organic carbon density and grazing intensity (stocking density, LSU ha−1) for each zone and for each of the depth profiles analyzed: top 2 cm, top

10 cm, and top 50 cm. With the false discovery rate corrections (Verhoeven et al., 2004), there were no significant impacts of grazing on soil carbon

(Supplementary Information S1: regression table).

FIGURE 4 | Soil organic carbon with depth for four different grazing intensities. The mean ± standard error soil organic carbon vs. soil depth for each marsh within

each “Grazing Intensity” category: (A) un-grazed (n = 8 marshes), (B) lightly grazed (n = 5), (C) moderately grazed (n = 3), and (D) intensively grazed (n = 6). Each

line represents a single marsh.

marsh soils, suggesting that there is some compensation by the
species in the vegetation community, thereby mitigating any
negative impact of grazing on soil carbon stocks (Tanentzap and
Coomes, 2012). Similarly, changes in the microbial communities
on grazed marshes may also have increased SOC due to the
introduction of terrestrial organic matter from the livestock
(Mueller et al., 2017). Alternatively, carbon turnover in microbial
communities may have been slower, due to lower redox levels
under grazed regimes, resulting in reduced microbial exo-
enzymes and therefore slower decomposition rates and greater
carbon accumulation in medium- and long-term storage pools
(Olsen et al., 2011; Mueller et al., 2017).

In salt marshes, above ground plant adaptation to grazing
occurs within a few years to a decade of introduction of
grazers (Kuijper and Bakker, 2004). Our sites had been exposed
to the same grazing regimes for a minimum of 30 years
prior to the study—long enough for plant compensation
to take place. We do not dismiss that grazers might have
diminished the annual carbon storage at some point; for
instance, in the early years following grazer introduction,
when some studies have found that grazing can impact on
carbon storing (Yu and Chmura, 2010; Sammul et al., 2012).
However, over time, this early reduction of soil carbon
stocks is likely to have been diluted into insignificance
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TABLE 2 | ANOVA output from mixed effects model.

Effect df 0–2cm depth 0–10cm depth 0–50cm depth

F p m F p m F P m

OVERALL

Zone 3, 181 28.11 <0.001 *** 23.58 <0.001 *** 8.77 <0.001 ***

Grazing (LSU) 1, 181 2.78 0.097 0.44 0.505 0.04 0.851

Marsh area (ha) 1, 12 9.52 0.010 * 2.94 0.112 1.99 0.184

Tidal range (m) 1, 12 12.00 0.005 ** 1.80 0.204 5.58 0.036 *

Wave fetch (m) 1, 12 0.68 0.426 10.15 0.008 ** 11.56 0.005 **

Marsh geomorphology 5, 12 1.61 0.231 2.99 0.056 2.38 0.101

Community composition 16, 181 3.10 <0.001 *** 1.67 0.057 1.17 0.292

Percent coarse sand 1, 181 2.52 0.114 0.07 0.798 4.95 0.027 *

HIGH AND MID ZONES

Zone 1, 96 1.02 0.315 0.29 0.592 0.06 0.800

Grazing (LSU) 1, 96 0.29 0.592 0.87 0.353 5.51 0.021 *

Marsh area (ha) 1, 12 8.73 0.012 * 4.75 0.050 2.88 0.115

Tidal range (m) 1, 12 7.20 0.020 * 2.40 0.147 11.86 0.005 **

Wave fetch (m) 1, 12 0.29 0.602 10.71 0.007 ** 21.69 0.001 **

Marsh geomorphology 5, 12 2.42 0.098 3.34 0.040 * 3.92 0.024 *

Community composition 11, 96 4.15 <0.001 *** 3.02 0.002 ** 2.18 0.021 *

Percent coarse sand 1, 96 5.05 0.027 * 0.71 0.402 4.95 0.029 *

LOW AND PIONEER ZONES

Zone 1, 69 26.83 <0.001 *** 20.81 <0.001 *** 35.17 <0.001 ***

Grazing (LSU) 1, 5 6.97 0.046 * 1.91 0.225 0.07 0.799

Marsh area (ha) 1, 5 0.20 0.674 0.05 0.825 0.37 0.570

Tidal range (m) 1, 5 8.50 0.033 * 2.48 0.176 13.53 0.014 *

Wave fetch (m) 1, 5 0.11 0.725 3.00 0.144 11.27 0.020 *

Marsh geomorphology 4, 5 3.21 0.117 4.34 0.069 14.77 0.006 **

Community composition 6, 69 3.90 0.002 ** 1.55 0.175 1.42 0.219

Percent coarse sand 1, 69 5.53 0.022 * 27.38 <0.001 *** 19.26 <0.001 ***

Results of a mixed effects model with soil organic carbon as a response variable and zone and several environmental variables as predictor variables. Column headers depict degrees

of freedom (df: numerator, denominator), F-values (F), and p-values (p). Significant results are emboldened and indicated by a series of asterisks, where * denotes p < 0.05, ** denotes

p < 0.01 and *** denotes p < 0.001.

by decades of compensation by the plant community
(Tanentzap and Coomes, 2012).

Across a large biogeographical region, variation in
environmental drivers had a stronger influence on carbon
stocks than livestock density. Salt marshes are at the interface
between terrestrial and marine environments (Adam, 1990b)
and are subjected to greater spatial and temporal variation
in environmental conditions, and hence more disturbance,
than many grazed terrestrial grasslands (Adam, 1990c).
Environmental context determines much of the external carbon
inputs to salt marshes. For instance, sedimentation rates are
linked to the local tidal regime (Stumpf, 1983) and allochthonous
organic matter, that imported with marine sediment rather than
created on the salt marsh, can contribute considerably to SOC
stocks where tall vegetation traps sediment (Van de Broek et al.,
2018; Mueller et al., 2019). Arguably, the impact of grazing on
saltmarsh carbon is comparatively weak relative to the influence
of sharp background environmental gradients (Grime, 1974;
Nolte et al., 2013). The assumption that carbon capture and

storage benefits from management of grazing might well be
tenuous in naturally variable and disturbed systems, such as
salt marshes.

The observed lack of grazer effects on carbon stock is
consistent with the findings of a few smaller-scale grazer
presence/absence studies (Meyer et al., 1995; Ford et al.,
2012), but it disagrees with studies made in North America
(Reader and Craft, 1999; Yu and Chmura, 2010). A recent
systematic review showed grazer effects on carbon have only
been demonstrated in the USA (Davidson et al., 2017), where
marshes are structurally and functionally different too much
of the rest of the world (Catterjsse and Hampel, 2006; Bakker
et al., 2015). In the USA much of SOC is derived from prolific
within-marsh plant production, whilst in Europe the majority of
carbon is externally derived through sedimentation (Catterjsse
and Hampel, 2006; Bakker et al., 2015). Thus, carbon storing
in European type marshes may be more strongly influenced
by extrinsic processes that regulate sedimentation than intrinsic
processes that influence the vegetation, such as grazing pressure.
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This deduction is corroborated by the observation made here
that environmental context explained the majority of spatial
variation in carbon stock, whereas the effects of grazing could not
be detected.

Our expectations of negative impacts of grazing on soil
carbon stocks were based on evidence from a combination of
single-site, experimental studies (Schuster, 1964; Klumpp et al.,
2009; Yu and Chmura, 2010; Ford et al., 2012) and meta-data
analyses from both terrestrial grasslands and coastal wetlands
(Chmura et al., 2003; Tanentzap and Coomes, 2012). None of
these studies incorporated a full range of grazing intensities,
as we did here; nor did they view the influence of grazing in
the context of natural variation. Our study does not imply that
grazing has no effect on carbon stocks; rather it shows that
the effect of grazing was insufficiently strong or consistent to
be detectable above the broad-scale influences of environmental
variation and compensation by vegetation. This finding implies
that management schemes that stipulate grazing regimes across
multiple sites are unlikely to generate spatially consistent effects
on carbon stocks. Furthermore, our study only looked at
carbon stocks and not carbon sequestration rates. The carbon
stocks in this study are a product of accumulated inputs and
outputs of organic and inorganic carbon from autochthonous
and allochthonous sources, and while there was no impact of
grazing on the overall carbon stocks, grazing may affect carbon
sequestration rates and mechanisms. There are still many good
reasons to manage grazing, such as safeguarding the provision
of other ecosystem services, including wave attenuation (Möller
et al., 1999), sea defense (King and Lester, 1995; Möller et al.,
2007); habitat management (Norris et al., 1997) and biodiversity
conservation (Adler et al., 2001). It may be that the regulation
of grazing intensity is of particular benefit to above-ground
functioning of saltmarshes, such as the provisioning of wildlife
habitat and the regulation of gaseous fluxes, and less beneficial to
below-ground processes, such as carbon storing.
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Seagrass meadows are an important wetland habitat that have been degraded globally

but have an important carbon storage role. In order to expand the restoration of these

productive and biodiverse habitats methods are required that can be used for large scale

habitat creation across a range of environmental conditions. The spreading of seagrass

seeds has been proven to be a successful method for restoring seagrass around the

world, however in places where tidal range is large such methods become limited by

resultant water movements. Here we describe and test a method for deploying seagrass

seeds of the species Zostera marina over large scales using a new, simple method “Bags

of Seagrass Seeds Line (BoSSLine).” This method involved planting seeds and sediment

using natural fiber hessian bags deployed along strings anchored onto the seabed. When

deployed in a suitable environment 94% of bags developed mature seagrass shoots,

unfortunately one site subjected to a large storm event resulted in sediment burial of

the bags and no seed germination. Bags were filled with 100 seeds with each leading

to the development of 2.37 ± 2.41 mature shoots (206 ± 87mm in length) 10 months

after planting. The method was proven successful however the experiments illustrated

the need to ensure habitat suitability prior to their use. Low seed success rate was

comparable to other restoration studies, however further trials are recommended to

ensure ways to improve this rate. In conclusion, this study provides evidence for an

effective, simple method “Bags of Seagrass Seeds Line (BoSSLine)” for deploying seeds

of the seagrass Zostera marina over large scales.

Keywords: seagrass, feedbacks (positive/negative), restoration, seagrass (Zostera), macrophytes (aquatic plants)

INTRODUCTION

Seagrass meadows provide critically important ecosystem services to our planet, including the
storage of carbon (Fourqurean et al., 2012; Röhr et al., 2018), supporting world fisheries production
(Unsworth et al., 2018), and amongst many other things, helping prevent beach erosion (James
et al., 2019). Unfortunately, seagrass meadows are one of the world’s most threatened ecosystems
and are rapidly disappearing in many parts of the world (Waycott et al., 2009).

Although seagrass meadows have long been considered the “ugly duckling” of marine
conservation (Duarte et al., 2008), the urgent and unprecedented changes that are now required
to avoid a climate change catastrophe mean that a dual need for conservation of existing meadows,
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and the active restoration of previously extirpated seagrass
meadows, are emerging as potentially meaningful climate change
mitigation strategies (Duarte et al., 2013). This is due to the
high rates at which seagrass meadows store carbon. Under
the Paris Climate Accord and the Katowice Climate Package,
seagrass restoration can be considered with respect to Nationally
Determined Contributions (NDCs) and therefore be part of
defined emissions reduction targets or traded for carbon credits
(Kuwae and Hori, 2019). With increasing interest in habitat
restoration through a rewilding lens, there is now ever more
interest in seagrass restoration (Ockendon et al., 2018). Seagrass
conservation and restoration practices are coming of age and
with it so is the need for improved methods in all potential
seagrass environments.

In the UK, seagrass loss has been estimated to have been vast.
Of Britain’s 155 estuaries, only 20 now contain seagrass: an 85%
decline since the 1920s (Hiscock et al., 2005), with little natural
recovery, and continuing losses and degradation in many parts
of the country still being observed (Jones and Unsworth, 2016;
Unsworth et al., 2017a,b). Poor water quality, primarily driven
by excess nutrients, is one of the largest threats faced by seagrass,
both in the UK and globally (Grech et al., 2012; Jones et al., 2018).
But with increased efforts to improve UK coastal water quality,
there is now interest in taking steps to restore associated coastal
ecosystems such as seagrass.

Seagrass restoration efforts in the UK have been limited with
only a few minor trials ever taking place (RanwelI et al., 1974;
Hockings and Tompsett, 2002). However, this field has grown
rapidly around the world over the last 30 years, with many
successful large-scale projects now documented (Reynolds et al.,
2016; van Katwijk et al., 2016). “The field of dreams hypothesis”
or the assumption that “if you build it, they will come” (Palmer
et al., 1997) is the presumption of that restoration will engender
a desirable ecological response. There is now growing evidence
that successful seagrass restoration will result in such ecological
improvements (Greiner et al., 2013).

These restoration successes are largely down to a plethora of
experimental studies as well as the lessons learnt from numerous
failed projects (van Katwijk et al., 2016). Arguably the most
important finding from past global restoration efforts is that scale
matters; large-scale planting increases plant survival. Scaling
up spreads the risks, and the resultant increase in population
growth rate enhances positive feedbacks, helping the seagrass
to self-facilitate a more affable environment (van Katwijk et al.,
2016).

Simple and reliable methods are needed for successful seagrass
restoration that can be deployed on a large scale, the results of
which can lead to meaningful changes to the coastal environment
and act as a major component of broader climate change
mitigation strategies. The large over production of seeds by
some species of seagrass (e.g., Z. marina) creates significant
simple, low cost, and potentially effective opportunities for their
use in restoration. As such, meta-analysis of global restoration
studies indicate that seed based planting may be amongst the
most effective methods of restoration (van Katwijk et al., 2016).
In the Chesapeake Bay, US, seagrass restoration has largely
utilized seed based techniques and has had extensive success

(Marion and Orth, 2010). Additionally, recent successful trials
of Z. marina restoration in Sweden have also included the use
of seeds (Infantes et al., 2016a,b). Projects planting seeds have
used a range of methods such as spreading by hand at the water
surface, the use of seed buoys (Pickerell et al., 2005), and more
recently planting of seeds in coconut matting (Sousa et al., 2017).
In many parts of the UK the effectiveness of any technique that
involves the loose spreading of seed (e.g., seed buoys) is likely
to be compromised by the very large tidal ranges and resultant
fast tidal currents that can rapidly move seeds away from their
intended location. Thus, a method is required that is both cost
effective and simple, yet will still facilitate deployment of seeds
on the seabed without dispersal from the intended restoration
site. Previous studies describe the use of hessian bags (burlap) for
deploying seagrass seeds (Harwell and Orth, 1999; Zhang et al.,
2015). Here we adapt, trial and describe their use over a range
of sites of high tidal range in West Wales. We name this method
“Bags of Seagrass Seeds Line (BoSSLine)” for deploying seeds of
the seagrass Z. marina over large scales.

METHODS

Study Sites
Two pilot Proof of Concept (PoC) studies on seagrass “seed
bag” use were conducted, one at Porthdinllaen in North Wales
and the other in the Helford River, Cornwall (Figure 4). These
PoC studies trialed the use of differing types of seed bags under
various deployment methods. Based on the findings from these
initial PoC studies a seagrass seed bag experiment was then
conducted at a further three sites around Wales. The locations
for this experiment were based on the use of a simple habitat
suitability model to confirm their potential viability for seagrass
growth (Brown, 2015). In addition, the three sites were inspected
in May 2017 using dropdown video and hand grabs to confirm
suitability of the sediment. These sites were Dale and Longoar
in the Milford Haven Waterway, and Freshwater East on the
Pembrokeshire Coast. Dale was known to have an unconfirmed
record of seagrass (Kay, 1998), and Freshwater East is suspected
to have a small patch due to fragments commonly washing up
on its beach. Longoar Bay has a small meadow of seagrass, with
areas surrounding it likely to be good potential seagrass habitat
(similar exposure, depth, and sediment). The sites were all in the
range of 1–3m depth (below low water spring) with a maximum
tidal range of 7.68m. Sediment type varied from fine and very
fine sand at Dale and Longoar, to course sand at Freshwater East
and all sites are fully marine (Carey et al., 2015). Sea surface
temperatures typically range from 8 to 17 degrees C. During this
project we confirmed the location of a small patch of seagrass
(Zostera marina) previously recorded in 1958 by Martin George
(Kay, 1998) in Dale (51.704765◦N, 5.159228◦W). This patch was
found to still have dense shoots and cover an area of ∼5 m2. At
these three locations a series of trials were conducted using seed
bags to plant the seagrass Zostera marina.

Seed Collection
During August 2014, for the initial PoC, SCUBA divers were
used to collect ripe, seed laden reproductive shoots from
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seagrass meadows at Durgan in the Helford River (Hockings and
Tompsett, 2002). Seed-laden shoots were also collected (August
2015) for the second PoC study within an intertidal seagrass
meadow at Porthdinllaen inNorthWales (Bertelli andUnsworth,
2014). For the main study, ripe seed laden reproductive shoots
were collected in August 2017 at Littlewick Bay in Milford Haven
Waterway, West Wales.

For the PoC studies and the main experiment all shoots
were randomly collected throughout the natural meadows with
care taken to cause no damage to the rhizome. They were
collected under permit from Natural Resources Wales (and
Natural England for the Helford study). Reproductive shoots
were transported to Swansea University (except the Helford
seeds) where they were placed in aerated flow through aquaria
(8–12◦C) within a laboratory. Nylon mesh was used to prevent
the loss of seeds and seagrass material. Tanks were regularly
maintained and cleaned to reduce algal fouling. Matured seeds
were naturally released from the flowering shoots and since seeds
are negatively buoyant, they sank to the bottom of the tanks.
Seeds were collected from the bottom of the tanks and were
sieved to remove dead leaves and larger organic material before
further separation in separating funnels (Infantes and Moksnes,
2018). Seeds were then stored in flowing seawater tanks.

Initial Proof of Concept Studies
For the initial PoC study in Helford, large hessian bags (80 ×

33 cm) (of the type used as sand bags) were filled with local
sediment (amount unquantified) from the site in August 2014
(by SCUBA divers using shovels) and mature seagrass seeds (still
within their reproductive shoots) (10 spathes in each bag). Six
bags were placed 1m apart from each other in a line at two
locations on the edge of an existing seagrass meadow and their
locationmarked with GPS (Figure 4). The bags and their seedling
production were monitored using SCUBA divers in April 2015.

For the second PoC study which was conducted during
November 2015 at Porthdinllaen, smaller bags of seeds (13 ×

7.5 cm with 1mm holes in the fabric) were deployed. Ten bags
were placed on the bare intertidal sediment at Porthdinllaen
but weren’t secured (see Figure 1A). These were patches of bare
sediment within the local seagrass meadow. The bags used in the
second PoC study were a much thicker weave hessian than within
the Helford PoC pilot and the hessian had a silicon coating.
Approximately 100 seeds were placed into each bag together with
100 cm3 of local sediment.

Seed Bag Experiment
Approximately 100 seeds, were placed into small hessian bags
(see Figure 2) along with 100 cm3 of sediment. The uncoated
hessian bags were 13 × 7.5 cm with 1mm holes in the fabric.
Surface sediment (top 5 cm) was carefully collected avoiding any
sulfurous anoxic layers) within 100m of an existing seagrass
meadow at Littlewick Bay. Due to concerns about the potential
for sediment to have low nutrient levels at the recipient site in
Dale and to potentially not contain appropriate micro fauna and
flora, 50 cm3 of seagrass detritus was added to the sediment bag
to assist with microbial inoculation of the seagrass microbiome.
The seagrass detritus was the degraded remains of the flowering

FIGURE 1 | (A) Deployment of PoC seed bags at Porthdinllaen without

anchoring. (B) Successful retrieval of 1 of 2 PoC seed bags at Porthdinllaen.

(C) Seed bag containing seedlings at Dale with hessian rope degraded at one

end. (D) Seed bag at Dale containing an abundance of young seagrass plants.

FIGURE 2 | Small hessian bags (13 × 7.5 cm) filled with seagrass seeds.

Sediment and seagrass detritus were also added. Bags were strung into lines

for deployment at potential restoration sites.

shoots from which the seeds were collected. Bags were then
tied and fixed along hessian rope at 1m intervals. Each line of
rope contained six seed bags (Figure 3). The process for creating
seagrass seed bags is visually described in Figure 3.

Bag Deployment and Monitoring
Two lines of seed bags were placed at Dale, and one line was
placed at both Longoar Bay and Freshwater East. A total of
24 bags were deployed across the three sites. The lines were
held down using steel pegs and the ends of the lines marked
approximately from the surface using GPS. All seed bags were
deployed in November 2017 and then monitored for the shoot
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FIGURE 3 | Stages of seed bag creation (1) reproductive shoot collection by SCUBA divers, (2) natural rotting of seagrass to allow for seed dropping, (3) separation of

seeds from detritus, and (4) filling of bags with seeds, sediment, and detritus.

FIGURE 4 | Location of the Proof of Concept (PoC) and main experimental

sites used to trial seagrass seed bags.

density and canopy height using SCUBA divers in May and
August 2018.

RESULTS

Proof of Concept Trial
The initial PoC study conducted in Helford was found to be very
time intensive and difficult due to the use of large bags. These

were too cumbersome for divers to work with and too large to
be deployed from the surface. Assessment of the bags 8 months
after deployment revealed that the bags had rapidly broken down
and were mostly just observed as fragments. In the areas where
the bags were placed, seedling density was determined to be on
average (±SD) 5.2 ±3.7 per m2, this was ∼4x the density of the
seedlings in the surrounding area. Based upon these PoC findings
further PoC trials were to be conducted using smaller bags.

Ten smaller seed bags were placed in Porthdinllaen in
November 2015, but most of these were lost due to a major
easterly storm event (the site faced east) just 2 weeks after
deployment. Bags had not been secured to the sediment so were
susceptible to displacement. After 3 months only three bags were
still in situ, but in all, successful germination had taken place,
each containing two seedlings. By October 2016 only two bags
remained but contained five and six mature shoots, respectively,
with mature rhizome present (see Figure 1B). The seagrass in
these bags unfortunately hadn’t rooted into the surrounding
sediment and the bags were largely intact, possibly as a result
of the type of hessian of the bags which were made from thick
weave with silicon coated hessian. As a result of these trials, the
bags in the following experimental study were changed to be of a
lighter hessian comprising 100% natural fibers rather than those
with fibers coated in silicon. Bags in the following experimental
study were anchored down using pegs and lines.

Seed Bag Experiment
Twenty-four seed bags were deployed across the three sites (Dale,
Longoar, and Freshwater East), and 16 of these were recorded by
May 2018 to have developed at least one seedling (Figure 1D).
In May 2018, 100% of bags at Dale were observed to contain
seedlings (Figure 1C), whilst 80% of bags at Longoar contained
seedlings (one bag was not observed as the rope had degraded
and the bag was lost). All seed bags at Freshwater East failed
to develop seedlings, we believe this could have resulted from
poor siting of bags leading to sand movement burying them too
deep.When the bags were relocated under the sediment, they had
become completely anoxic and were blackened by sulfates.
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Density of seedlings inMay 2018 was on average (±SD) 2.95±
3.22 per bag, of those bags where shoots had developed there was
an average (±SD) of 3.65 ± 2.09 shoots per bag. By August 2018
there was an overall average (±SD) density of 2.37 ± 2.41 shoots
per bag with many of those shoots appearing mature (Figure 5).
In May 2018, the average (±SD) shoot length was 41 ± 11mm
and by August 2018 this was 206± 87 mm.

In order to calculate a % seed success rate we excluded data
from Freshwater East, based on the assessment that the failure
of the seed bags was the result of a poor site choice rather than
the seed bag method itself. The average number of seeds in any
given bag was 100 and the average (±SD) shoot density was 3.6
± 2.1 and so we estimate that seed success was 3.6%. Excluding
data from Freshwater East we conclude that seed bags had a 94%
success rate.

The hessian rope used in this detailed experiment broke
down quickly and by May 2018 was mostly fragmented,
making monitoring individual bags difficult, but illustrating the
value of using such material for deployment without creating
environmental pollution. Importantly, these small bags and
simple metal pegs had withstood winter storm(s) without
any damage or movement. The bags had also allowed for
germination without potential predators (e.g., Carcinus maenas)
consuming the abundant seeds and germinating seeds were
able to grow through the hessian fabric. By the end of
August 2018 all the hessian bags were now fragmented and
had mostly broken down, with evidence of rhizomes growing

FIGURE 5 | Mean (±SD) (A) seagrass shoot density (no per bag) and (B)

shoot height (mm) developing from seed in hessian bags at three locations in

South West Wales (UK) on two monitoring visits following deployment of seeds

in November 2017.

beyond the hessian bags and becoming embedded into the
surrounding sediment.

DISCUSSION

There is increasing need for seagrass restoration to be conducted
using simple methods over large scales, high reliability, and a low
per unit cost. Here we document for the first time the use of
the BOSSline method (Bags of Seagrass Seeds Line) for deploying
seeds of the seagrass Zostera marina. Seedling establishment rates
(the proportion of seeds generating a surviving seedling) was
low (3.5%) but typical of an r-strategist species and comparable
to many rates recorded in other studies and sites (Marion and
Orth, 2010; Govers et al., 2016; Sousa et al., 2017). The reasons
for such low rates could be local environmental conditions,
health of the seeds, or even disease contamination (Govers et al.,
2016). Further experiments are required to separate these low
germination rates from the use of this BOSSline method. The
BOSSline method is simple, in that beyond the initial collection
of seeds, very little (if any) diver based work is required reducing
costs and the skills required, however the downside is that in
contrast to rudimentary seed based methods (e.g., seed buoys)
(Pickerell et al., 2005) laboratory processing is required.

We believe that the complete failure of one of the experimental
stations reflected a poor site choice rather than a failed method,
this location was possibly too close to the intertidal zone and
subject to very mobile sandy substrate. This highlights the need
to use a high resolution within any habitat suitability model. It is
important to be clear that successful restoration projects require
suitable environmental conditions (van Katwijk et al., 2016) and
only when conditions can be deemed suitable should projects
be conducted.

Whilst success has been observed in the use of seed bags
for planting seagrass seeds a more mechanistic understanding
is still required as to the processes driving the germination
and development of Zostera marina seeds. In the present study
we speculatively included detritus into the seed bags, such
inclusion may have enhanced the nutrient environment or added
microbes that could potentially carry out a broad range of
functions that potentially support the health and growth of
aquatic plants (Ettinger et al., 2017; Crump et al., 2018). Given
the rapidly expanding understanding of the seagrass microbiome
(Fahimipour et al., 2017) and its potential mutualistic role in
seagrass growth and production (Crump et al., 2018) more
information is required as to the relative role of this in
germination and seedling development.

Feedbacks, both positive and negative within seagrass systems
have significant roles at a meadow scale, particularly with
respect to restoration (Maxwell et al., 2017). This study doesn’t
examine these factors, but we recognize that the use of our
BOSSline method does have the potential to reduce potential
negative feedbacks present from polychaetes and crustaceans.
The hessian bag not only keeps the seeds from dispersing due
to tidal movements but also protects the seeds from burial or
consumption (Infantes et al., 2016a).

In conclusion we present evidence of the effectiveness of a
new seagrass seed planting method referred to as BOSSline.
Our experiments show this method to be simple to conduct,
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and proven to result in successful germination. However, our
low germination rates indicate further experimental studies are
required to maximize method efficiency and determine factors
influencing germination in these bags. An important benefit of
this method is its capacity to be upscaled with ease to themeadow
creation scale. In the US, large scale mechanized seed collection
has enabled the harvesting of 10’s of millions of seeds at a time
for restoration. In order to potentially facilitate such large-scale
restoration in the UK we present a method that could be used to
plant such large seed quantities in conditions where tidal currents
and adverse seasonal weather conditions necessitate ensuring
seeds are not rapidly washed away from the restoration site.
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Zostera marina is the dominant seagrass species in the Northern Hemisphere where

it grows in sheltered bays and estuaries. As a consequence of its distribution its

conservation is commonly threatened by poor coastal water quality. The high minimum

light requirements of seagrasses results in water quality degradation (high turbidity

and eutrophication) being a significant risk. Bioindicators of light stress can be used

to interpret seagrass responses to light limitation and therefore act as sentinels for

conservation management. However, there exists limited experimental inter-comparison

of the effectiveness of multiple individual bioindicator responses. Meta-analysis suggests

that rhizome sugars, shoot C:N, shoot growth, and number of leaves per shoot provide

the most consistent response variables to increasing light limitation in seagrass, but this

premise remains largely untested at the plant level as a direct comparison of multiple

bioindicators. The present study aimed to test the morphological, physiological, and

photo-physiological bioindicator responses of Z. marina to light stress applied within

controlled laboratory conditions. These bioindicators were used to assign minimum light

thresholds. Growth rate and photophysiological parameters (alpha, Ek, and ETRmax) were

rapidly (1st week) and drastically affected by low light shade treatments (20.12 µmol

photons m−2s−1 and lower). After 3 weeks at low light, significant reductions in maximum

leaf length and leaf width were observed. Principal Component Analysis identified leaf

length, shoot growth, shoot surface area, ETRmax, Ek, and alpha as having the strongest

responses to reduced light. Shoot growth, ETRmax, Ek, and alpha were found to provide

the best early warning of light limitation after 5–8 days. These results provide evidence for

bioindicators of light stress in Z. marina and highlights the importance of understanding

these responses for the successful management and conservation of this species.

Keywords: bioindicator, light, shading, seagrass, morphology, fluorometry

INTRODUCTION

Chronic and temporary light reductions caused by reduced water quality are the biggest threat to
seagrasses globally (Hemminga, 1998; Biber et al., 2009; Jiang et al., 2013). The sensitivity to light
reduction and high nutrient levels defines seagrasses as sentinels of coastal degradation (Orth et al.,
2006; McMahon et al., 2013) and in many cases seagrasses are integrated into management plans
to assess the ecological status of coastal waters (Dennison et al., 1993; Krause-jensen et al., 2005;
Foden and Brazier, 2007). However, poor water quality has resulted in a steady decline in seagrass
meadows for decades worldwide and we are at risk of losing the very sentinels of coastal health we
have defined (Dennison et al., 1993; Short andWyllie-Echeverria, 1996; Orth et al., 2006; McMahon
et al., 2013).
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Seagrasses have been found to exhibit various changes in
morphology and physiology in response to light limitation.
These responses can be used as bioindicators of reduced light
levels attributed to anthropogenic disturbance or other causes
for decline in water quality. Light limitation generally causes a
decrease in above ground biomass, enabling plants to reduce
the respiratory demand of the shoots, but resulting in a
decrease in photosynthetic capacity (Campbell and Miller, 2002;
Ralph et al., 2007; Collier et al., 2012b). This is shown in
morphological responses exhibited during shading experiments
such as decreases in leaf length, leaf width, shoot growth,
and fewer leaves per shoot reducing overall plant surface area
(Olesen and Sand-jensen, 1993; Biber et al., 2009; Ochieng
et al., 2010; Collier et al., 2012b; Yaakub et al., 2013). The
photosynthetic performance of seagrasses, measured using
chlorophyll fluorescence, has been found to be affected by light
stress within a relatively short time-frame from within days to
just seconds (Ralph and Gademann, 2005; Bité et al., 2007).
The reduction in light availability results in an increase in
the light capture efficiency of the photosystems, but an overall
decrease in electron transport rates and carbon fixation (Ralph
and Gademann, 2005; Bité et al., 2007). Light reduction can also
result in an increase in chlorophyll content, with the chlorophyll
a:b ratio lowering to increase photosynthetic efficiency (Collier
et al., 2008, 2012b; Sharon et al., 2009; Silva et al., 2013). However,
some studies have found the opposite effect under very low
light conditions (Biber et al., 2009; Collier et al., 2012b). These
responses in morphology and physiology indicate that seagrasses
are able to acclimate to a changing light environment. However,
the ability to adapt and maintain a positive carbon balance will
depend upon the stores within the rhizomes which will have
been built up in higher light conditions, as well as the strength
and length of light attenuating events (Dennison and Alberte,
1985; Yaakub et al., 2013). This can be shown by a reduction
in rhizome sugars and reduced carbon uptake indicated by the
carbon nitrogen ratio (C:N) in the shoots (Alcoverro et al., 1999;
McMahon et al., 2013). If light levels drop below the minimum
light requirement (MLR) threshold, plants are unable tomaintain
this carbon balance and plant mortality follows.

The range of responses and adaptations of seagrasses to
changing light environments could be a reason for the variety of
methods used in monitoring. In Europe, 49 seagrass indicators
and a total of 51 metrics have been identified in a review of
monitoring strategies (Marbà et al., 2013). A more consistent
approach would prove useful for managers in determining the
status of seagrass meadows aided by identifying the best metrics
to measure. A detailed meta-analysis by McMahon et al. (2013)
revealed a number of consistent and robust bioindicators to
light stress from an array of tropical and temperate seagrass
species across a geographical range. In particular, rhizome sugars,
shoot C:N, shoot growth, and number of leaves per shoot
were found to exhibit early responses, with shoot density and
above-ground biomass as meadow-scale, long-term responses.
However, it should be taken into consideration that response
thresholds to light reduction are species-specific and dependent
on morphological plasticity, storage products, and growth rates
(Olesen et al., 2002; Ralph et al., 2007; Collier et al., 2012b).

Although there exists a number of reviews and meta-analyses
of bioindicators (Biber et al., 2005; Lee et al., 2007; Ralph
et al., 2007; McMahon et al., 2013), there are limited case
study examples that simultaneously compare a plethora of
morphological, photophysiological, and biochemical indicators
of seagrass response to light availability.

Zostera marina (eelgrass) is a prolific temperate seagrass
found growing from the intertidal to depths of around 10m
depending on water clarity (Dennison and Alberte, 1982; Jackson
et al., 2013). Its distribution in temperate and subpolar regions
makes Z. marina particularly vulnerable to light limitation, with
significant reductions in light during winter months (Backman
and Barilotti, 1976; Zimmerman et al., 1995; Moore et al., 1997;
Alcoverro et al., 1999). The MLR of seagrass is relatively high
in comparison to other marine primary producers (Kenworthy
and Fonseca, 1996), due in part to the large proportion of non-
photosynthetic tissue that makes up the roots and rhizomes. By
using maximal depth limits, the MLR for Z. marina is estimated
to be 17.6± 5.3% SI (Dennison et al., 1993; Erftemeijer and Lewis,
2006; Lee et al., 2007). Surface irradiance (SI) levels vary spatially
and temporally with photo-acclimation to local light regimes
thought to be responsible for the large within-species variation
(Lee et al., 2007). Other studies suggest that eelgrass requires 5–
6 h of irradiance-saturated photosynthesis per day to maintain
a positive carbon balance (Zimmerman et al., 1995, 1996;
Alcoverro et al., 1999). Nonetheless, the understanding of the
MLR threshold of survival has been highlighted as an important
component which needs to be integrated into management and
monitoring plans (Dennison et al., 1993; Erftemeijer and Lewis,
2006; McMahon et al., 2013; Yaakub et al., 2013; Collier et al.,
2016).

The aim of the present study was to test a range of light
stress bioindicators simultaneously by systematically monitoring
the morphological and physiological responses of Z. marina to
varying degrees of light stress treatment under experimental
conditions. Plants under low and extremely low light treatments
were expected to show a rapid change in photosynthetic
performance and shoot growth followed by morphological
responses as plants become constrained by low light, leading
to mortality. Plants under medium light (close to MLRs) were
expected to show less extreme responses and better adaptation to
lower light conditions to allow survival. By monitoring the rate
of numerous responses to light stress over time, this study aimed
to identify the most robust bioindicators of light stress specific
to Z. marina and provide a quantitative estimate for the MLR
threshold for this seagrass species.

MATERIALS AND METHODS

Experimental Design
Thirty independent Z. marina cores (10× 10 cm, 15–20 cm deep)
were collected on a low spring tide from across a shallow subtidal
seagrass meadow at Durgan, Helford River, UK (50◦06′27.19′′N;
5◦06′54.70′′W). Care was taken to ensure the plants were
extracted with as little damage as possible and that the shoots
had substantial rhizome sections and sediment for re-planting.
The cores of seagrass were put into separate large plastic bags
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and then transferred to pots and placed in a cool box for
transportation to Swansea University, with ice packs and fresh
seawater. Extra samples of rhizomes and shoots were taken as site
control samples for carbohydrate analysis (n = 4), chlorophyll
content (n= 4) and C:N ratios (n= 5) to compare with plants at
the end of the experiment. These samples were stored in a freezer
at −20◦C. The individual cores were replanted into tubs (n = 5
per treatment). Extra sediment collected from the field site was
used to ensure natural presence of benthic fauna.

In the laboratory, the plants were left to acclimatize for 10
days before the experiment started in a flow-through system
providing fresh filtered seawater. At the start of the experiment,
the plants were placed under four different light treatments
in a flow-through seawater micrososym providing continuous
fresh seawater. Pumps and air stones were provided to ensure
circulation and the shade treatments were created using shade
cloths. The flow-through system was connected to a cooling unit
to ensure maintenance of a temperature of 14 ± 1◦C, simulating
the sea temperature at time of collection. The temperature was
monitored in each tank with a Tiny Tag (Aquatic 2, Gemini
data loggers, Chester, UK) temperature logger. Frames with
LED aquatic lights (AquaBeam 2000HD) were fitted and shades
of varying weave put in place above and between the tubs to
create independent shade treatments (and high light with no
shade). A light meter (ULM-500, with spherical micro quantum
Sensor US-SQS/L, Waltz GmbH, Effeltrich, Germany) was used
to set up the light treatments by measuring the average PAR
(Photosynthetic Active Radiation) in each tank section at the
top of the seagrass leaf canopy. The HL treatment was set up to
have a level that corresponds to HL treatments in other studies
of around 100 ± 10 µmol photons m−2s−1 (Olesen and Sand-
jensen, 1993; Biber et al., 2005; Shafer and Kaldy, 2013) also
comparable to highest growth rates found previously (between
100 and 150 µmol photons m−2s−1, Olesen and Sand-jensen,
1993). The medium light treatment (ML) was set up using 40%
shade cloth which gave an average of 27 ± 5 µmol photons
m−2s−1 at plant height, to create light levels that correspond to
levels of light compensated growth (between 19 and 47 µmol
photons m−2s−1, Olesen and Sand-jensen, 1993). The low light
treatment (LL) was created using a 90% shade cloth, reducing
the light to around 7 ± 3 µmol photons m−2s−1. The extreme
low light treatment (EL) was placed under a 98% shade cloth
found to have a PAR of around 1.8± 0.5 µmol photons m−2s−1.
Lights were fitted on a timer to give a photoperiod of 10 h of light
and 14 h of dark reflecting the natural daylight hours at time of
collection. An Odyssey PAR light logger (Dataflow Systems Ltd),
calibrated against a Li-Cor quantum light sensor (LI 192), was
deployed at mid-depth of plant canopy under each treatment for
1–2 days logging every 10 mins, to provide an average PAR per
day (Table 1). The experiment was set up to run for 6 weeks after
acclimation time.

Morphometric Measurements
Morphometric measurements for each shoot (n = 5 per
treatment) were taken weekly, these included; sheath length,
leaf length (taken from top of sheath to tip of leaf), leaf
width, and shoot growth. Leaves were wiped clean of epiphytes

TABLE 1 | Total amount of light recorded by Odyssey PAR logger placed within

tanks (calibrated with a LI-COR, Li-250A light meter) and temperature range

logged for each treatment tank.

Treatment Amount of light

per day (mol

photons

m−2day−1)

Average PAR per

treatment (µmol

photons

m−2s−1
±SD)

Temperature

range (◦C)

High 5.61 155.76 ± 11.42

(100%)

13.2 – 14.0

Medium 0.73 20.15 ±0.36

(12.9%)

13.2 – 14.0

Low 0.35 9.78 ± 0.57

(6.3%)

13.4 - 13.9

Extreme low 0.14 3.76 ± 0.41

(2.4%)

13.4 - 13.9

throughout the experiment although older ends of leaves were
difficult to clean without causing damage so were left, but these
tended to be chlorotic and often dead (Drake et al., 2003).
Lengths measurements were taken with a measuring tape to the
nearest mm, and the maximum leaf length for each shoot was
analysed as a measure that can be attributed to canopy height in
seagrass meadows (Longstaff and Dennison, 1999). Leaf width
was measured using calipers to the nearest 0.05mm at 5 cm
above sheath or in the middle of each leaf <5 cm long. Average
leaf width was calculated for each shoot. Shoot surface area was
calculated from the length and width measurements of all leaves
of all shoots to provide potential surface area for photosynthesis.
For shoot growth, each plant was marked at the top of its sheath
with a needle so the growth of each leaf could be measured using
the method outlined by Short and Duarte (2001). If new leaves
were found, they were marked at the same location on the sheath.
The new growth could then be measured against the mark on the
sheath, the outer part of which is usually dead and does not alter.
If the outer leaf became detached then the top of the sheath would
remain so growth could still be measured from this position.
Raw values for maximum leaf length, shoot surface area, shoot
growth, and average leaf width per shoot were used for statistical
analysis.

Photosynthetic Measurements
Pulse Amplitude Modulated (PAM) fluorometry using a Diving-
PAM (Waltz), was used to measure chlorophyll fluorescence
weekly, as a non-invasive technique for assessing photosynthetic
activity. Photosynthetic parameters were obtained by performing
rapid light curves (RLC) using the internal stepwise function
of the PAM fluorometer. These were conducted on the mid-
section of the youngest mature leaf using a leaf clip, enabling the
measurement of effective quantum yield (ΦpsII =(Fm

′–F)/Fm
′),

where F is fluorescence yield and Fm
′ is maximal fluorescence

yield of the light adapted leaf at each irradiance step (Ralph
and Gademann, 2005; Collier et al., 2008). Steps ranged from
7 to 1652 µmol photons m−2s−1 lasting 10 s, with initial
saturating pulse >>2,000 µmol photons m−2s−1 (Beer et al.,
2001) for 0.8 s. All RLCs were carried out between 11a.m. and

Frontiers in Environmental Science | www.frontiersin.org 3 June 2018 | Volume 6 | Article 39131

https://www.frontiersin.org/journals/environmental-science
https://www.frontiersin.org
https://www.frontiersin.org/journals/environmental-science#articles


Bertelli and Unsworth Rhizome Sugars (Water Soluble Carbohydrates)

2p.m. Electron Transport Rate (ETR) was worked out using the
equation; ETR = ΦpsII

∗Ii
∗AF∗0.5, where AF is the absorption

factor, calculated to be 0.78 (± 0.02 S.D., n = 5) (Beer et al.,
2001; Saroussi and Beer, 2007) and Ii is the incident irradiance
(from the light stages of the light curve programmed into the
Dive-PAM). The stepwise RLCs were fitted to the non-linear
least-squares regression model by Eilers and Peeters (Eilers
and Peeters, 1988) to estimate the ETRmax (maximum rate of
photosynthesis), α (the initial slope of the rapid light curve, a
measure of the light harvesting efficiency) and Ek (the minimum
saturating irradiance worked out from the intercept of α and the
maximum photosynthetic rate).

Physiological Measurements
C:N Content of Seagrass
At the end of the experiment, leaf material from each shoot
was taken to be compared with site control samples taken
from the field site at Durgan. Avoiding the older chlorotic
leaves, leaf material was scraped free of epiphytes, blotted dry
and weighed before being dried at 60◦C for 48 h. The dried
seagrass was ground up with a pestle and mortar to a fine
homogenous powder before being weighed (Ohaus balance, max
100g d = 0.1mg, Switzerland). Samples were sent to IBERS
(Aberystwyth University) for analysis of the % composition of
C and N by weight using a continuous flow isotope ratio mass
spectrometer (Anca SL 20-20, Europa Scientific, Crewe, UK).

Rhizome Sugars
At the end of the experiment the rhizomes from each plant were
separated, weighed, and also stored at −20◦C to be compared
with samples taken from the field site at Durgan. The rhizomes
were dried in an oven at 60◦C for 4–5 days. The dried rhizome
sections were ground up with a pestle and mortar to a fine
homogenous powder to enable analysis by HPLC. Samples were
sent to IBERS at Aberystwyth University for analysis. Soluble
rhizome sugars were extracted based on the method outlined in
Cairns and Pollock (1988).

Chlorophyll Pigments
Samples of Z. marina from Durgan were collected from the study
site and compared with samples from all of the plants at the end
of the experiment. Chlorophyll was extracted in 90% acetone and
quantified using a spectrophotometer (Schimadzu UV-2550 UV
VIS Series) based on the methods outlined by Dennison (1990)
and Granger and Izumi (2001).

Statistics
Two-way repeated measures ANOVA was used to analyse
time series collected data, with light treatment (between-
subject effects) over time (within-subject effects) using SigmaPlot
Version 11 (Systat Software, San Jose, CA). Data did not
completely fulfill the assumptions of ANOVA therefore in order
to minimize the risk of Type I error, significance was only
accepted based on p-values of < 0.01 (Underwood, 1997; Collier
et al., 2012b; McDonald, 2014). ANOVA was still performed due
to the robust nature of the test and the relative insensitivity
of the F test to departures from normality (Glass et al.,

1972; Lix et al., 1996; McDonald, 2014). Results from the
repeated measures ANOVA were interpreted with the Holm-
Šídák pairwise comparisons test in SigmaPlot.

C:N ratio, rhizome total water soluble carbohydrate (WSC)
content and chlorophyll content were analysed using one-way
ANOVA in RStudio (R version 3.2.2) to compare plants after
treatment with site control plants that were taken directly from
Durgan (untreated). The Bartlett test for homogeneity was used
to test for equal variance (Bartlett, 1937). Tukey’s test was used to
look at multiple comparisons of means.

Principal Component Analysis (PCA) using Primer6
was used to identify patterns of which morphological and
photophysiological factors contributed to the biggest responses
of plants to shade treatment over time. Principal components
with eigenvalues >1.0 were considered, and eigenfactors or
variable coefficients ≤−0.3, or ≥ 0.3 were selected.

RESULTS

At the end of the experiment none of the HL shoots had died but
all plants subjected to shade treatment (ML, LL, and EL) showed
signs of mortality at the basal meristem (all leaves coming free
from within the sheath) by day 43, with one LL shoot dying after
just 4 weeks.

Morphological Characteristics
Maximum Leaf Length
At the start of the experiment all plants exhibited a maximum
leaf length within the range of 455 to 727mm with an average
of 564.00 ± 18.53mm. The average max leaf length decreased
in all plants throughout the experiment although reduction was
lowest in HL plants. All plants under shade treatments showed a
significant reduction in average max leaf length in comparison to
those under HL from day 15 for ML (p = 0.009) and LL plants
(p = 0.01) and day 22 for EL plants (p = 0.013, Figure 1). ML
plants decreased steadily in length from day 15 resulting in a
significant reduction in max leaf length to 391.60 ± 51.61mm
by day 43 (p < 0.001). LL plants also decreased steadily from
day 15 although the differences in max leaf length were not
significant. EL plants decreased in max leaf length from day 22
with a significant reduction shown between day 15 and day 37
(p = 0.002). HL plants remained with a max leaf length above
610mm until day 43 when average max leaf length had decreased
to 489.80± 38.47mm.

Leaf Width
The leaf width of all plants at the start of the experiment ranged
between 4.6 and 6.85mm.

All plants decreased in average width throughout the
experiment and this reduction was lowest in HL plants. All
plants under shade treatments showed significant reductions in
width by day 29 with no significant change in leaf width for
HL plants throughout the experiment (Figure 1). ML plants
decreased steadily from day 0 and showed a significant reduction
in width from 5.35 ± 0.11mm to 5.02 ± 0.12mm on day 22
(p= 0.002). LL plants decreased significantly in width from 5.93
± 0.35mm on day 0 to 5.14 ± 0.30mm on day 43 (p < 0.001)
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FIGURE 1 | Effect of light shading on the morphological characteristics of Zostera marina over time. Plants were kept in a flow through aquaria using natural filtered

seawater under artificial light. (A) Maximum leaf length (B) leaf width, (C) shoot growth and (D) total shoot surface area. Values are means ± SE, n = 5 (except low

light plants on days 37 and 45 where n = 4).

with the first significant reduction by day 29 (5.33 ± 0.33mm,
p < 0.001). For EL plants leaf width decreased significantly from
5.92± 1.25mmon day 0 to 5.40± 0.26mmon day 43 (p< 0.001)
with the first observed significant decrease in width observed
on day 29 (5.48 ± 0.22mm, p < 0.001). Results showed there
was a significant interaction between light treatment and time on
average leaf width (p ≤ 0.001) (Table 2).

Shoot Growth
All plants decreased in average growth rate throughout the
experiment, although this reduction was lowest in HL plants. HL
plants had significantly higher growth of 28.29 ±1.63mm day−1

on day 9 in comparison to 16.55± 2.36mm day−1 for ML plants
(p = 0.001), 13.10 ± 1.66mm day−1 for LL plants (p ≤ 0.001)
and 13.80± 3.03mm day−1 for EL plants (p < 0.001) (Figure 1).
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TABLE 2 | Results of two-way repeated measures ANOVA testing for the within-subjects effects of time and treatment on the morphological parameters maximum leaf

length, width shoot surface area, and shoot growth rate, and on the photosynthetic parameters Alpha (α), ETRmax and Maximal yield [(Fm
′–F)/Fm

′].

Max leaf length (mm) Leaf width (mm) Shoot surface area (mm2) Shoot growth rate (mm day−1)

DF MS F P MS F P MS F p MS F p

% Light 3 1.41E+05 4.532 0.018 3.735 2.856 0.070 5.11E+07 3.897 0.029 1791.182 22.496 <0.001

Day 6 5.90E+04 17.305 <0.001 0.97 37.633 <0.001 5.11E+07 29.086 <0.001 367.994 12.472 <0.001

% Light × Day 18 3660.635 1.073 0.391 0.0907 3.519 <0.001 5.15E+06 2.809 <0.001 84.04 2.848 0.001

Significance level 0.05 0.05 0.05 0.05

Alpha (α) ETRmax Ek (Fm
′–F)/Fm

′

DF MS F P MS F P MS F p MS F p

% Light 3 1.108 21.632 <0.001 3314.746 21.908 <0.001 1.92E+04 8.71 0.001 1.108 21.632 <0.001

Day 6 0.158 7.425 <0.001 2256.437 43.597 <0.001 6373.13 16.44 <0.001 0.158 7.425 <0.001

% Light × Day 18 0.040 1.878 0.027 184.494 3.565 <0.001 1057.88 2.73 0.001 0.040 1.878 0.027

Significance level 0.01 0.01 0.01 0.01

No transformations were applied to the data for statistical analysis. Also shown is the p-value that was considered significant (adjusted if variances were not homogenous).

Shoot growth of HL plants remained significantly higher than
shade treated plants until day 37, and continued to remain higher
than shaded plants until day 43. ML plants showed a significant
decline in growth from day 9 to day 37 (p = 0.002). The growth
of LL and EL plants was significantly lower than HL plants from
day 9, but not significantly different to ML plants or to each
other suggesting growth was already affected by light reduction
for shade treated plants between before day 9. Results showed
there was a significant interaction between light treatment and
time for shoot growth (p= 0.001) (Table 2).

Shoot Surface Area
At the start of the experiment shoot surface area ranged from
4563.3 to 10580.0 mm2 and averaged 8218.6 ± 326.6 mm2.
All plants decreased in average shoot surface area throughout
the experiment with the lowest reduction in HL plants. All
plants subjected to shade treatments showed a significant decline
in surface area by day 29 (Figure 1). HL plants remained
significantly larger in surface area than all shade treated plants
from day 29 until day 43 (p ≤ 0.001–0.002). ML plants reduced
in surface area by 41.5% (a reduction from 7831.89± 245.9 mm2

to 4584.1 ± 464.5 mm2, p ≤ 0.001) and LL plants were reduced
by 44% by day 29 (from 7883.3 ± 756.6 mm2 to 4413.8 ± 1345.7
mm2, p≤ 0.001). EL plants displayed a reduction of 30.5% on day
29 (p = 0.002) and had reduced by 44.3% by day 43 (p ≤ 0.001).
For plant surface area there was a significant interaction between
light and day (p ≤ 0.001) (Table 2).

Photosynthetic Characteristics
Alpha
At the start of the experiment the light harvesting efficiency or
alpha (α) ranged from 0.53 to 1.27 with an overall average of 0.87
± 0.05. Alpha responded rapidly (by day 5) to shading treatments
relative to the HL plants (Figure 2A). There was no significant
change in α for HL plants throughout the experiment. ML plants,
displayed a significant increase in α from 0.91 ± 0.07 on day

0 to 1.19 ± 0.02 on day 19 (p = 0.003). EL plants showed a
significant increase in α from day 5 from 0.69 ± 0.08 to 1.25 ±

0.08 (p ≤ 0.001). LL plants showed no significant change in α

over time, although levels remained significantly higher than HL
plants throughout the experiment. Results showed there was a
significant interaction between light treatment and time for alpha
(p= 0.001) (Table 2).

ETRmax

The maximum Electron Transport Rate (ETRmax) ranged from
26.82 µmol electrons m−2s−1 to 97.60 µmol electrons m−2 s−1

with an average of 57.98 ± 4.75 µmol electrons m−2 s−1 at
the beginning of the experiment. The ETRmax was significantly
affected in all shading treatments by day 5 (Figure 2B). Not
all plants gave a reliable ETRmax value as some curves did not
saturate and these results were omitted. HL plants remained
with significantly higher ETRmax than all shade treated plants
(p < 0.001–0.012) with EL plants showing the biggest drop of
76% from day 0 to day 5 (79.39 ± 9.11 to 18.96 ± 0.50 µmol
photons m−2s−1; p < 0.001). ML plants showed a reduction in
ETRmax of 42% on day 5 (55.03 ± 6.58 to 31.94 ± 2.34 µmol
electrons m−2 s−1; p < 0.001). LL plants showed a reduction
of 57% (43.66 ± 5.89 µmol electrons m−2 s−1 to 18.85 ± 0.24
µmol electrons m−2s−1; p < 0.001) on day 5. On the contrary,
HL plants showed a slight increase on day 5 from 60.04 ± 4.18
µmol electrons m−2 s−1 to 69.10± 0.36µmol electrons m−2 s−1.

Ek

The Ek of plants at the start of the experiment averaged 75.52
± 11.32 µmol photons m−2s−1 with a broad range from 24.64
to 183.57 µmol photons m−2s−1. Not all plants gave a reliable
Ek value as some curves did not saturate and these results were
omitted. The Ek of all shaded plants was significantly affected
on day 5 (Figure 2C). HL had a significantly higher Ek than
shaded plants, 72.42 ± 20.38 compared to 33.07 ± 4.80 for
ML (p = 0.002), 16.17 ± 0.19 for LL (p ≤ 0.001) and 15.27
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FIGURE 2 | Effect of light shading on the photosynthetic properties of Zostera marina over time measured by PAM fluorometry. Plants were kept in a flow through

aquaria using natural filtered seawater under artificial light. (A) Alpha α, (B) Maximum electron transport rate (ETRmax, µmol electrons m−2 s−1), (C) Minimum

saturation irradiance (Ek, µmol photons m−2s−1) and (D) Effective quantum yield (Fm
′–F)/Fm

′. Values are mean ±SE, n = 4–5 (except HL and EL plants on day 0

where n = 2 and n = 3 respectively).

± 0.56 µmol photons m−2s−1 for EL plants (p ≤ 0.001). All
plants showed a decrease in Ek throughout the experiment with
EL plants showing the biggest reduction of 80.1% by day 43
(p ≤ 0.001).

Effective Quantum Yield
The effective quantum yield was significantly affected by shading
by day 12 where HL plants had significantly (p < 0.001 and
p = 0.001 respectively) lower yield (0.74 ± 0.01) than EL plants

(0.79± 0.003) and LL plants (0.79± 0.01). EL light levels resulted
in plants having a significantly higher yield than HL until day 43
(Figure 2D).

Physiological Results
C:N
Results of the one-way ANOVA with Tukey’s post-hoc
comparison showed ML plants had a significantly higher
C:N (17.56 ±0.57) than EL plants (15.04 ±0.37), p ≤ 0.006.
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There were no significant differences in C:N between site control
plants (16.48 ± 0.55) and any of the plants after treatment
(Table 3, Figure 3).

Rhizome Sugars—WSC (Water Soluble

Carbohydrates)
Results of the one-way ANOVA with Tukey’s post-hoc
comparison showed site control plants had significantly higher
total WSC content (52.76 ± 2.36 mg/ml) than all treatments (p
≤ 0.001). There was no significant difference between treatments
at the end of the experiment (Table 3, Figure 3).

TABLE 3 | Results of one-way ANOVA testing effects of light manipulation on the

physiological parameters C:N, water soluble carbohydrate content of rhizomes

(WSC), and leave chlorophyll content.

DF MS F P

C:N 4 872.8 34.27 <0.001

WSC 4 4.191 4.175 <0.05

Chlorophyll 4 5.029 9.179 <0.001

Significance level 0.05

All passed Bartlett’s test for homogeneity except chlorophyll.

Chlorophyll Content
Results of the one-way ANOVA with Tukey’s post-hoc
comparison showed site control samples had significantly
higher chlorophyll content (4.13 ± 0.16 µg Chl cm−2) than ML
(2.45 ± 0.28 µg Chl cm−2), p ≤ 0.001, and LL plants (3.14 ±

0.09 µg Chl cm−2), p = 0.014. ML plants were also significantly
lower in chlorophyll content than HL plants, p =0 .002, and EL
plants, p= 0.009 (Table 3, Figure 3).

Bioindicator Analysis
Principal component analysis was used to show which
bioindicators contributed to the most variability between
treatments and within treatments over time. The first two
principal components (PC1 and PC2) had eigenvalues over
1 making up over 70% of the variability. PC1 approximately
corresponds with the change from high light to low light,
whereas the treatments are more evenly spread across PC2. PC1
had an eigenvalue of 3.85 making up 48.1% of the variability,
and showed a correlation (above 0.3) between the variables leaf
length, shoot surface area, shoot growth, ETRmax, alpha, and Ek.
The first component increases with decreasing leaf length, shoot
surface area, shoot growth, ETRmax, Ek, and an increase in alpha.
PC2 has a strong correlation with leaf width and shoot surface
area (both above −0.5) and also a correlation with effective

FIGURE 3 | Effect of light shading on physiological properties of Z. marina with time. Plants were kept in a flow through aquaria using natural filtered seawater under

artificial light. Boxplots show results from control site plants compared with plants at the end of the experiment. (A) C:N (B) Total water soluble carbohydrates(WSC),

(C) Total chlorophyll content. Central line is the median, o point is the mean, n = 5.
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quantum yield (Fm′–F)/Fm′) (−0.482). PC2 increases with a
decrease with these correlating factors. HL plants remain in
cluster away from shade treated plants, only moving closer in
similarity to shaded plants in week 5 and 6 (Figure 4).

DISCUSSION

The present study provides an experimental test of the response
of multiple photophysiological and morphological bioindicators
to light limitation on Z. marina. The study provides an
experimental insight into timescales and levels of response
to light limitation specific to Z. marina relative to models
of light stress developed through meta-analysis (McMahon
et al., 2013). Leaf length, shoot growth rate, ETRmax, alpha,
Ek, and shoot surface area showed the strongest responses to
light limitation across time suggesting that they act as robust
bioindicators of light stress in Z. marina. Leaf width and effective
quantum yield were also found to respond consistently to
light limitation. Physiological parameters proposed by the meta-
analysis (McMahon et al., 2013) to make good bioindicators were
not found to be as robust when considered directly against these
other variables such as leaf length, alpha, and ETRmax.

Under light limiting conditions, plants exhibited significant
reductions in length, width, surface area and growth rate within
3–4 weeks, resulting in a reduction of above ground tissue. This
reduction potentially poses a respiratory burden to the plant
(Fourqurean and Zieman, 1991; Collier et al., 2012a). Growth rate
was significantly reduced in shaded plants by day 8, suggesting
that the response could have been detected even earlier. At a

meadow scale, we propose that the plant response to low light
would result in a reduction in overall seagrass density with
corresponding impacts upon ecosystem resilience (Unsworth
et al., 2015; Maxwell et al., 2016). A reduction in canopy density
may actually be considered an adaptive mechanism to maximise
available light as this allowsmore ambient light through to reduce
self-shading (Collier et al., 2012a).

The present study shows that a reduction in light to 20.12
µmol photons m−2s−1 (10:14 h light:dark photoperiod) is
enough to cause a significant decrease in leaf length and width
resulting in a decrease in plant surface area by 41% after 29 days,
with further light stress in the LL and EL treatments causing
similar albeit slightly bigger reductions. Light reductions of this
scale would result in significant effects at a meadow scale within
weeks, indicating that impacts causing light reductions over a
similar time scale would have a substantially damaging effect.
These results are comparable to in situ shading experiments
conducted on Z. marina (Backman and Barilotti, 1976; Dennison
and Alberte, 1985). A decline in shoot surface area results in
significant implications on a meadow-scale. A reduced amount
of photosynthetic tissue and a decrease in canopy density may
affect the ability of the meadow to attenuate the effects of waves
and currents. This results in an increase in levels of suspended
sediments causing an increase in turbidity, and a reduction in
sediment stabilization for the roots and rhizomes (van der Heide
et al., 2007). A scenario like this can cause a shift to an alternate
state within the meadow system, making it difficult for recovery
unless conditions and light levels are restored (van der Heide
et al., 2011; Unsworth et al., 2015). Frequent and prolonged

FIGURE 4 | Principal Component Analysis graph of morphological (leaf length, width, shoot surface area and shoot growth) and photophysiological (Alpha, maximum

electron transfer rate, minimum saturation irradiance, and effective quantum yield) responses with treatment and week (starting from week 1) as factors.

Frontiers in Environmental Science | www.frontiersin.org 9 June 2018 | Volume 6 | Article 39137

https://www.frontiersin.org/journals/environmental-science
https://www.frontiersin.org
https://www.frontiersin.org/journals/environmental-science#articles


Bertelli and Unsworth Rhizome Sugars (Water Soluble Carbohydrates)

periods of reductions in light levels to 20.12 µmol photons
m−2s−1 or below should be cause enough to alert managers to
take action to improve water quality.

The meta-analysis by McMahon et al. (2013) did not
recommend the morphological characteristics of leaf length, leaf
width or shoot surface area as robust bioindicators of light stress
for seagrasses overall. However, there is evidence for differences
between different genera or species in response to light limitation.
For instance, Z. muelleri was found to have the most rapid and
“plastic” responses in morphology and growth to shading when
compared to three other species of differing genus (Collier et al.,
2012b). The importance of these differences is also highlighted by
contrasting interspecific morphological responses, for example,
Posidonia oceanica has been found to increase leaf width whilst
Zostera nigricaulis, Halophila ovalis, andHalodule wrightii exhibit
an increase in leaf length as a way of increasing light capture
(Bulthuis, 1983; Dalla Via et al., 1998; Shafer, 1999; Collier et al.,
2007).

Photophysiological responses to shading were exhibited
within the first week and results showed trends consistent
with other studies (Belshe et al., 2008; Beer et al., 2014). All
plants showed high variability in alpha, ETRmax and Ek on day
0, however by day 5, all shaded plants exhibited significant

reductions in ETRmax and Ek and significant increases in alpha.
HL plants did not show such significant changes in alpha or
ETRmax as would be expected of plants adapted to higher light
conditions. In contrast to the meta-analysis the present study
identified alpha as a robust indicator of light stress, along with
ETRmax and Ek. The use of PAM fluorometry is useful as
a non-invasive monitoring tool as it can detect physiological
responses of seagrasses to light stress before morphological
changes take place (Belshe et al., 2007). However, photosynthesis
measurements using PAM display high levels of seasonal, diurnal
and shoot-scale variation which need to be fully understood
(Durako and Kunzelman, 2002). Also, chlorophyll fluorescence
has been found to be good for assessing recovery in Z. marina,
but not for detecting the onset of mortality (Biber et al.,
2009). Even so, if the use of PAM fluorometry is feasible,
consistent monitoring would give valuable information about the
environmental conditions of a Z. marina meadow, especially if
used alongside morphological bioindicators.

Physiological responses measured in this study showed no
significant changes between shaded and HL plants. There were
no significant changes in C:N at the end of the experiment when
compared to control site samples. This could have been affected
by the time of year the samples were taken. The C:N of Z. marina

FIGURE 5 | Schematic diagram showing effects of light limitation on Zostera marina plants over time under experimental conditions. High light treatment

(HL) = 5.61mol photons m−2day−1, light limiting treatment < 0.73mol photons m−2day−1 (ML = medium light 0.73, LL = low light 0.35, EL = extreme low light

treatments 0.14mol photons m−2day−1). Within the first week photosynthetic efficiency was affected in shaded plants shown by the increase in α, a decrease in

ETRmax and Ek, along with significantly reduced shoot growth. By week 3 leaf length was reduced in all shaded plants and leaf width reduced in ML plants. By week

4 leaf width and shoot surface area were significantly reduced in all shaded plants with the death of a LL plant. By week six, HL plants also showed decreases in leaf

length, shoot growth, and shoot surface area. Water soluble carbohydrate content of rhizomes was reduced in all plants at the end of the experiment. A decrease in

chlorophyll content was exhibited in LL and ML plants. There was no significant change in C:N of leaf tissue recorded for any of the plants in comparison to samples

taken from site location, although EL plants had the lowest ratio. Evidence of shoot mortality was found in all shade treated plants at the end of the experiment.
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is usually at its highest in summer months and lowest in winter
months (Fourqurean et al., 1997) and sampling for the present
study took place in late October (autumn in UK). It should also
be noted that C:N has been identified as a robust bioindicator for
Z. marina in a study that used an intensive field sampling strategy
providing reliable evidence to this effect (Jones and Unsworth,
2016).

The WSC content of rhizomes did not vary significantly
between treatments at the end of the experiment and therefore
the present study did not conclusively find WSC to be a robust
bioindicator of light stress. The significant seasonal variation in
carbohydrate stores of Z. marina (Dawes and Guiry, 1992; Burke
et al., 1996; Soissons et al., 2016) suggests sampling time could
also have effected this result.

Leaf chlorophyll content did not provide a strong predictor
of light limitation. LL and ML plants had the lowest chlorophyll
levels, although shaded plants were expected to have higher
chlorophyll content than control plants. However, if light stress
is too high, plants are unable to respond by producing more
chlorophyll. Collier et al. (2012b) also found that chlorophyll
levels in very low light treated plants did not increase compared
to the HL treated plants. This was thought to be due to the higher
level of stress counteracting the energetic benefits of producing
more chloroplasts.

Findings from this study indicate that MLR thresholds of
Z. marina are between the levels of HL and ML treatments:
between 155.76 and 20.12 µmol photons m−2s−1 or 5.61 and
0.73mol photons m−2day−1 under experimental conditions.
Maximum growth rates of Z. marina have previously been
found to be at irradiances between 100-150 µmol photons
µm−2s−1 (Dennison and Alberte, 1985; Olesen and Sand-jensen,
1993), or 5mol photons m−2day−1 (Thom et al., 2008) and the
photosynthesis saturating irradiance required for plant growth in
situ found to be to be 30–40 µmol photons m−2s−1 (Alcoverro
et al., 1999). As such, HL treatment at 155.76 µmol photons
m−2day−1 could be considered to be the equivalent of a maximal
surface irradiance level and it could therefore be suggested that
ML treatment is equivalent to∼12.9% of SI. This is similar to the
MLRs that have been determined for Z. marina in other studies
(Olesen and Sand-jensen, 1993; Short et al., 1995; Koch and Beer,
1996). Despite being close to the MLR, the ML treatment in this
study is still considerably higher than the light compensation
point determined for Z. marina in other studies at comparable
temperatures; 8.33 µmol photons m−2s−1 at 15◦C (Abe et al.,
2003), 10 µmol photons m−2s−1 at 20◦C (Dennison and Alberte,
1982) and 18.5 µmol photons m−2s−1 at 15◦C (Olesen and
Sand-jensen, 1993). Consequently, one would expect seagrasses
under the ML treatment to be still surviving, although maybe
not thriving. However, ML plants showed similar responses to
LL and EL plants with the bioindicators not changing in a
proportional manner relative to light treatment. This suggests
that below a certain light threshold, responses will be consistent.
The significant impacts to photosynthetic properties and growth
rate within the first week, and significant reductions in leaf
length, width and surface area after 4 weeks of shade treatment
indicates 12.9% SI or 20.12 µmol photons m−2s−1 for 10 h per
day is insufficient for Z. marina survival.

CONCLUSIONS

This study experimentally tests a wide range of bioindicators
of light stress on Z. marina plants within controlled laboratory
conditions (Figure 5). The minimum light threshold for
Z. marina was found to be above 20.12 µmol photons m−2s−1

with photophysiological responses and shoot growth being
the first bioindicators to be adversely affected by light stress
to this level within the first week. Morphological factors
took longer to be affected by light stress; this response was
observed between 29 and 39 days. EL plants experienced
lowest light levels, but responses were not always as quickly
exhibited as in LL or ML plants. This lag in response shows
that previous condition, such as larger shoot surface area
and rhizomal stores, will slow the effect of light limitation
on morphological responses. However, shoot growth, alpha,
Ek, and ETRmax are rapidly effected by light limitation.
Environmental monitoring of light levels within Z. marina
meadows could allow managers to foresee potential risks if
light is being attenuated to this level for prolonged periods
of time. Using the robust bioindicators identified in this study
specifically relevant to Z. marina can make it possible to assess
whether light limitation has or is occurring. This study shows
that light reduction to 20 µmol photons m−2s−1 or below
for 10 h daily light period causes significant reductions in
above ground tissues and photosynthetic performance leading
to shoot mortality within 4–6 weeks, under experimental
conditions. These results show what the impacts of a light
stress event to this level over the time-frame of a few weeks
can have on Z. marina and its implications at a meadow
scale.
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Posidonia oceanica is the only reported seagrass to produce significant amount of

dimethylsulfoniopropionate (DMSP). It is also the largest known producer of DMSP

among coastal and inter-tidal higher plants. Here, we studied (i) the weekly to seasonal

variability and the depth variability of DMSP and its related compound dimethylsulfoxide

(DMSO) in P. oceanica leaves of a non-disturbed meadow in Corsica, France, (ii) the

weekly to seasonal variability and the depth variability of DMSP to DMSO concentration

to assess the potential of the DMSP:DMSO ratio as indicator of stress, and (iii)

the relationships between DMSP, DMSO, and the DMSP:DMSO ratio with potential

explanatory variables such as light, temperature, photosynthetic activity (effective

quantum yield of photosystem II), and leaf size. The overall average concentrations of

organosulfured compounds in P. oceanica leaves were 130 ± 39 µmol.g−1
fw for DMSP

and 4.9 ± 2.1 µmol.g−1
fw for DMSO. Concentrations of DMSP and DMSO in P. oceanica

were overall distinctly higher and exhibited a wider range of variations than other marine

primary producers such as Spartina alterniflora, phytoplankton communities, epilithic

Cyanobacteria and macroalgae. Concentrations of both DMSP and DMSO in P. oceanica

leaves decreased from a maximum in autumn to a minimum in summer; they changed

little with depth. Potential explanatory variables except the leaf size, i.e., the leaf age

were little or not related to measured concentrations. To explain the seasonal pattern

of decreasing concentrations with leaf aging, we hypothesized two putative protection

functions of DMSP in young leaves: antioxidant against reactive oxygen species and

predator-deterrent. The similar variation of the two molecule concentrations over time

and with depth suggested that DMSO content in P. oceanica leaves results from oxidation

of DMSP. The DMSP:DMSO ratio remained constant around a mean value of 29.2 ± 9.0

µmol:µmol for the non-disturbed harvested meadow regardless of the time of the

year, the depth or the leaf size. As suggested for the salt march plant S. alterniflora,
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we hypothesized the DMSP:DMSO ratio could be considered as indicator of stress in

seagrasses exposed to environmental or anthropogenic stressors. More research would

now be needed to confirm the functions of DMSP and DMSO in seagrasses and how

the DMSP:DMSO ratio will vary under various disturbances.

Keywords: Posidonia oceanica, seagrass, organosulfured compounds, dimethylsulfoniopropionate (DMSP),

dimethylsulfoxide (DMSO), DMSP:DMSO ratio, ecology, physiology

INTRODUCTION

The synthesis and metabolism of dimethylsulfoniopropionate
(DMSP) has been studied for 70 years (Challenger and Simpson,
1948). DMSP and related sulfonium compounds dimethyl sulfide
(DMS) and dimethylsulfoxide (DMSO) constitute an integral
part of the marine sulfur cycle and play an important role in
the global sulfur budget (Stefels et al., 2007; Asher et al., 2017).
DMS, via transfer from the ocean to the atmosphere, could have
a cooling effect on climate and could help to compensate for
warming from “greenhouse effect” (Lovelock and Maggs, 1972;
Charlson et al., 1987). Although this climatic role has been found
to be much more complex than originally thought (Quinn and
Bates, 2011), it nevertheless explains the interest of research on
the production and fate of these organosulfured compounds in
the marine environment.

Among the terrestrial and coastal magnoliophytes studied for
DMSP production, only few poaceae and asteraceae have a high
DMSP content, e.g., Spartina anglica C.E. Hubbard, 1978 (Van
Diggelen et al., 1986) and Spartina alterniflora Loisel (Dacey
et al., 1994), Saccharum officinarum L., 1753 (Paquet et al., 1994),
and Wollastonia biflora (L.) DC., 1836 (Hanson et al., 1994).
Recently, Borges and Champenois (2015) added the seagrass
Posidonia oceanica (Linnaeus) Delile, 1813 to this short list.
This seagrass is endemic to the Mediterranean Sea and forms
dense monospecific meadows from the surface to depths of 40–
48m (Boudouresque and Meinesz, 1982; Gobert et al., 2006;
Boudouresque et al., 2012). P. oceanica beds are major coastal
ecosystems (Gobert et al., 2006; Boudouresque et al., 2012),
highly productive (Champenois and Borges, 2019b), provide
many goods and services (Campagne et al., 2015; Mtwana
Nordlund et al., 2016) and have considerable environmental,
financial, and heritage value (Vassallo et al., 2013; Campagne
et al., 2015).

To our best knowledge only one previous study investigated
the occurrence of DMSP in seagrass species other than P.
oceanica (Dacey et al., 1994). In this study, the DMSP content in
the epiphytized leaves of the three seagrasses Halodule wrightii
Ascherson, 1868, Syringodium filiforme Kützing, 1860, and
Thalassia testudinum K.D. Koenig, 1805 was mostly attributed
to their epiphytes (Dacey et al., 1994). Recently, Borges and
Champenois (2015, 2017) analyzed P. oceanica leaf segments
non-epiphytized or carefully cleaned of their epiphytes prior
DMSP analysis. In addition epiphyte flora growing on P. oceanica
leaves is dominated by red coralline algae (Jacquemart and
Demoulin, 2006; Piazzi et al., 2016) that have a very low DMSP
content of below 0.1 µmol.g−1

fw (Kamenos et al., 2008). For these
reasons, it is obvious that DMSPmeasured in P. oceanicamaterial

came from the plant itself. Borges and Champenois (2015)
reported depth and seasonal variability of the DMSP content
in P. oceanica leaves, suggesting a relationship with irradiance.
Because these authors followed the sample preparation protocol
used in the vast majority of DMSP-related studies dealing
with macroalgae, i.e., performing measurements on oven-dried
samples, their work and similar are not quantitative. Indeed,
most DMSP is lost and/or transformed into DMSO because of
the drying treatment, and fresh or frozen tissues of P. oceanica
have a DMSP content orders of magnitude higher (Borges and
Champenois, 2017). Consequently, there is a need to investigate
again depth and seasonal variations of DMSP content in P.
oceanica tissues.

DMSP plays physiological roles in marine autotrophs that has
stimulated numerous studies on its production, especially on
marine phytoplankton (Challenger and Simpson, 1948; Stefels
et al., 2007; Bullock et al., 2017). Briefly, DMSP may act
as osmolyte, cryoprotectant, antioxidant, predator deterrent,
antibiotic, and overflow metabolite for carbon and nitrogen
(reviews in: Otte et al., 2004; Stefels et al., 2007; Van Alstyne,
2008). These functions like, e.g., the role of antioxidant in S.
alterniflora (Husband and Kiene, 2007; Husband et al., 2012),
remain often hypothetical and still require testing. Coastal higher
plants further have to deal with toxic sediment-reduced sulfur
(Zheng et al., 2017; Apostolaki et al., 2018) and are colonized by
epiphytes (Jackson et al., 2006; Piazzi et al., 2016). In Spartina
spp., the production of DMSP could allow the plant to excrete
excess sulfur (Van Diggelen et al., 1986; Otte and Morris,
1994). DMSP production as an overflow mechanism for excess
reduced sulfur and for excess energy was also hypothesized
by Stefels (2000) in microalgae. Regarding an hypothetical role
of antifouling agent, it seems ruled out from experimental
observations in S. alterniflora (Jackson and Stuckey, 2007), but
was reported in the brown algae Fucus vesiculosus Linnaeus, 1753
against bacterial attachment (Saha et al., 2012). Studies are to
date still too few to fully elucidate the roles DMSP and its related
compounds effectively play, in particular in coastal higher plants.

DMSO is present in phytoplankton (Simó and Vila-Costa,
2006) and in intertidal salt marsh plants of the genus Spartina
(Husband et al., 2012; McFarlin and Alber, 2013). DMSO is also
present in the seagrass P. oceanica, as reported in the protocol
papers of Borges and Champenois (2017) and Champenois and
Borges (2019a). In comparison to DMSP and DMS, DMSO has
received less attention (Lee et al., 1999) because of the later
discovery of particulate DMSO in the late 90s (Simó et al., 1998)
and its importance for the sulfur cycle (Green and Hatton, 2014).
DMSO is formed through photochemical oxidation of DMS
in seawater (Brimblecombe and Shooter, 1986) and through
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biological oxidation of DMS(P) in cells (Zhang et al., 1991; Simó
and Vila-Costa, 2006). The reasons why DMSO is biosynthesized
by phytoplankton remain unresolved. Similar to DMSP, DMSO
could act as a cryoprotectant, a free-radical scavenger and an
osmoregulator (Lee and de Mora, 1999).

The significant correlation between DMSO and DMSP
frequently observed in marine phytoplankton indicates that the
production of DMSO is closely related to DMSP production
(Simó and Vila-Costa, 2006; Hatton and Wilson, 2007). From
field (Simó and Vila-Costa, 2006) and experimental (Simó
et al., 1998) observations of DMSO and DMSP kinetics in
phytoplankton, Simó and Vila-Costa (2006) suggested the ratio
of their concentrations would be a rather good indicator for
oxidative stress caused by, e.g., nutrient exhaustion and light.
Studies on S. alterniflora have further argued the usefulness of this
ratio as generic indicator of physiological stress: tissue senescence
(Husband and Kiene, 2007) and sudden dieback (McFarlin and
Alber, 2013), chemical stress: herbicides (Husband et al., 2012),
andmechanical stress: wrack deposition and herbivory (McFarlin
and Alber, 2013).

DMSP and its relatives are compounds that clearly deserve
attention in higher plants. This consideration, discussed 15 years
ago by Otte et al. (2004), is still relevant today. The study of
DMSP and DMSO in seagrasses is at its very beginning, the little
we currently know being to some extent biased methodologically
(DMSP analysis in leaf-epiphyte complex or dried samples;
Dacey et al., 1994; Borges and Champenois, 2015). In order to
deepen our knowledge on the ecology of these organosulfured
compounds in P. oceanica, we investigated (i) the weekly to
seasonal variability and the depth variability of DMSP andDMSO
in P. oceanica leaves, (ii) the weekly to seasonal variability
and the depth variability of DMSP to DMSO concentration to
assess the potential of the DMSP:DMSO ratio as indicator of
stress, and (iii) the relationships between DMSP, DMSO, and
the DMSP:DMSO ratio with potential explanatory variables such
as light, temperature, photosynthetic activity (effective quantum
yield of photosystem II), and leaf size. To reach these objectives,
we monitored during 15 months the DMSP and DMSO content
in P. oceanica leaves of a non-disturbed meadow in Corsica,
France, in the framework of the STARECAPMED program
(Richir et al., 2015).

MATERIALS AND METHODS

Study Site and Environmental Parameters
The study was conducted between April 2015 and July 2016 in
a dense and healthy P. oceanica meadow in the northwestern
part of the Revellata Bay in the Gulf of Calvi (Corsica, France;
Norie, 1831), close to the STARESO research station (42.580◦N,
8.725◦E). The Gulf of Calvi has an area of about 22 km2, opens
to the Ligurian Sea on the northeast with a border of about
6 km and connects to the deep sea by a canyon. STARESO,
with a direct access to the sea, boats and diving facilities
enables high-frequency scientific observations in all areas of
oceanographic research. The Gulf of Calvi is a “reference site”
in a very good state of environmental conservation (Gobert
et al., 2009; Lopez y Royo et al., 2010, 2011). The sea level

to about 38m depth benthic ecosystem is dominated by a
dense and healthy P. oceanica meadow. The four other main
benthic communities in the Gulf are shallow rocky substrates
covered by photophilic macroalgae, bare coarse sand, Cymodocea
nodosa (Ucria) Ascherson, 1870 meadows and heterogeneous
muddy sand rich in debris of P. oceanica leaves, with sciaphilic
macroalgae down to 100m depth (Bay, 1984; Champenois and
Borges, 2012; Richir et al., 2015). The study site in the present
work was identical to that of Borges and Champenois (2015,
2017).

Water temperature and light intensity are parameters
recorded continuously by STARESO with probes and loggers
deployed in the water column and the P. oceanica meadow
facing the research station, i.e., where the survey was conducted.
The collected environmental data was made accessible via the
shared database RACE (Binard, 2017). Photosynthetically active
radiation (PAR, µmol photons.m−2.s−1) was recorded (10 or
20min interval) at a depth of 10m just above the seagrass
meadow canopy with an Odyssey logger (Odyssey Submersible
Photosynthetic Active Radiation Logger, Dataflow Systems Ltd).
The Odyssey logger was calibrated in the air against a LICOR LI-
190 quantum sensor (LI-COR Inc.). Temperature (◦C) and light
intensity (lux, cd.sr.m−2) were recorded (10 or 20min interval)
along the depth gradient of distribution of P. oceanica, i.e., from

the sea level to 36m depth, with Hobo loggers (HOBO Pendant
R©

Temperature/Light Data Logger, Onset Computer Corporation).
Five Hobo loggers were deployed along the depth transect at 1, 8,
18, 27, and 34m depth just above the seagrass bed to record light
intensity that reached the meadow canopy. Five supplementary
Hobo loggers were deployed along the depth transect at 3, 10,
20, 29, and 36m depth at the water column-sediment interface to
record water temperature within the meadow canopy (and light
absorption by the meadow canopy).

Measurements of P. oceanica leaf photosynthetic activity and
seagrass sampling were performed aroundmidday between 10:25
and 13:33 (Universal Time; see below section Photosynthetic
Activity and Sample Collection). Only the temperature and
light data corresponding to this 3-h time window were selected
for analysis.

Photosynthetic Activity and Sample

Collection
Measurements of P. oceanica leaf photosynthetic activity and
seagrass sampling for subsequent biometry and DMSP and
DMSO analysis were performed by scuba dives at 10m
depth at a weekly to fortnightly frequency between April
15, 2015 and July 11, 2016. Between June 23, 2015 and
July 13, 2015, measurements of leaf photosynthetic activity
and seagrass sampling were additionally performed by scuba
dives along the depth transect at 3, 10, 15, 20, 25, 29,
and 36m depth (no leaf sampling for biometry at 15 and
25m depth). Measurements of leaf photosynthetic activity
and seagrass sampling were performed on orthotropic shoots
(i.e., vertical growth, as opposite to plagiotropic—horizontal—
growth; Boudouresque et al., 2012) randomly sampled on a few
m2 surfaces.
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During each dive, the chlorophyll fluorescence effective
quantum yield of photosystem II (Yield of PSII, or 8PSII)
of six P. oceanica shoots was recorded using an underwater
fluorometer (DIVING-PAM, Heinz Walz GmbH). 8PSII is a
measure of the effective photochemical efficiency of the plant,
in the conditions of light and temperature at the time of
measurement (Silva et al., 2009; Murchie and Lawson, 2013).
To obtain reliable and comparable data, the protocol was
standardized. The measurement of 8PSII was performed on
the convex middle part of the third internal leaf from the
inside of the leaf bundle [juveniles leaves—<5 cm long (Giraud,
1979)—excluded], around midday, during cloud free and calm
weather days. The measurement of 8PSII was made on leaves
in their natural position in the water column, i.e., at the
vertical (measurements are indeed often performed with leaves
maintained horizontally, which exposes them de facto to higher
light intensities). PAR at half height of the meadow canopy
was recorded concomitantly to leaf 8PSII in the same vertical
position with the Fiber Quantum Sensor DIVING-LI of the
DIVING-PAM. The calibration of the DIVING-LI was checked
in the air before each dive against a LICOR LI-190 quantum
sensor. PAR was recorded close to the spot of the sample
where fluorescence was recorded using the Universal Sample
Holder DIVING-USH.

Of the six leaves analyzed for 8PSII during each dive, three
were sampled for DMSP and DMSO analysis. Sampling was
performed by cutting the leaf just above the meristem area
with a scissor to ensure its post-regrowth (De los Santos et al.,
2016). Six supplementary P. oceanica complete leaf bundles were
sampled with the same method for shoot biometry analysis
(concomitantly to sampling for DMSP and DMSO analysis). Leaf
bundles were clipped with plastic tongs prior cutting to keep
the insertion order of the leaves. Sampled third leaves and leaf
bundles were brought back to the STARESO facility in opaque
plastic bags.

Quickly after the end of the dive, the first 20 photosynthetic
cm from the base of P. oceanica third leaves (i.e., first little
pigmented cm excluded) sampled for DMSP and DMSO analysis
were dissected, then prepared and stored according to the
protocol of Borges and Champenois (2017). Briefly, dissected leaf
fragments were cleaned of their epiphytes (when present) with a
razor blade (Dauby and Poulicek, 1995), conditioned individually
in 20ml glass vials sealed with polytetrafluoroethylene coated
silicone septa stopper and frozen at −20◦C until DMSP
and DMSO analysis. P. oceanica leaf bundles clipped with
plastic tongs were stored individually in plastic bags and
frozen at −20◦C until biometry measurements. Samples were
brought back frozen to the home laboratory in Belgium to
avoid DMSP loss during transport (Borges and Champenois,
2017). Samples stored in the home laboratory at −20◦C were
then analyzed for DMSP and DMSO (see section DMSP
and DMSO Analysis) and for biometry according to the
method of Giraud (1979) for measuring and counting foliar
structures of P. oceanica. The third leaf foliar surface (cm2)
was calculated as: leaf length x leaf width; the leaf bundle
foliar surface was calculated as: (the sum of the lengths of
intermediate leaves x mean width of intermediate leaves) +

(the sum of the lengths of adult leaves x mean width of
adult leaves).

In addition to P. oceanica sampling and for comparison
purpose of DMSP and DMSO analysis between benthic
primary producers of the Revellata Bay, 29 species of epilithic
Cyanobacteria and macroalgae (Ochrophyta, Chlorophyta, and
Rhodophyta) were collected by snorkel dives between surface and
8m depth in May 2016 along the shore close to the STARESO
research station. Quickly after the end of the dive, the samples
were rinsed with running seawater in the STARESO facility,
stored in 50ml polyethylene bottles and kept frozen (storage,
transport; Borges and Champenois, 2017) until analysis. Variable
amounts of algae biomass (depending on the expected DMSP
content based on literature values) were processed for DMSP and
DMSO content (three replicates by species-specific pool sample)
in a similar fashion as for P. oceanica leaves (see section DMSP
and DMSO Analysis).

DMSP and DMSO Analysis
P. oceanica third leaves sampled for DMSP and DMSO analysis
were unfrozen, gently dried of water droplets on absorptive paper
and cut in 3 mm2 square fragments. About 20mg of fresh leaf
fragments were put in three different pre-weighted 20ml glass
vials for analysis (three pseudoreplicates by leaf, three leaves by
sampling; Borges and Champenois, 2017). DMSP and DMSO
concentrations were measured after conversion into DMS with
the headspace technique with a gas chromatograph (GC) with
a flame photometric detector (FPD) (Agilent 7890A, Agilent
Technologies Inc.) according to the method of Champenois and
Borges (2019a). In brief, the method consists first in digesting
P. oceanica leaf fragments in their 20ml closed vials with NaOH
(6M). In the presence of NaOH, DMSP cleaves quantitatively into
DMS and acrylate. The DMS in the vial headspace is measured
by GC-FPD. The NaOH digestate is then bubbled with ambient
air to evacuate the DMS and acidified with HCl. The DMSO
present in the digestate is then reduced by TiCl3 in DMS. The
DMS in the vial headspace is again measured by GC-FPD. The
GC-FPD peaks of DMS are finally converted into DMSP and
DMSO concentrations from a series of standards of known
concentrations treated in the same way and at the same time as
the samples. Sample DMSP and DMSO concentrations are given
inµmol per g of leaf fresh weight (µmol.g−1

fw ). The ratio of DMSP
to DMSO concentration was further computed.

Statistical Analysis
The study had two datasets to analyze: (i) a 15-month time
series dataset from a fixed depth (10m) and (ii) a depth gradient
dataset (3–36m) of variation in environmental (temperature,
light) and biological (8PSII, foliar surfaces, DMSP and DMSO
concentrations, DMSP:DMSO ratio) observations. The statistical
analysis of the two datasets was performed in RStudio version
1.1.383 (RStudio Team., 2016). The significance level alpha was
set to 1% to reduce Type I error.

Regarding the 15-month survey dataset (see
Supplementary Material Table 1), cross-validated smoothing
cubic splines (Pope and Gadh, 1988) were fitted to the mean
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PAR and mean 8PSII recorded with the DIVING-PAM. Cross-
validated smoothing cubic splines were also fitted to P. oceanica
third leaf and shoot mean foliar surfaces, and to P. oceanica third
leaf mean DMSP concentration, mean DMSO concentration, and
mean DMSP:DMSO ratio. DMSP and DMSO concentrations,
and to a lesser extend the DMSP:DMSO ratio showed breaks
during their seasonal evolution at 10m depth in late summer and
autumn. In P. oceanica, the fall of senescent adult leaves is not a
continuous process, most remaining in position until being torn
off by autumnal storms (Wittmann, 1984). The potential effect
of this non-continuous leaf renewal cycle on the dynamics of leaf
DMSP and DMSO concentrations and their ratio was identified
using segmented linear regression analysis (Muggeo, 2003;
Toms and Lesperance, 2003). This semi parametric procedure is
useful for assessing if the relationships between explanatory and
response variables can be divided into more intervals. Identified
linear segments were tested for model assumptions.

Regarding the depth transect performed between June 23,
2015 and July 13, 2015 (see Supplementary Material Table 2),
it included four samplings at 10m depth (data shared between
both the 15-month survey and the depth gradient datasets)
and one sampling at, respectively, 3, 15, 20, 25, 29, and
36m depth. The four samplings at 10m depth were compared
for P. oceanica biological parameters using one-way ANOVA
after testing for assumptions. Because none of the parameters
displayed differences at 10m depth over the 3 weeks of the
depth gradient sampling (results not shown), we could consider
that depths were comparable over this short period. Depths
were compared for P. oceanica biological parameters using one-
way ANOVAs after testing for assumptions, followed by Tukey’s
multiple comparison test of means.

Relationships between response variables: DMSP and DMSO
concentrations and the DMSP:DMSO ratio and potential
explanatory biological (8PSII and third leaf foliar surface) and
environmental (light and temperature) variables were explored
using Spearman’s rank correlation coefficient (Pearson, 2001;
Schober et al., 2018) and analyzed using Generalized Linear
Model (GLM, with gaussian distribution and identity link
function; McCullagh and Nedler, 1989). The interpretation of the
meaning of the Spearman’s rank correlation coefficients was from
Fowler and Cohen (1990). From correlation and GLM analyses
results (coefficient p-values), we modeled linear relationships
between P. oceanica third leaf foliar surface and third leaf DMSP
concentration, DMSO concentration andDMSP:DMSO ratio, for
10m depth data. We further modeled the linear relationship
between P. oceanica third leaf DMSP and DMSO concentrations
for all 10m depth survey and depth gradient data, after removing
from this global dataset two influential observations measured by
Cook’s distance (Cook, 1977). GLMs and linear regressions were
checked for model assumptions.

RESULTS

Environmental Parameters
PAR and temperature at 10m depth followed a classic annual
sinusoidal cycle (Figure 1A), with about 2-month time lag
between seasonal extrema of the two parameters. Summer

FIGURE 1 | Evolution of environmental and seagrass biological parameters in

P. oceanica meadow at 10m depth over time. (A) Temperature (◦C, solid dark

gray line) and photosynthetically active radiation (PAR, µmol photons.m−2.s−1)

recorded above the meadow canopy (solid light gray line) or within the

meadow canopy (dots; mean ± sd, n = 6). (B) Effective quantum yield of

photosystem II (8PSII) of P. oceanica third leaf (mean ± sd, n = 6). (C) P.

oceanica shoot (black dots) and third leaf (gray dots) foliar surfaces (cm2;

mean ± sd, n = 6 except February 29, 2016, n = 5). The solid black lines on

graphs (A–C) are predictions from cross-validated smoothing cubic spline

analyses on within meadow PAR, 8PSII and foliar surfaces, respectively.

and winter water temperatures were, on average, about 1.2◦C
higher than their respective climatological seasonal mean values
averaged over the 1981–2018 period (unpubl. data). The autumn-
winter period of the survey was further characterized by a
low occurrence of storms (Champenois and Borges, 2019b).
The low predicted values of the PAR profile within the
meadow canopy resulted from their measurement vertical to the
surface and the shading effect of the dense seagrass meadow
(Figure 1A). PAR within the meadow canopy peaked with
time lag late summer, during the period of large P. oceanica
leaf decay.

The average lux over the 3-week sampling period along
the depth transect decreased exponentially with depth while
the average temperature decreased linearly with depth (results
of models not shown; Figure 2A). The more marked decrease
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FIGURE 2 | Evolution of environmental and seagrass biological parameters in

P. oceanica meadow along the 3–36m depth transect. (A) Temperature (◦C;

dark gray squares; mean ± sd, n = 23) and light recorded above the meadow

canopy (lux, cd.sr.m−2; light gray dots; mean ± sd, n = 23) or within the

meadow canopy (photosynthetically active radiation (PAR), µmol

photons.m−2.s−1; light gray triangles; n = 6 at all depths except 10m, n =

24). For comparison purpose between depths, mean PAR recorded during

dives were normalized by mean lux of corresponding days (flipped light gray

triangles, no scale). (B) Boxplot of the effective quantum yield of photosystem

II (8PSII) of P. oceanica third leaf. (C) Boxplot of P. oceanica shoot (dark gray)

and third leaf (light gray) foliar surfaces (cm2 ). Letters on boxplots (B,C)

represent significant differences (one-way ANOVA and Tukey test) in mean

8PSII or mean foliar surfaces between depths, respectively (n = 6 at all depths

except 10m, n = 24).

in temperature below 10m depth indicated the progressive
installation of the summer thermocline. The random pattern of
the PAR profile recorded during sampling scuba dives within the
meadow canopy illustrated the day-to-day irradiance variability
during the 3-week depth gradient survey (Figure 2A). After
normalization of mean PAR within the canopy by mean lux
of corresponding days above the canopy, a more structured
profile of increase of light in the meadow canopy with depth was
obvious. Themost consistent increase between 20 and 29mdepth
resulted from the net reduction of P. oceanica shoot density and
biomass (Gobert et al., 2003), which de facto decreased shading
in the meadow canopy at depths where light becomes limiting.

Effective Quantum Yield of Photosystem II

and Biometry
P. oceanica third leaf 8PSII measured at 10m depth showed
inter-shoot and inter-date variability (Figure 1B). Globally,
8PSII decreased from late winter to late summer, for an average
general value of 0.63 ± 0.06 over the survey period. P. oceanica
third leaf 8PSII changed little with depth (Figure 2B). Mean
8PSII along the 3-36m depth gradient was 0.66 ± 0.05, i.e.,
a value close to the mean annual one of 0.63 ± 0.06 at 10m
depth. Globally, 8PSII showed lower mean values at lower
3–15 m depths.

P. oceanica shoot and third leaf foliar surfaces displayed
at 10m depth the same classic annual cycle, with summer
maxima and autumnminima after themassive decay of senescent
and necrotic adult leaves and the renewing of leaf bundles
before winter (Figure 1C). Foliar surfaces along the 3–36m
depth gradient were maximal at 10m depth, decreased close to
the surface and with depth and were minimal at 36m depth
(Figure 2C), i.e., at the lower limit of the meadow with the
lowest access to light. The highest Spearman’s rank correlation
coefficient of the analysis of the leaf foliar surfacematrices (results
of supplementary analyses not detailed) were observed between
the shoot and the third leaf (P. oceanica shoots dissected for
biometry had in average 6 ± 0 leaves), both at 10m depth over
time (rho= 0.85, p < 0.001) and along the depth gradient (rho=
0.88, p < 0.001). The third leaf from the inside of the leaf bundle
(juvenile leaves excluded, see Giraud, 1979) therefore appears to
be the best proxy for P. oceanica shoot total foliar surface and
justifies, by extension, its election as representative tissue to study
the plant biology (similar inference for 15m depth in: Romero
et al., 2007; Luy et al., 2012).

DMSP, DMSO, and DMSP:DMSO Ratio
Mean DMSP concentrations at 10m depth ranged between 62
± 17 and 205 ± 58 µmol.g−1

fw (reported as preliminary result
in Borges and Champenois, 2017), i.e., a ratio of about three
between leaf extrema (Figure 3A). The DMSP concentration
decreased continuously from autumn to summer, with a clear
break in the cycle between the two seasons properly predicted
by segmented linear regression analysis unlike spline smoothing
(Figure 3A). DMSO differed from DMSP in terms of both
absolute concentrations and relative difference between extrema.
Mean DMSO concentration at 10m depth ranged between 1.5
and 8.6 ± 2.0 µmol.g−1

fw , i.e., a ratio of about six between leaf
extrema (Figure 3B). The DMSO concentration also decreased
continuously from autumn to summer, with however a smoother
break in the cycle between both seasons (Figure 3B); as a result,
both spline model and segmented linear regression adequately
predicted the cyclic evolution of the DMSO concentration. The
DMSP and DMSO concentrations in P. oceanica leaves at 10m
depth were strongly positively correlated with each other (rho =
0.74, p < 0.001). They were, respectively, strongly (rho = −0.75,
p < 0.001) and modestly (rho = −0.55, p < 0.001) negatively
correlated with the third leaf foliar surface. Correlations of
concentrations were non-significant with 8PSII and weak to
modest with environmental parameters light (rho = −0.59, p
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FIGURE 3 | Evolution of (A) the DMSP concentration (µmol.g−1
fw ) and (B) the

DMSO concentration (µmol.g−1
fw ) in P. oceanica third leaf at 10m depth (mean

± sd, n = 3 except February 5, 2016 for DMSP and DMSO and July 7, 2016

for DMSO, n = 2). The solid black lines are predictions from segmented linear

regression and cross-validated smoothing cubic spline analyses on

leaf concentrations.

< 0.001 for DMSP; rho = −0.38, p = 0.025 for DMSO) and
temperature (rho = −0.50, p = 0.002 for DMSP; rho = −0.33,
p = 0.041 for DMSO). Confirming the results of the exploratory
correlation analyses, results from the GLM analyses showed an
effect of the third leaf foliar surface only on DMSP (p = 0.004)
and DMSO (p = 0.033) concentrations at 10m depth. Indeed,
DMSP and DMSO concentrations decreased linearly with the
increase of the leaf foliar surface (p< 0.001, R2 = 0.53 for DMSP;
p < 0.001, R2 = 0.34 for DMSO), i.e., the aging of the leaf
(Wittmann et al., 1981; Wittmann and Ott, 1982).

Mean DMSP concentrations along the depth gradient ranged
from a minimum of 71 ± 21 µmol.g−1

fw at 20m depth to

a maximum of 143 ± 26 µmol.g−1
fw at 29m depth. Depth

influence on DMSP concentration was not significant at alpha 1%
(ANOVA-p = 0.042; Figure 4A). Mean DMSO concentrations
remained close to 3.9 µmol.g−1

fw along the depth gradient, except

for the lower mean value of 1.8 ± 0.2 µmol.g−1
fw at 20m

depth (ANOVA-p = 0.080; Figure 4B). The positive correlation
between the two molecule concentrations was modest (rho
= 0.58, p = 0.001). The DMSP and DMSO concentrations
remaining relatively constant with depth, none of the potential
explanatory variables that for most showed a clear depth gradient
were related to the concentrations of the two molecules, as
observed from correlation and GLM analyses. Overall, the
general scatterplot of DMSP and DMSO concentrations for all
P. oceanica leaves sampled at 10m depth over time and along the

FIGURE 4 | Evolution of (A) the DMSP concentration (µmol.g−1
fw ), (B) the

DMSO concentration (µmol.g−1
fw ) and (C) and the DMSP:DMSO ratio

(µmol:µmol) in P. oceanica third leaf along the 3–36m depth transect (mean ±

sd, n = 3 except at depths 15m, n = 2 and 10m, n = 12). Tenth and ninetieth

percentiles (horizontal dotted gray lines) and the mean ratio value (horizontal

dashed gray line) of the interpercentile range for the 10m depth survey are

reported on the DMSP:DMSO ratio graph (C).

depth transect showed a clear linear relationship between the two
compounds (Figure 5).

Mean DMSP:DMSO ratio values at 10m depth ranged
between 20.2 ± 1.0 and 55.9 µmol:µmol, i.e., a ratio of about
three between leaf extrema (Figure 6A). All mean DMSP:DMSO
ratio values except the maximum were distributed in the
10th−90th interpercentile range of leaf ratio values, around a
corresponding mean of 27.7 ± 5.0 µmol:µmol (Figure 6A).
Segmented linear regression on the 10th−90th interpercentile
range predicted, unlike spline smoothing, a slight cycle break
around mid-October when DMSP and DMSO concentrations
were at high seasonal levels (Figure 3) and foliar surfaces at
their lowest (Figure 1C). October thus corresponded to a new
physiological cycle for the seagrass. Accordingly, the evolution
of the DMSP:DMSO ratio was bounded to the month of
October, regardless of the year. October-bounded DMSP:DMSO
leaf ratio values in the 10th−90th interpercentile range showed
no significant linear trend (Figure 6B). This was consistent
with the absence of significant linear relationship between the
DMSP:DMSO ratio and the third leaf foliar surface (p = 0.160,
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FIGURE 5 | Scatterplot of DMSP and DMSO concentrations (µmol.g−1
fw ) in P. oceanica third leaf, S. alterniflora leaves, epilithic Cyanobacteria, macroalgae

(Ochrophyta, Chlorophyta, and Rhodophyta), and marine phytoplankton communities. P. oceanica data are for individual leaf samples, all 10m depth survey and

depth transect observations combined (n = 129). S. alterniflora data are mean values from Husband and Kiene (2007), Husband et al. (2012), and McFarlin and Alber

(2013). Epilithic Cyanobacteria and macroalgae data are mean species-specific pool sample values. Phytoplankton data are mean values from Simó and Vila-Costa

(2006). Graph (B) is a zoom of graph (A) bottom left area framed by a rectangle. The legends of marine primary producer symbols are given next to the graphs. The

solid black line on graph (A) is the linear regression modeling the relationship between P. oceanica DMSP and DMSO concentrations. Model R2 and p-value are

shown on the graph. 95% confidence (dashed gray lines) and prediction (dotted gray lines) intervals are plotted.

R2 = 0.05), i.e., the leaf age (Wittmann et al., 1981; Wittmann
and Ott, 1982).

Mean DMSP:DMSO ratio values along the depth gradient
did not significantly differ between depths (ANOVA-p = 0.356)
and were included in the 10m depth 10th−90th interpercentile
range of leaf ratio values (Figures 4C, 6). The DMSP:DMSO

ratio general mean of 31.5 ± 6.1 µmol:µmol along the depth
gradient was further close to the 10m depth value of 27.7 ±

5.0 µmol:µmol. From these results, we can reasonably conclude
that the DMSP:DMSO ratio in P. oceanica third leaves remained
constant regardless of the depth, just as it was over time at
10m depth. Consequently, none of the potential explanatory
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FIGURE 6 | (A) Evolution of the DMSP:DMSO ratio (µmol:µmol) in P. oceanica

third leaf at 10m depth (mean ± sd, n = 3 except February 5, 2016 and July

7, 2016, n = 2). The dashed (non-significant slope at p = 0.01) and solid

(significant slope at p = 0.01) segments of the broken black line and the solid

black line are predictions from segmented linear regression and

cross-validated smoothing cubic spline analyses, respectively, for the leaf ratio

values between 10th and 90th percentiles. (B) DMSP:DMSO ratio values

(µmol:µmol) bounded to October, regardless of the year. The dashed black

line represent the non-significant linear trend of leaf ratio values over the year

for data between 10th and 90th percentiles. Model R2 and p-value are shown

on the graph. Tenth and ninetieth percentiles (horizontal dotted gray lines) and

the mean ratio value (horizontal dashed gray line) of the interpercentile range

are reported on both graphs.

variables that for most showed an annual cycle and/or a depth
gradient were related to theDMSP:DMSO ratio, as observed from
correlation and GLM analyses.

DISCUSSION

DMSP
ThemaximummeanDMSP concentrationmeasured in this work
was 205 ± 58 µmol.g−1

fw , for an overall average in P. oceanica

leaves of 130 ± 39 µmol.g−1
fw . These values are much higher than

the maximum mean DMSP concentration of 33.9 µmol per g
of oven-dried leaf, i.e., 6.8 µmol.g−1

fw (P. oceanica leaves contain
about 80% water) reported by Borges and Champenois (2015),
and of the same order of magnitude as the DMSP concentrations
of fresh and frozen leaf samples reported by Borges and
Champenois (2017). The present survey thus confirms the
quantitative important role played by P. oceanica as DMSP
producer in Mediterranean coastal environments. The DMSP
concentration in P. oceanica leaves showed a continuous decrease
over the seagrass physiological year. The scientific literature on
the seasonal evolution of DMSP in marine species, and more

specifically macrophytes is sparse. Husband (2007) reported that
DMSP in S. alterniflora seemed to present a general pattern
of increasing concentrations through summer to an autumnal
maximum followed by a decrease over winter into early spring.
Lyons et al. (2010) observed that DMSP content inCodium fragile
subsp. fragile (Suringar) Hariot, 1889 off the Atlantic coast of
Nova Scotia were highest in boreal spring, lowest in autumn, and
negatively related to temperature. These authors further studied
experimentally the DMSP production plasticity by C. fragile
subsp. fragile. Results indicated it increased with decreasing
temperature and with light intensity. Conversely, Karsten et al.
(1992) measured a decrease in DMSP concentration in Antarctic
green macroalgae acclimated to higher temperatures. Statistical
relationships with temperature do not suggest any cryoprotectant
function of DMSP in P. oceanica. The species, endemic of the
Mediterranean, grows in temperate environmental conditions,
must not cope with cold water temperatures (Boudouresque and
Meinesz, 1982) but with global warming (Duarte et al., 2018;
Darmaraki et al., 2019). According to Sunda et al. (2002), DMSP
has the ability to capture free oxygen radicals (known collectively
as reactive oxygen species, or ROS) produced especially during
the photolysis of water molecules by PSII during photosynthesis
(Lesser, 2006). The study did not find any deterministic
relationship between light intensity or photosynthetic activity
and the DMSP concentrationmeasured in P. oceanica leaves. Our
sampling protocol was standardized at around midday, during
calm and sunny weather days; this may have partially masked
a real effect of light and 8PSII on leaf DMSP content. We can
therefore not confirm or refute a role of DMSP in P. oceanica
related to light regime and put forward for macroalgae (Rix et al.,
2012) and phytoplankton (Slezak and Herndl, 2003), i.e., to be an
antioxidant for ROS and to cope with oxidative stress.

The main significant relationship of DMSP content with
potential explanatory variables was with the third leaf foliar
surface: the longer, i.e., the older the leaf (Wittmann et al., 1981;
Wittmann and Ott, 1982), the less DMSP. DMSP concentration
in the first 20 photosynthetic cm of P. oceanica young third
leaves was the highest in September, after the decay of senescent
leaves and the renewal of the leaf bundle. The plant, with
acropetal growth (Boudouresque et al., 2012), will allocate
costly defenses to tissues that contribute most to fitness and
survival (Rhoades, 1979), that is, the basal segment of newly
grown leaves. Two known functions of DMSP production could
explain higher concentrations in young growing tissues. First,
the protection against grazers. Sarpa salpa (Linnaeus, 1758), the
main herbivore on P. oceanica, can either feed on any range
of leaf ages or select mid-age leaves (Pinna et al., 2009; Steele
et al., 2014). Paracentrotus lividus (Lamarck, 1816), the second
most important grazer on that species feeds preferentially on
the epiphytes, more abundant on older leaves (Traer, 1979;
Tomas et al., 2006). Higher DMSP concentration (or related
compounds DMSO, DMS, and acrylic acid) in younger tissues
could thus reduce, as repulsive, the grazing pressure (Vergés et al.,
2007). Predator deterrence by DMSP and its metabolites was
indicated by grazing observations by rats on inner tissues of S.
alterniflora stems depleted in DMSP after nitrogen fertilization
(Morris et al., 2002; Sundareshwar et al., 2003; Otte et al., 2004),

Frontiers in Ecology and Evolution | www.frontiersin.org 9 January 2020 | Volume 7 | Article 510150

https://www.frontiersin.org/journals/ecology-and-evolution
https://www.frontiersin.org
https://www.frontiersin.org/journals/ecology-and-evolution#articles


Richir et al. DMSP and DMSO in Posidonia oceanica

difficulties to experimentally feed rats at high concentrations
of DMSP (Nakajima, 1989) and DMSP cleavage to DMS and
acrylic acid which deter feeding on algae by some herbivores (Van
Alstyne et al., 2001; Van Alstyne and Houser, 2003). Changes in
tolerance to grazing and defense allocation against herbivores in
aging tissues (Schultz et al., 2013; Martínez-Crego et al., 2015)
could then lead to the decrease of the DMSP concentration
in P. oceanica leaves over time. Second, the protection against
ROS as suggested above. Alcoverro et al. (1998) experimentally
reported higher primary production from net oxygen release in
younger leaf segments, i.e., close to the base. High productivity
implies high rate of photosynthesis that leads unavoidably to
the production of ROS (Hajiboland, 2014). We observed no
relationship between DMSP concentration and 8PSII in P.
oceanica third leaf. Seagrass canopy photosynthetic response is
a function of canopy density and light environment (Hedley
et al., 2014). Thus, although P. oceanica younger leaf segments
analyzed for DMSP and DMSO have the ability to be more
productive, the shading effect of the canopy at low to medium
depths and poor light availability deeper where the meadow is
sparse are probably unfavorable for the production of ROS at
deleterious levels for the plant. The possibility of these two DMSP
functions (grazer deterrent and protection against ROS from
photosynthesis) remains open and will require further testing.
However, considering these two potential functions, knowing the
dynamics of the meadow canopy and the physiology of the plant,
a potential scheme of DMSP production by P. oceanica leaves
can be established. In late summer early autumn, during the
main renewal of the leaf bundles, the old senescent leaves are
replaced by young productive leaves whose access to light and
grazers (Prado et al., 2007; Pinna et al., 2009) is facilitated by the
drastic fall of the leaf biomass. The production of DMSP by these
new leaves is, from this moment, maximum. The annual cycle of
light and the biology of organisms (predation by grazers, plant
productivity and growth cycle) evolved toward a linear decrease
in DMSP concentration until next summer. This cycle, evident
at 10m, will have to be investigated along depth transects. The
absence of difference observed along the unique depth profile
performed in this study, a snapshot at the beginning of the
summer period when the DMSP content levels were seasonally
very low, does not allow emitting any hypotheses.

DMSO
The maximum mean DMSO concentration measured in this
work was 8.6 ± 2.0 µmol.g−1

fw , for an overall average in P.

oceanica leaves of 4.9 ± 2.1 µmol.g−1
fw . These values are much

higher than for the other coastal higher plant S. alterniflora.
Husband and Kiene (2007) and Husband et al. (2012) reported
DMSO concentrations ranging from 0.25 to 0.88 µmol.g−1

fw
(after conversion to fresh weight for Husband et al., 2012
DMSO data—S. alterniflora leaf meanmoisture content of 62.5%;
Hardisky et al., 1983—since they analyzed fresh samples but
published results per g of dry weight), McFarlin and Alber (2013)
from 0.57 to 1.66 µmol.g−1

fw . The latter argued that differences
might result from a high variability of DMSO content across
marshes, differences in DMSO to DMS conversion efficiency
during analysis (Kiene and Gerard, 1994) and methodological

differences, the former estimating DMSO from within the same
serum vial (same plant sample) that was used to estimate DMSP,
the latter not. Husband and Kiene (2007) collected their samples
in summer in Alabama, McFarlin and Alber (2013) in autumn
in Georgia. These states are neighbors and sampling locations
are at similar latitude. In addition, performing both DMSP and
DMSO analyses on the same leaf sample does not lead to any loss
of DMSO (Champenois and Borges, 2019a). So presumably, the
reasons for the differences observed for S. alterniflora are natural,
not methodological. Because Husband (2007) did not measure
any consistent seasonal trend of the DMSO concentration in S.
alterniflora leaves, differences might indeed result mainly from
variability across marshes. In contrast to S. alterniflora, the
DMSO concentration in P. oceanica leaves evolved clearly over
the seasons (as was for DMSP). The spatial variability across
meadows remains however to be investigated, all the current data
coming from the same location.

The distribution of DMSO within healthy S. alterniflora
tissues and between sampling areas reflected somewhat the
distribution of DMSP (Husband and Kiene, 2007; Husband et al.,
2012; McFarlin and Alber, 2013). Such a similar distribution
between the two molecules within healthy P. oceanica leaves was
particularly evident in the present study, both over time and
with depth. Some evidences suggested that DMSO production
in S. alterniflora leaves could result both from direct oxidation
of DMSP and via cleavage of DMSP to DMS and subsequent
oxidation of DMS (Dacey et al., 1987; Husband and Kiene,
2007; Husband et al., 2012). Such information on the metabolic
pathway of DMSP to DMSO in seagrasses are for the moment
missing. However, DMSO and DMSP concentrations in P.
oceanica leaves increased concomitantly in late summer when
the seagrass leaf bundle was renewed. This period corresponds
to maximum potential grazing on shoot inner leaves (Prado
et al., 2007; Pinna et al., 2009) and maximum access to light for
young productive tissues. Leaf wound and grazing (McDowell
et al., 2014a) and photosynthesis (Hajiboland, 2014) lead to
the production of ROS, the latter being also predator deterrent
(McDowell et al., 2014b). DMSP conversion to DMSO could
then be mediated by these ROS because of the hypothesized
antioxidant function of DMSP (Sunda et al., 2002; Simó and
Vila-Costa, 2006; Husband and Kiene, 2007). Considering the
similar distribution of DMSP and DMSO in P. oceanica and
a main function of DMSP as antioxidant for ROS, the strong
relationship between the two molecules reported in this study
is evident. The absence of any other strong relationship with
potential explanatory variables except with third leaf foliar
surface reinforces the hypothesis of a close link between the
concentrations of the two molecules.

Strong relationships between particulate DMSP and DMSO
have also been reported within cultured marine phytoplanctonic
cells (Hatton and Wilson, 2007) and natural communities in
coastal and open surface waters collected in a variety of marine
biomes and different seasons (Simó and Vila-Costa, 2006). The
scatterplot distribution of DMSP and DMSO for S. alterniflora,
for epilithic Cyanobacteria and macroalgae and for most (88%)
natural marine phytoplankton communities fall within the 95%
prediction interval of the regression line of Figure 5A derived
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from the P. oceanica data. Their DMSP contents are distinctly
lower than in P. oceanica, as well as their DMSO contents. It is
particularly the case for epilithic Cyanobacteria and macroalgae
(Ochrophyta, Chlorophyta and Rhodophyta) from the Revellata
Bay (see Supplementary Material Table 3), with DMSP and
DMSO content globally very low compared to other marine
primary producers. DMSP and DMSO in macroalgae showed
a proportional relationship between their concentrations, all
species considered (Figure 5B). The highest DMSP content
was reported in the Chlorophyta group, for Ulva intestinalis
Linnaeus, 1753 (3.10 ± 0.42 µmol.g−1

fw ) and Codium adhaerens

C. Agardh, 1822 (3.77 ± 0.34 µmol.g−1
fw ) in agreement with

Van Alstyne and Puglisi (2007) for Ulva spp. and Lyons et al.
(2010) for C. fragile subsp. fragile. DMSO data in macroalgae
are currently very scarce. The DMSO content in U. intestinalis
(0.40± 0.02µmol.g−1

fw ) was in agreement with Deschaseaux et al.
(2014) who reported similar value for Ulva lactuca Linnaeus,
1753, but a DMSP content one order of magnitude higher
in U. lactuca compared to U. intestinalis. In contrast to S.
alterniflora, epilithic Cyanobacteria and macroalgae, some of the
average DMSO concentrations of natural marine phytoplankton
communities from warm tropical waters are very high (up to
16.67 µmol.g−1

fw ). Simó and Vila-Costa (2006) provided two
possible explanations for these high DMSO values: first, the
dominance of phytoplankton community by nano- and pico-
phytoplankton in warmer waters supposedly enriched in DMSO
relative of DMSP; second, higher solar irradiance in the sampled
warmer waters, and higher DMSO content to scavenge ROS.

DMSP:DMSO Ratio
The monitoring of seagrass biological responses to stressors
at the molecular and cellular level is a useful complementary
tool in environmental quality evaluation and risk assessment
(Ferrat et al., 2003; Hansen, 2003). A multiparametric approach
including structural and physiological indicators, indicators
of general stress and stress-related specific indicators seems
to be required to establish an appreciable ecotoxicological
diagnostic using seagrasses (Ferrat et al., 2003; Roca et al., 2016).
Considering the source of DMSO in the plant is DMS(P), their
ratio represents the degree of oxidation of the DMSP pool
(Husband and Kiene, 2007). In our study, DMSO accounted for
3.8 ± 1.0% of DMSP in P. oceanica leaves, a value similar to the
4.0% reported for S. alterniflora leaves from a natural population
(Husband and Kiene, 2007). In yellowing and experimentally
stressed (application of herbicides) S. alterniflora (Husband and
Kiene, 2007; Husband et al., 2012) and in plants collected from
areas affected by different disturbances (sudden marsh dieback,
horse grazing, littorinid snail grazing, wrack deposition;McFarlin
and Alber, 2013), DMSP was converted to its oxidation product
DMSO resulting in a higher DMSO:DMSP ratio compared
to healthy unstressed plants. These studies on S. alterniflora
reported evidences that the DMSO:DMSP ratio could be useful
as generic indicator of stress in plants, the response being
consistent regardless of disturbance type. For obvious reasons
of understanding, in order to work with numbers (not just
decimals), for stress to result in a decrease in the value of
the indicator for monitoring purpose in the framework of

Environmental Directives and as expected by environmental
actors and decision-makers, we report the ratio as DMSP:DMSO.

In the present study, the DMSP:DMSO ratio in P. oceanica
leaves remained constant over time and with depth. The absence
of a seasonal trend of the ratio of the two molecules was
also observed in S. alterniflora (Husband, 2007). The primary
contributor to the evolution over time of DMSP and DMSO
concentrations was the elongation, i.e., the aging (Wittmann
et al., 1981; Wittmann and Ott, 1982) of the third leaf over the
annual growth cycle of the plant. Regardless of the age of the leaf,
the DMSP:DMSO ratio remained constant as indicated by the
absence of a significant relationship between the two variables.
A generic early warning indicator of stress, not subject to the
time of year, the depth, the stage of development of the plant
would be a real asset for the monitoring of the quality of coastal
waters, especially for diffuse stressors such as pollution that are
currently difficult to assess. The main biotic indices based on
P. oceanica for assessing the ecological status of Mediterranean
coastal waters reported good to high quality index values for the
Gulf of Calvi (Gobert et al., 2009; Lopez y Royo et al., 2010, 2011).
Here, the DMSP:DMSO ratio remained constant over time and
with depth, in a narrow range of values around a mean of 29.2
± 9.0 µmol:µmol. This constant ratio for a healthy P. oceanica
meadow not subject to environmental or direct anthropogenic
stressors (except global change) can be considered as reference
value for future work (field and laboratory) on the assessment of
the DMSP:DMSO ratio as early generic indicator of stress.

CONCLUSIONS

P. oceanica leaves are important producers of DMSP and
DMSO, their concentrations being overall much higher than
phytoplankton, epilithic Cyanobacteria, macroalgae, and
saltmarsh plants. Concentrations of the two organosulfured
compounds varied with time, probably not with depth.
Considering the similar distribution of both molecules, we
hypothesized DMSO content results from the oxidation of
DMS(P). Their concentration dynamics could be an important
homeostatic process involved in the maintenance of an internal
steady state of the plant. Of all physiological (photosynthetic
activity), biometrical (foliar surface) and environmental (light,
temperature) parameters monitored, the annual cycle of the
plant aging was the main vector of evolution of leaf DMSP
and DMSO concentrations. We hypothesized two protective
functions of DMSP to explain higher concentrations in young
tissues that contribute most to the plant fitness and survival:
antioxidant against ROS and predator-deterrent. Finally, we
observed a constant DMSP:DMSO ratio in P. oceanica leaves
for the studied non-disturbed meadow. We hypothesized this
ratio, constant for unstressed plants, could be useful as early
warning indicator of stress in seagrasses independently of the
season, the depth or the age of the leaf bundle. In conclusion, the
present study deepened our knowledge on the ecology of DMSP
and DMSO in P. oceanica and brought new insights on the
concentration dynamics of both molecules in coastal ecosystems
overall. More research is now needed to confirm the functions of
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DMSP and DMSO in seagrasses, notably because grazing was not
investigated and the relationship with light and photosynthesis
was not obvious, and to assess how the DMSP:DMSO ratio
would vary under disturbance.
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Seascape ecology has been widely applied to marine habitats, including seagrass

meadows, through various approaches all over the world for the past 30 years. However,

these methods mainly study seagrass meadows on a single spatial scale and monitor

a single driver of heterogeneity. Additionally, few assess the seascape’s structural

evolution. This creates gaps between the scientific data provided and those required by

environmental managers and stakeholders in charge of seagrass meadow conservation.

To meet their expectations, in this paper we developed a new multidisciplinary approach

based on the coupling of mapping techniques, particle flux, and biometric investigations

in a Mediterranean Bay, the Calvi Bay (Corsica, France), to assess the structural changes

of Posidonia oceanica (L.) Delile meadows subject to disturbances. We focused our

investigations on the structural characteristics, the spatial dynamics, and the particle

fluxes of natural sand areas generated by bottom currents and dead matte patches

which ensued from anchoring damages at 10, 15, and 20m depth. Natural sand patches

and anchoring patches differed in size, the first the largest. They also displayed different

erosion-colonization dynamics. Natural sand patches were eroded at a mean speed of

12 cm.a−1 and colonized at a rate of 7 cm.a−1. Anchoring patches showed a mean

erosion speed of 3.5 cm.a−1 and a colonization rate of 6.5 cm.a−1. Regarding particle

fluxes, continuous meadow, and natural patch sedimentation and resuspension rates

were 3.7 gDW.m−2.d−1 and 4.1 gDW.m−2.d−1 in average, respectively. In contrast,

anchoring patches at 20m depth acted as sediment traps (112.60 gDW.m−2.d−1 in

winter) and showed a higher particle resuspension rate. Our results highlighted the

dichotomous dynamics of seagrass seascapes influenced by natural and anthropogenic

factors. Thus, the smallest anchoring patch will take about 27 years to be recolonized

while the biggest requires 60 years to be covered by the plant. With an upscaling

approach, together with the newest mapping tools of marine habitats, we suggest a

new method to study the evolution of seagrass meadows at a large spatial scale.

Keywords: seascape, seagrasses, dynamics, anthropogenic impacts, management, conservation
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INTRODUCTION

Over the past century, landscape ecology has been widely used
to tackle environmental issues through the study of habitats’
spatial heterogeneity and its effect on species distribution (Pickett
and Cadenasso, 1995). A landscape can be defined as a shifting
arrangement of biotic structures and the resulting mosaic of
patches within a matrix connecting them (Forman et al., 1986;
Robbins and Bell, 1994). Landscape ecology consists in the study
of the structure, i.e., the spatial assembling of patches within the
matrix; the function, i.e., the distribution of organisms within the
landscape; and the evolution, i.e., the changes over time of both
the structure and the function (Turner, 1989). Patch dynamics
is commonly used in landscape ecology for the management of
natural and anthropic ecosystems (Pittman et al., 2011; Jackson
et al., 2017), although for marine habitats no formal landscape
approach was developed until the 1990s (Bell and Hicks, 1991;
Robbins and Bell, 1994). This recent field of study was named
“seascape ecology,” with reference to the application of landscape
ecology concepts to the marine environment (Pittman, 2017).

Because of the ecosystemic and economical services they
provide, the strong research interest they create, and the need
to provide management tools, seagrass meadows were among
the first marine habitats to be studied with a seascape approach
(Bell et al., 2006). The seagrass Posidonia oceanica (L.) Delile
endemic to the Mediterranean Sea plays major roles at the scale
of the whole basin. For that reason, this seagrass is one of the
most studied species with a seascape approach (Abadie et al.,
2018b). Posidonia oceanica builds extensive beds with complex
three-dimensional structures. These seagrass beds are under the
influence of natural and anthropogenic factors leading to both
spatial and temporal heterogeneity (Boudouresque et al., 2009).
The definition of a P. oceanica seascape will vary according to
the spatial scale considered and the seafloor matrix (e.g., sand,
rock, seagrass) in which habitat patches are embedded (Pagès
et al., 2014). In the present study, a P. oceanica seascape is defined

FIGURE 1 | Two contrasted P. oceanica seascapes in Calvi Bay at 20 m depth (Corsica, France): (A) a natural seascape made of sand patches generated by water

movements; (B) a seascape impacted by intensive anchoring leading to dead matte patches. Photos: A. Abadie.

according to Abadie et al. (2015) as the set of the different habitats
(i.e., types of patch) of natural and anthropogenic origin included
in a meadow matrix.

Natural factors such as erosive bottom currents and extreme
seasonal wave events shape the P. oceanica seascape by generating
sand patches within the meadow matrix (Figure 1A) and
restraining the development and colonization of the plant at
shallow depths (Gobert et al., 2016; Vacchi et al., 2017). Natural
patches derived from bottom currents present a structural duality
with an eroded vertical matte edge opposed to a colonized one
(Abadie et al., 2017). In addition, the particle flux within the
canopy drives the meadow’s vertical growth and results in the
elevation of the matte, i.e., a complex of dead/living rhizomes,
roots, and sediments (Boudouresque and Jeudy De Grissac,
1983).

Anthropogenic impacts are more diverse and may affect the
seascape structure with contrasted dynamics given their origin
(Giakoumi et al., 2015). Mechanical impacts such as anchoring
(Figure 1B), trawling, explosions, and costal urban development
lead to the immediate disappearance of the seagrass and the
creation of dead matte patches (Meinesz and Lefèvre, 1983;
Francour et al., 1999; Kiparissis et al., 2011). Other human
activities that persist over time such as fish farming, sewage
outfalls, and dredging may also create dead matte patches within
the P. oceanica matrix through over-sedimentation, organic
matter overload, and light availability reduction. These persisting
processes take months or even years to affect the meadows in
contrast to the previous (Pergent-Martini et al., 1995; Holmer
et al., 2008; Boudouresque et al., 2009).

According to the various dynamics of patches composing
the P. oceanica seascape, the study of its changes requires a
better understanding of processes involved at various spatial
and temporal scales (Wedding et al., 2011). This information
is needed when studying P. oceanica meadow changes for
management or conservation purposes (Montefalcone et al.,
2013). Nowadays, this knowledge is missing which restrains the
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use of practical seascape ecology as a standard tool for the
study of seagrass meadows’ evolution for decision makers and
stakeholders. European directives, such as the Water Framework
Directive (WFD) and the Marine Strategy Framework Directive
(MSFD), aim at evaluating the ecological status of key marine
ecosystems such as P. oceanica meadows (Gobert et al., 2009;
Personnic et al., 2014). Consequently, the development of a
seascape ecology approach specific to seagrass meadows is
required. By studying the link between the structure of seagrass

habitats, the distribution of its inhabiting organisms and changes
occurring over time for the whole system, seascape ecology is a
promising approach to addressing the management obligation
ensuing from these directives (Abadie et al., 2018b).

To respond to this lack of knowledge for Mediterranean
seascape management, an extensive research effort was
performed at various temporal (seasonal to pluriannual)
and spatial scales (several m2 to km2) in Calvi Bay (Corsica,
France) to study natural and anthropogenic patch dynamics.

FIGURE 2 | Location of study sites in the Calvi Bay. RM, reference meadow; NP, natural patch; AP, anchoring patch. Ten, fifteen, and twenty numbers are depths.

Mapping data of marine habitat are from Abadie (2012).
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First, a cartographic analysis of P. oceanica seascapes was
performed at a large spatial scale using side scan sonar images
allowing to classify patches according to their origin (Abadie
et al., 2015). A second study focused on the characterization of
the structure of meadows impacted by intensive anchoring and
chemical dynamics within sediments of the resulting dead matte
patches (Abadie et al., 2016). A third work presented results
of long term investigation of the structural dynamics of sand
patches resulting from water movement (Gobert et al., 2016).
The most recent work compared sediment chemistry of natural
sand patches at various depths and the resulting structural edge
effect on the surrounding meadow (Abadie et al., 2017).

In this context, this work aimed to answer a fundamental
question in the field of seagrass seascape ecology: do natural
and anthropogenic patches within a meadow matrix show
the same dynamics? More precisely, specific objectives of the
present study were: (1) to provide a quantitative description of
natural and anthropogenic anchoring patches’ dynamics through
a multidisciplinary approach and the acquisition of original
results; (2) to merge these new findings with observations from
previous studies on P. oceanica seascapes conducted in Calvi
Bay in order to draw a general picture of P. oceanica seascapes’
dynamics; (3) to bring new insights for seascape management
for P. oceanica meadows and other seagrass ecosystems by

FIGURE 3 | Sampling design encompassing lepidochronology, fine scale mapping, and biometry of orthotropic rhizomes, particle total deposition, and resuspension

in natural and anchoring patches as well as in a continuous reference P. oceanica meadow.
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suggesting an approach for large spatial scale investigations of
their structural evolution.

MATERIALS AND METHODS

Sampling Design and Study Sites
The sampling design was based on the comparison of (1)
the characteristics of natural sand patches generated by water
movements (both eroded and colonized sides are considered),
(2) anthropogenic patches generated by anchoring, and (3) a
continuous reference meadow with no human impact (Figure 2).
The multidisciplinary approach (1) encompassed the growth
rate and biometry of orthotropic rhizomes at the edge of
the surrounding meadow, (2) the particle total deposition and
resuspension inside patches as well as in the reference meadow,
and (3) the spatial evolution of each patch. In order to take into
account the influence of light and water movement reduction
with increasing depth, this sampling design was repeated
simultaneously at 10, 15, and 20 m depth.

Study sites were located in the Calvi Bay (Corsica, France),
nearby the research station STARESO (Figure 3). Natural
patches (NP) with their eroded (‘E) and colonized (‘C) edges
(respectively, NPE and NPC), and the continuous reference
P. oceanica meadow (RM) are located in the western part of
the Bay near the extremity of the Punta Revellata (Figure 2).
Eroded edges take the shape of a vertical wall of matte while
colonized sides show plagiotropic rhizomes on bare sediments as
described by Gobert et al. (2016). An intensive research effort has
been performed on the P. oceanica meadows of this area since
the 1970s where no mechanical anthropogenic impact has ever
been observed (Michel et al., 2012). Anchoring patches (AP) are
located in the smaller Alga sub-Bay at the basis of the Punta
Revellata (Figure 2). An intensive anchoring pressure of leisure
boats of various sizes, i.e., from 5 to 90m long, has been reported
for several decades in the Alga Bay. The origin of these anchoring

patches was attested to through the observation of mechanical
impacts along their edges corresponding to the abrasion resulting
from anchor removal. Study sites nearby the STARESO research
station and in the Alga Bay are the same than those studied by
Abadie et al. (2016, 2017).

Patch Marking and Mapping
Six patches (two at each depth) were mapped using the method
of Gobert et al. (2016) to monitor their surface evolution between
2014 and 2016 (Figure 3). Patch borders were marked out with
labeled pegs anchored 50 cm deep in the sediments. A fine
scale map was then obtained using triangulation measurements
between pegs, i.e., by measuring the distance and orientation of
each peg from the other. Each year, the distance between each
peg and the nearest meadow border was measured and then
reconstructed in a GIS software (QGis 3).

Biometry, Rhizome Growth, and
Meadow Density
Twenty orthotropic P. oceanica shoots were sampled in winter
2014 in each station (RM, NPE, NPC, AP) at each depth
(10, 15, and 20m; Figure 2) for a total of 240 shoots. Leaf
surface was measured using the method of Giraud (1979).
Rhizome growth and the number of new scales per year were
measured using lepidochronology (Pergent et al., 1989). This
method reconstructs the yearly chronological cycle of leaves’
development through the measurement of their scale thickness.
Ten replicates of the meadow density were randomly performed
at each station using 25 × 40 cm quadrats using the method
of (Giraud, 1977).

Particle Flux
The particle flux, i.e., total deposition and resuspension, was
investigated using the particle traps developed by Gacia et al.

FIGURE 4 | (A) Total deposition traps in a natural patch (photo: A. Abadie); (B) Schematic vertical and horizontal views of a resuspension trap.
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FIGURE 5 | Maps of the borders of natural (NP10, NP15, NP20) and anchoring patches (AP10, AP15, AP20) in 2014 (yellow), 2015 (blue), and 2016 (red). The

position of the eroded and the natural sides are indicated for natural patches.

(1999). Traps were deployed and retrieved using SCUBA. Total
deposition traps took the shape of PVC stands supporting
centrifugation tubes with an aspect ratio of the opening around
3, each stand encompassing five tubes (Figure 4A). They were
deployed 20 cm above the substrate. Particle resuspension traps
were PVC ropes with four tube levels starting at 20 cm from
the substrate and separate from each other by 20 cm (i.e., at
0.2, 0.4, 0.6, and 0.8m high). Each tube level was composed
of five tubes, for a total of 20 tubes (Figure 4B). Tube levels
were placed in a spiral fashion in order to avoid masking by
upper ones (Figure 4B). Three total deposition traps (n = 15
tubes) and one resuspension traps (n = 20 tubes) were deployed
during 8 days at each depth in natural (NP) and anchoring

patches (AP) and in the continuous reference meadow (RM).
After retrieval, the content of particle traps was immediately
filtered in STARESO’s laboratory using pre-weighted GF/F filters
with diameter of 25mm. Filters and their particle content
were dried at 60◦C during 4 days before being weighted
again using a Mettler AJ100 scales with 0.0001 g precision.
Results were expressed in gDW.m−2.d−1 taking into account
the 0.000573 m2 opening area of the tubes and the 8 days of
underwater deployment.

Statistical Analyses
Statistical analyses were performed under the R 3.5.1 software (R
Development Core Team, 2018) using the FactoMineR package.
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TABLE 1 | Evolution of natural and anthropogenic patch area (m2) and edge

length (m) between 2014 and 2016.

Patch Area (m2) Edge length (m)

2014 2015 2016 2014 2015 2016

NP10 138.5 133.8 140.1 69.4 70.4 69.1

NP15 143.9 142.7 141.7 97.3 98.2 98.9

NP20 136.8 136.8 138.9 67.1 67.0 68.5

AP10 1.0 0.9 0.8 4.1 4.4 4.0

AP15 0.8 0.9 0.8 4.8 4.5 4.8

AP20 90.6 87.7 86.0 45.2 44.6 44.2

The normality of leaf surface, meadow density, rhizome growth,
and scale number residual distribution were tested by Shapiro–
Wilk statistic. Differences between stations (NPE vs. NPC vs.
AP vs. RM) were tested for each depth (10, 15, and 20m)
with an ANOVA, after checking for homoscedasticity using
the Fisher test. The Kruskal-Wallis test was performed when
ANOVA assumptions were not met. ANOVAs and Kruskal-
Wallis tests were followed by post-hoc Tuckeys’ or Dunns’

multiple comparison test of means, respectively. The same
statistical approach was applied to total deposition data.

RESULTS

Natural patches showed similar areas ranging between 136.8 and
143.9 m2 (Table 1; Figure 4) but had disparities in their total
edge length varying between 67.1 to 97.3m at a depth of 20 and
15m, respectively (Table 1). Anchoring patches showed a strong
dimorphism both in terms of area [1.0 and 0.8 m2 at 10 and
15m depth, respectively, but 90.6 m2 at 20m depth; Figure 4)]
and total edge length (4.1 and 4.8m at 10 and 15m depth,
respectively, and 45.2 at 20m depth; Table 1).

Although natural patches showed a clear dichotomous
morphology between erosion and colonization (i.e., two
continuous edges), edges of anchoring patches were an
alternation of colonization and erosion without any distinct
pattern (Figure 5). The percentage of the edge colonized among
natural patches (NP) varied from 57.1% at 20m depth to 77.3%
at 10m depth (Figure 6). Erosion speed (ranging from 10.5
to 15.6 cm.a−1) exceeded colonization speed (ranging from 6.5
to 8.4 cm.a−1) at all depths (Figure 6). A different pattern was

FIGURE 6 | Mean erosion (red) and colonization (green) in cm.a−1 over the edge of natural (NP) and anchoring (AP) patches at 10, 15, and 20m depth between 2014

and 2016. Mean erosion and colonization speeds are expressed ± their standard deviation. Percentages represent the edge proportion of erosion and colonization

over the whole patch perimeter.
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FIGURE 7 | Boxplots of leaf surface (cm−2.shoot−1), shoot density (shoots.m−2), rhizome growth (cm.a−1 ), and leaf scale number per year (scales) for each of the

12 monitored stations (RM, reference meadow, black; NPE, natural patch erosion, clear blue; NPC, natural patch colonization, dark blue; AP, anchoring patch, red) at

either 10, 15, or 20m depth. Double bars represent minimum and maximum values.

observed for anchoring patches (AP) with contrasted percentage
of erosion: 28.7% at 10m depth, 59.3% at 15m depth, and
25.4% at 20m depth, respectively (Figure 6). Erosion speed
was similar to colonization speed at 10m depth (AP10, 5.5
an,d 4.7 cm.a−1,, respectively; Figure 6). In contrast, at 15 and
20m depth, colonization speed (5.2 cm.a−1 at 15m depth and
8.0 cm.a−1 at 20m depth) speed exceeded erosion (3.7 cm.a−1 at
15m depth and 2.7 cm.a−1 at 20m depth; Figure 6).

The maximum mean leaf surface was measured at 10m depth
at AP10 (254.5 cm2.shoot−1; Figure 7). Significant differences
were found between stations (ANOVA: F = 4.856; p < 0.0001;
df = 11). NPE10 mean leaf surface was smaller than AP10
and NPC10 ones (Figure 7). Mean shoot density showed a
pick value at 10m depth at NPC10 (630 shoots.m−2; Figure 7).
Significant differences were found between stations (ANOVA:
F = 19.5; p < 0.0001; df = 11). Fifteen meter depth station
NPE15mean shoot density was higher than AP15 one (Figure 7).
Rhizome growth followed a different pattern with both lowest
(5.55mm.a−1, RM10) and highest (13.65mm.a−1, NPC10) mean
values recorded at 10m depth, all stations considered (Figure 7).
Significant differences were found between stations (Kruskal-
Wallis test= 182.9; p< 0.0001). Post-hocDunn’s tests highlighted

strong disparities between most stations at 10m depth and
between RM15 and NPE15 at 15m depth (Figure 7). Finally,
the maximum mean leaf scale number produced per year was
recorded at station NPE20 (9.3 scales.a−1; Figure 7). Like for
the other three parameters, significant differences were found
between stations (Kruskal-Wallis test= 100.0; p< 0.0001). These
differences were observed at 15m depth between stations RM15
and AP15 and between stations NPC15 and AP15 (Figure 7).

The maximum mean total deposition is observed at station
AP20 both in summer 2015 and winter 2016 with 6.38 and 112.60
gDW.m−2.d−1, respectively (Figure 8). Significant differences
were found between stations both in summer 2015 (Kruskal-
Wallis test = 56.9; p < 0.0001) and in winter 2016 (Kruskal-
Wallis test= 120.7; p< 0.0001). In summer, post-hocDunn’s tests
revealed differences between station RM15 and the two other
15m depth stations, and between 20m depth stations RM20
and AP20 (Figure 8). Although mean total particle deposition at
10 and 15m depth are of the same order in summer 2015 and
winter 2016 (ranging from 2.44 to 8.51 gDW.m−2.d−1), far higher
values were measured at 20m depth in winter 2016 compared
to summer 2015 with values ranging from 24.80 to 112.60
gDW.m−2.d−1 (Figure 8). Among the three stations RM20, NP20,
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FIGURE 8 | Boxplots of total particle deposition within natural (NP, blue) and anchoring patches (AP, red) and in continuous reference meadows (RM, black) at 10, 15,

and 20m depth in summer 2015 and winter 2016. Double bars represent minimum and maximum values.

and AP20, AP20 mean total deposition in winter 2016 was
significantly higher (Kruskal-Wallis test= 32.55 p < 0.0001).

A decrease of the vertical particle flux, or resuspension
captured by traps was observed for all stations from 0.2 to
0.8m above the seafloor (Figure 9). In summer 2015 at 10 and
15m depth, the mean weight of trapped particles in the water
column (0.8m, ranging from 1.77 to 2.54 gDW.m−2.d−1) was
similar to the one closest to the sea bottom (0.2m, ranging
from 2.31 to 3.37 gDW.m−2.d−1; Figure 9). Resuspension at 0.2m
above the sea bottom showed the same disparities than for total
deposition (Figures 8, 9). At 20m depth stations in summer
2015, a higher mean weight of trapped particles were measured at
all sampling heights. At station AP20 in particular, mean values
ranged from 3.06 gDW.m−2.d−1 0.8m above the seafloor to 4.63
gDW.m−2.d−1 0.2m above (Figure 9). In winter 2016, higher
amounts of particles were trapped in the 0.8m water column
height above the seafloor, these amounts further increasing with
the depth. The mean weight of particles was similar between the
three stations at 10m depth (Figure 9). At 15 and 20m depth,
stations AP15 andAP20 showedmuch higher amount of particles
in the water column compared to RM and NP stations especially
as we got closer to the sea bottom, with mean values ranging,
respectively, from 4.12 to 8.82 gDW.m−2.d−1 and from 50.78 to
155.44 gDW.m−2.d−1 (Figure 9).

DISCUSSION

The aim of the present study was to answer a fundamental
question in the field of seagrass seascape ecology: do natural and
anthropogenic patches within a meadow matrix show the same
dynamics? We have addressed this conservation issue through
a multidisciplinary approach coupling spatial investigations,
biometric analysis, and a particle flux evaluation. From field
and laboratory measurements, it is clear that natural and
anthropogenic patches (here anchoring patches) show contrasted
structural dynamics. But how does this assertion provide new
insights in the field of seagrass conservation and management?

To discuss this aspect of seagrass seascape ecology, we will
consider together results from the present study and findings of
previous researches conducted in the Calvi Bay on P. oceanica
seascapes (Abadie et al., 2015, 2016, 2017; Gobert et al., 2016).
Through an upscaling approach, we will conclude by suggesting
a large spatial use of these data through extensive mapping.

Colonization vs. Erosion: A
Balanced Process?
Prior to any consideration about the colonization and erosion
dynamics, it is worth noting that natural sand patches and
anchoring dead matte patches are not similar in terms of shape
and area (Pasqualini et al., 1999; Boudouresque et al., 2012;
Abadie et al., 2015). In the present study, we did not find in the
Calvi Bay anchoring patches matching the size of natural ones
at 10 and 15m depth (Figure 4). But these observations do not
imply that large anchoring patches do not exist elsewhere along
theMediterranean coast at these depths. The study of Ganteaume
et al. (2005) in Port-Cros (France) at 9m depth supports this
assertion, although no distinctions were made by these authors
among intermatte—i.e., patch—types.

Due to these disparities in size and shape, a relative approach
was chosen to study the duality between the erosion and the
colonization processes occurring at their edge. The natural patch
at 10m depth showed a higher proportion of colonized than
eroded edge. In contrast, patches at 15 and 20m depth showed
balanced proportions of both edge types (Figure 6). This finding
may seem unlikely since patches at 10m depth are more exposed
to water movements generated by waves and extreme storm
events (Vacchi et al., 2012). This is counterbalanced by the
erosion speed which exceeded the colonization one at all depths.
While light availability at 20m depth reduces P. oceanica capacity
to colonize raw substrates (Marba and Duarte, 1998; Di Maida
et al., 2013), light and water movement conditions at 10 and 15m
depth are optimal for the plant development (Elkalay et al., 2003)
thus leading to higher colonization rates at the latter depths.
This proportional balance between eroded and colonized edges
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FIGURE 9 | Boxplots of vertical particle fluxes (resuspension) within natural (NP) and anchoring patches (AP) and in continuous reference meadows (RM) at 10, 15,

and 20m depth in summer 2015 and winter 2016. Double bars represent minimum and maximum values.

at 20m depth coupled with a higher erosion speed results in
the creation of large patches with an “ovoid” shape (Abadie
et al., 2015). At 15m depth, the higher colonization speed creates
narrow corridors (Boudouresque et al., 1980; Gobert et al., 2016).
These observations support the theory of Abadie et al. (2015)
that described a succession of natural patches with various shapes
from the seaward limit of the meadow to the landward according
to water movement intensity and light availability.

Contrary to natural patches, anchoring patches showed amore
erratic pattern of their proportions of colonized and eroded edges
along the 10–20m depth bathymetric gradient. However, when

looking at their surface dynamics, we observed that colonization
rate exceeded erosion, except for the patch at 10m depth. These
findings on the favorable dynamics of recolonization are contrary
to Abadie et al. (2016) theory on patch extension due to H2S
chemical damages in anchoring deadmatte patches. Indeed, these
authors measured highH2S concentrations at 10 cm depth within
the dead matte of anchoring patches theoretically unfavorable
to any efficient recolonization by the seagrass. In addition,
the colonization process at patch edges involving plagiotropic
rhizomes with few cm long roots (Gobert et al., 2016). So
although anchoring patches are recolonized, the very slow growth
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rate of the plant (Boudouresque et al., 1983; Marba and Duarte,
1998) moderates any recovery optimism. Thereby, according to
the proportion of colonized edges and colonization speed rate
by plagiotropic shoots, it would take about 27 years for the 0.83
m2 anchoring patch at 15m depth to be fully recolonized by
P. oceanica (erosion excluded). For the largest 90 m2 anchoring
patch investigated at 20m depth, it would take about 60 years for
the plant to recolonize the area. These time estimates are much
longer that what would be expected from recolonization rates
measured in the present study Moreover, they do not take into
account the persistent anchoring pressure that delays meadow
recovery. Part of the explanation could rely on the influence of P.
oceanicamorphology on the structural dynamic of patch edges.

Influence of P. Oceanica Morphology on
the Structural Dynamic of Patch Edges
The structural dynamics and recolonization rates of both natural
and anchoring patches rely certainly on the morphology of plants
growing at their colonization edges. According to our data it is,
however, hard to highlight any specific morphological traits of
the meadow at the edge of patches explaining those dynamics.
Leaf surface andmeadow shoot density were similar among patch
edges, and differences were observed between patch edges and
the continuous reference meadows regarding rhizome growth
rate and the number of new leaves. More specifically, rhizome
growth was higher at the colonized edge of the natural patch
at 10m depth (Figure 7). High vertical growth of orthotropic
rhizomes suggests high sedimentation rates (Boudouresque and
Jeudy De Grissac, 1983; Alcoverro et al., 1995). High vertical
growth ensures the formation of stronger matte providing better
protection against water movements and extreme wave events
(Vacchi et al., 2017) and therefore reducing the proportion of
edge eroded. In a previous study, Abadie et al. (2017) reported
that chemical and morphologic characteristics of natural patch
edges in the Calvi Bay at different depths showed clear disparities:
hydrodynamism is the main driver of patch dynamics through
erosion which leads to changes in sediment biochemistry and the
plant biological adaptations for colonization.

A contrasted statement was made by Abadie et al. (2016)
regarding anchoring. These authors showed that anchoring
pressure did not clearly affect P. oceanica meadow morphology
at 10m depth but had a direct mechanical action at 15 and 20m
depth by generating dead matte areas. Similar observations in
the present study confirmed their statement. Few morphological
adaptations of the plant foliar structure were observed except
regarding the number of leaves produced over time that was
lower at 15 and 20m depth at the colonization edge of anchoring
patches. These few differences could indicate a relocation of
internal resources from leaf production to rhizome horizontal
growth (Lepoint et al., 2004; Almela et al., 2008) as revealed by
the higher colonization rate.

Particle Flux Within Anchoring Patches
At this stage of the discussion, it is obvious that the main
drivers of the dynamics of natural and anchoring patches are
the hydrodynamism and the mechanical damages caused by

anchors respectively. As “gaps” within continuous meadows,
patches modify the particle flux over the whole P. oceanica
seascape. Indeed, continuous meadows are known to efficiently
trap suspended particles within the canopy (Dauby et al., 1995;
Terrados andDuarte, 2000), while unvegetated areas show higher
resuspension rates (Gacia et al., 1999). But what about small
unvegetated areas within P. oceanica meadows, i.e., natural and
anchoring patches within the meadow matrix?

Our results showed that the reference continuous meadow
reduced particle resuspension thanks to the leaf canopy.
Similarly to large unvegetated areas, natural patches showed
high resuspension rates of particles (Gacia and Duarte, 2001).
Anchoring patches also act as sediment traps but in a different
way. This difference was especially observed in winter at 15
and 20m depth for patches AP15 and AP20 that showed
morphological particularities. AP15 had a roughly circular shape
forming a cauldron-like hole inside the matte. Such an ideal
aspect ratio easily trapped suspended particles. In contrast,
AP20 was a vast area of dead matte with little relief favoring
suspended particle retention. From these structural differences,
we can assume that superficial dead matte, recently created
by anchoring, composed of dead roots and rhizomes and not
yet fully filed with sediments, may continue to trap suspended
particles from the water column until filling.

The recolonization process of anchoring patches suggests that
the higher particle deposition rates observed act as a positive
feedback (Maxwell et al., 2017) by providing an organic matter-
rich substrate. On the contrary, the high hydrogen sulfide
concentrations measured by Abadie et al. (2016) at the very same
stations reveal an additional negative feedback. The apparent
resilience of P. oceanica meadows to anchoring damages in this
area may derive from the overall good biological and physical
conditions in Alga Bay (e.g., low algal cover, good water quality,
stable climate, trophic interactions) (Unsworth et al., 2015).

Upscaling for Management Purpose
One of the main interests of stakeholders managing coastal
areas colonized by P. oceanica meadows is to detect hotspots
of anthropogenic impacts and to quantify abnormal regression
of these meadows. Since the purpose of seascape ecology is to
deal with large spatial scales (hectares to hundreds of km2),
small scale studies of patch dynamics such as the present work
must be upscaled to become useful managing tools. Previous
works have shown that acoustic imagery using side scan sonars
allow to detect and map depth limits of seagrass meadows
(Pasqualini et al., 1998; Montefalcone et al., 2013) and to
identify natural and anthropogenic patches (Pasqualini et al.,
1999; Leriche et al., 2006). From a study of Abadie et al. (2015),
it is now possible to detect, classify, and discriminate natural
and anthropogenic patches along the Corsican coast from side
sonar images. However, although side scan sonars provides high
resolution images, their positioning precision is, at best, at several
meters (Brissette and Clarke, 1999).

Due to the slow growth of P. oceanica and the centimetric
annual evolution of patches revealed in the present study, it
is obvious that a metric positioning accuracy is not sufficient
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to properly investigate the spatial evolution of P. oceanica
seascapes. The solution of this issue relies on the use of
another acoustic sensor able to provide acoustic imagery at
large spatial scale as well as a centimetric positioning precision:
the multibeam echo sounder (Le Bas and Huvenne, 2009).
Moreover, new algorithms are currently under development to
use multibeam echo sounder bathymetric data to detect seagrass
meadows (Abadie et al., 2018a).

CONCLUSION

This study highlighted the dichotomous spatial evolution of
natural and anchoring patches within the P. oceanica seascape
and their disparities in terms of particle trapping, together
leading to contrasted dynamics. Such punctual observations,
when upscaled to the whole seascape through large-scale
mapping, could bring new insight into the evolution of
seagrass meadows.

High precision large spatial scale mapping through
pluriannual surveys will provide managers and stakeholders
with maps highlighting hotspots of seagrass meadow cover
which is increasing or decreasing. However, to this day, precise
information (metric to centimetric) on large-scale distribution
of marine organisms is widely missing, especially for benthic
key species like seagrasses. The development of new underwater
mapping techniques such as the multibeam echo sounder will

soon fill this lack of precise information. Finally, from a wider
viewpoint, as the coastal fringe is a continuum of the terrestrial
coastal environment, the fusion of land and underwater maps
will bring about new insights to the comprehension of their
interconnection (e.g., mangroves to seagrass meadows) and will
be a powerful tool for large-scale management and conservation.
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Seagrass habitats are important natural carbon sinks, with an average of ∼14 kg C

m−2 buried in their sediments. The fate of this carbon following seagrass removal

or damage has major environmental implications but is poorly understood. Using a

removal experiment lasting 18 months at Gazi Bay, Kenya, we investigated the impacts

of seagrass loss on sediment topography, hydrodynamics, faunal community structure

and carbon dynamics. Sediment pins were used to monitor surface elevation. The

effects of seagrass removal on water velocity was investigated using Plaster of Paris

dissolution. Sediment carbon concentration was measured at the surface and down to

50 cm. Rates of litter decay at three depths in harvested and control treatments were

measured using litter bags. Drop samples, cores, and visual counts of faunal mounds

and burrows were used to monitor the impact of seagrass removal on the epifaunal

and infaunal communities. Whilst control plots showed sediment elevation, harvested

plots were eroded (7.6 ± 0.4 and −15.8 ± 0.5mm yr−1 respectively, mean ± 95%

CI). Carbon concentration in the surface sediments was significantly reduced with a

mean carbon loss of 2.21Mg C ha−1 in the top 5 cm. Because sediment was lost from

harvested plots, with a mean difference in elevation of 3 cm, an additional carbon loss of

up to 2.54Mg C ha−1 may have occurred over the 18 months. Seagrass removal had

rapid and dramatic impacts on infauna and epifauna. There was a loss of diversity in

harvested plots and a shift toward larger bodied, bioturbating species, with a significant

increase in mounds and burrows. Buried seagrass litter decomposed significantly faster

in the harvested compared with the control plots. Loss of seagrass therefore led to rapid

changes in sediment dynamics and chemistry driven in part by significant alterations in

the faunal community.

Keywords: macrofaunal communities, seagrass removal, surface elevation, carbon, bioturbation

INTRODUCTION

Seagrass beds are critical marine habitats with a wide global distribution. Their dense canopies
and organically enriched sediment are habitat and refuge for a large community of resident
and transient fauna including commercially important fish species, crustaceans and molluscs
(Howard et al., 2014). Seagrass meadows can influence hydrodynamics by reducing current
velocity, dissipating wave energy and stabilizing the sediment, leading to local sediment accretion
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(Potouroglou et al., 2017) and contributing to the protection
of whole shorelines as well as facilitating the health of other
ecosystems (Guannel et al., 2016). In common with the other
“blue carbon” habitats (mangroves and tidal marshes), seagrasses
are increasingly recognized as making an important contribution
to climate change mitigation because of their ability to sequester
carbon in the sediment (Duarte et al., 2005; Mcleod et al., 2011;
Githaiga et al., 2017b; Huxham et al., 2018).

Seagrasses are estimated to have the greatest spatial extent
of the three blue carbon ecosystems (ranging between 164,000
and 500,000 km2, with a best approximation of 177,000
km−2; Green and Short, 2003). However, they also probably
suffer the fastest rates of destruction; indeed one estimate of
7% area lost yr−1 may be the worst trend for any global
habitat (Waycott et al., 2009). Whilst natural events, including
outbreaks of disease and eruptions of grazing urchins, can
result in significant local seagrass decline (Short and Wyllie-
Echeverria, 1996; Herkül and Kotta, 2009), the major drivers
of seagrass loss are anthropogenic: eutrophication, land erosion
(leading to enhanced sedimentation), mechanical damage due
to dredging, seining, boat mooring, and anchoring (Short and
Wyllie-Echeverria, 1996; Orth et al., 2006). The loss of seagrass
implies the removal or diminution of the ecosystem services
they provide, but much uncertainty remains over how quickly
this might happen. In particular, the impacts of seagrass loss on
carbon sequestration remains poorly understood. In their study
of the global impacts and costs of carbon (C) emissions from
the degradation of blue carbon habitats, Pendleton et al. (2012)
assumed that between 25 and 100% of C in the top meter of
sediment or soil is oxidized following habitat destruction. This
large range, and the concomitant uncertainty in climate change
impacts, underlines the need for further research on the temporal
dynamics of sediment C following habitat loss.

One approach to the understanding of sediment and C
dynamics following habitat destruction is to compare intact
and damaged sites. Macreadie et al. (2015) provide an example
from Australia, where seismic testing in the 1960s damaged a
series of Posidonia australis beds, leading to a loss of 72% of
sediment C. Such “natural experiments” have the advantages
of temporal and spatial scale, but do not allow the controlled
understanding of causal drivers that a manipulative experiment
permits. There are few experimental studies that explore the
impacts of seagrass loss on C; the two most relevant (Macreadie
et al., 2014; Dahl et al., 2016) found no C losses following small
scale disturbances, which is in contrast to the findings of the
natural experiment in Macreadie et al. (2015). This suggests
that disturbance may need to be large scale (in time and/or
space) before an effect is found, or that there are site-specific
factors not yet understood. The present study complements this
recent work, using artificial removal of seagrass canopy cover in
harvested plots and comparisons with intact controls to explore
the impacts of seagrass canopy removal on surface elevation,
sediment dynamics and C storage, with a novel focus on the role
of fauna in mediating any changes. We test the null hypotheses
that removal of intertidal seagrass has no effects on sediment
C concentration, surface elevation, hydrodynamics and faunal
community composition.

MATERIALS AND METHODS

Study Site
This study was carried out at Gazi Bay (4◦ 25 ′S, and
39◦30′E), in Kwale County, Kenya, in an intertidal area
between the western and the eastern creeks (Figure 1).
There are 12 seagrass species recognized in the bay, 6
of which are dominant: Cymodocea rotundata Ascherson,
Cymodocea serrulata (R. Braun) Aschers. & Magnus, Enhalus
acoroides (L.f.) Royle, Syringodium isoetifolium (Aschers.)
Dandy, Thalassodendron ciliatum (Forssk.) den Hartog, and
Thalassia hemprichii (Enhrenberg) Aschers. These occur either
as monospecific stands or mixed with other seagrass species with
their coverage extending from low intertidal to 7 or 8m depth
below chart datum (Harcourt et al., 2018). The other six species
are: Halodule uninervis (Forssk.) Aschers., Halodule wrightii
(Aschers.), Halophila minor (Zoll.) den Hartog, Halophila ovalis
(Braun) Hooker, Halophila stipulacea (Forssk.) Aschers, and
Zostera capensis (Setch). Macroalgae are also abundant in the
seagrass meadows; these include: Caulerpa spp., Cystoseira
trinoids, Dictyota spp., Gracilaria cortica, Gracilaria saloicornia,
Halimeda spp., Hyponea cornata, Sargassum spp., Turinaria
decudrens, Ulva partusa, and Ulva reticulate (Coppejans et al.,
1992). The intertidal and shallow subtidal areas are further
characterized by obvious mounds, typically 10–20 cm high above
the sediment, produced by a large population of Callianassa
spp. burrowing shrimp. The current study was confined to areas
of monospecific stands of Thalassia hemprichii and Enhalus
acoroides since these seagrass species are most abundant in the
accessible intertidal regions. These stands have mean (± 95% CI)
shoot densities of 996 ± 94 and 248 ± 28 m−2 for T. hemprichii
and E. acoroides, respectively (Githaiga et al., 2017b).

Eight 3 × 2m plots were delineated using 2.5 cm diameter,
60 cm long PVC pipes pushed 50 cm into the sediment at each
corner. Plots were placed in monospecific stands of E. acoroides
and T. hemprichii (four each), at a minimum distance of 30m
apart, and four were each randomly assigned to removal and
control treatments. The harvested treatment involved clipping,
and removing, all the seagrass within the plots down to the
sediment surface level (Figure 2). A timber platform, resting on
supports outside the plots, was used every time during clipping,
and when collecting samples and data, to avoid disturbing the
sediment and belowground seagrass biomass. Any regrowth of
shoots was clipped every 30 days within the 18-month duration
of the experiment.

Sediment Corg Density
Measurements of carbon density in the harvested and control
treatments were made 18 months after the experimental
initiation. Five shallow (5 cm depth by 2.7 cm diameter, using
plastic pipe) and two deep (50 cm depth by 5 cm diameter, using
a Russian peat corer) cores were taken per plot, for surface and
deeper sediment analysis. Deep cores were sliced into 5 cm sub-
sections and all samples were oven dried for 72 h at 60◦C to
obtain a constant weight. Dry Bulk density (DBD) (the dry weight
of sediment per unit volume) was calculated for each sample
as follows: DBD (g/cm3) = Dry weight/Original volume of the
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FIGURE 1 | Seagrass experimental area, Gazi Bay, Kenya (after Troch et al., 2001; Bouillon et al., 2007).

sediment. Organic matter was measured in each sample by Loss
On Ignition (LOI), using a muffle furnace at 450◦C for 6 h. The
weight loss was used to calculate the % LOI and hence the organic
matter (OM) and the organic carbon density; % LOI = [(Initial
dry weight–Weight remaining after ignition)/Initial dry weight]
× 100). Corg values were derived using the relations: % LOI <

0.2: % Corg = 0.40∗% LOI-0.21; % LOI > 0.2: % Corg = 0.43∗%
LOI-0.33 taken from the Blue Carbon Manual (IPCC, 2013;
Howard et al., 2014). The data from the five surface cores and the
equivalent depth for the deep cores were combined, given n = 7
per plot for surface samples and n= 2 per plot for deeper samples.

Litter Decomposition
Prior to the start of the experiment, seagrass leaves of E. acoroides
and T. hemprichii were harvested from areas adjacent to the
experimental plots, washed and dried in the oven for 48 h at
80◦C to a constant weight. Three grams of dried litter from each
species was placed in 5 cm by 3 cm nylon bags of 1 mm2 mesh
size and sealed. In each plot, at the start of the experiment, four
litter depths 5 cm, 10 cm, and 15 cm giving a total of 12 bags in
each plot. One bag from each depth profile was retrieved every 15
days at spring tides and taken to the laboratory where they were
washed over a 1mm sieve to remove sediments. The resulting
litter after washing was oven dried at 80◦C for 48 h to obtain the
dry weight. The decay rates along the depth profiles were then
calculated and compared. Dried seagrass leaves do not reflect the

chemical complexity of sedimentary organic C, with its mix of
sources, ages and susceptibility to mineralisation. Hence the litter
bags were used to provide a simple measure of possible changes
between treatments in biogeochemical processes that manifest in
decay rates (such as oxygen availability) rather than simulations
of ambient, unaltered sedimentary processes.

Surface Elevation Pins
Surface Elevation Pin arrays (SEPs) were established within each
plot. Six 1m long, 5mm diameter stainless steel rods were
hammered to the bedrock at a spacing of 1 × 2m. A spirit level
was used to ensure that the rods were inserted vertically, and a
hack saw was used to cut the tops of the rods leaving a projection
of 20 cm above the sediment surface. Measurements of surface
elevation change were taken monthly during low spring tides.
The height of the projection of each steel rod above the sediment
surface was recorded after lowering a thin, plastic horizontal
disc (<1mm thick and diameter 40mm) with a central hole
over the top and down to the sediment surface to avoid taking
measurements affected by local scouring immediately adjacent
to the pin.

Speed of Water Movement
The effect of seagrass removal on the speed of water movement
was measured indirectly by use of plaster of Paris “clod
cards” (gypsum blocks) following Jokiell and Janice (1993).
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FIGURE 2 | Layout of the (A) Seagrass harvested and (B) control plots.

Measurements were taken 5 times in different spring tides in the
months of February, March, August and December of 2015 and
June of 2016. The clods were prepared by mixing 100ml of fresh
water with 80 g plaster of Paris powder manufactured by Hobby
Craft Trading limited, Dorset UK, poured in ice cube trays (4 ×
2 × 1.5 cm per cube) and dried to form the clod cubes. They
were then sanded at the bottom to attain a uniform weight of
12.5 ± 1.5 g within a batch. Each of the plaster cubes was glued
to a plastic plate measuring 3 × 8 cm with silicone cement (No
Nonsense Ltd.BA 228RT) and the combined weights recorded.
Four plaster clod cards facing the four cardinal directions were
fixed to straight poles at heights of 0, 15, and at 80 cm from the
sediment surface and one pole placed at the center of each of the
8 plots (Figures 3,4). They remained in the field for 24 h after
which they were removed and taken to the laboratory for oven
drying at 40◦C for 48 hours and dry weight was recorded.

Infaunal and Epifaunal Communities
Two cores (10.5 cm diameter by 10 cm depth) were randomly
collected per plot at 1 month after the start of the experiment, and
three cores per plot at 13 months after the start of the experiment.
Cores were gently washed over a 500µm mesh sieve to collect

infauna and seagrass biomass. To study epifauna communities,
two drop box samples were randomly taken per plot at 13
months after the start of the experiment (Figure 4). A bottomless
square metal box (50 × 50 × 50 cm) was rapidly pushed
into the sediment at low tide (<50 cm depth). Fauna present
within the box was collected with a 500µm mesh sieve. Sieving
stopped when two consecutive sieves were retrieved without
fauna present. Fauna from cores and drop box samples was fixed
in 10% formalin between 2 and 7 days before being washed
and stored in 70% ethanol (Bowden et al., 2001; Berkenbusch
et al., 2007). Organisms were identified to family level when
feasible using a Leica Stereo Zoom S6E microscope with 40×
magnification. Identification was performed using a variety of
guides and webpages and occasional expert advice (Day, 1967;
Smith and Heemstra, 1999; Hayward and Ryland, 2000; Ngoc-
Ho, 2003; Campbell, 2007; Sida andWIOMSA, 2011; Odido et al.,
2015; WoRMS Editorial Board, 2015). Fauna were also assigned
to functional groups (FG). The numbers of visible burrows and
mounds in the sediment in all the plots were counted in each of
nine successive months, starting 156 days after the start of the
experiment, as an indicator of bioturbating activity. Counts only
included burrows with a diameter > 0.5 cm and the seagrass in
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the control plots carefully pushed aside if necessary, to facilitate
accurate counting of burrows.

Data Analyses
When appropriate the assumptions of normality and
homogeneity of variances were checked by inspecting residuals,
and where necessary the data were log10 or square root
transformed to improve statistical fit. Repeated measures
ANOVA, with treatment and time factors, was used to compare
surface elevation between the harvested and control treatments.
Carbon density between treatments was compared using
separate nested ANOVAs for surface (top 5 cm) and whole core
profiles. Rates of litter decay at each depth and within each
plot were calculated by fitting exponential curves to derive

FIGURE 3 | Plaster of Paris clods for the current speed monitoring. (a) Clod

cards mounted to a stick in field (b) Clod card drying after removal from the

field, showing clear differences in dissolution.

decay constants (k) for each plot × depth combination. These
were used as replicates in a two-way ANOVA with depth
and treatment as factors. The effects of the factors treatment
(harvested vs. control), height and time on the percentage
weight loss of gypsum clods over a 24 h period, repeated 5 times,
were examined using repeated measures ANOVA. Abundance
and taxon counts of fauna were compared between removal
and control treatments at 1 and 13 months. Differences in
key functional groups between treatments were explored by
examining the percentage contributions of each group to total
abundance in treatments, and visible evidence of bioturbation
(burrows and mounds) was compared between treatments using
repeated measures ANOVA. Statistical analyses were performed
using Minitab 17 and SPSS 23 software.

RESULTS

Corg Density
The Corg density differed significantly between treatments in the
surface sediment (top 5 cm) after 18 months [nested ANOVA,
F(1, 6) = 9.98, p = 0.02]. The mean (± 95% CI) C densities
in the top 5 cm of sediment were 0.0085 (± 0.0027) and 0.004
(± 0.0005) gC/cm3, translating to a mean difference between
treatments of 2.21Mg C ha−1 in the top 5 cm. However,
this difference was limited to the surface, with no significant
differences found over the whole depth profiles.

Litter Decay at Three Depths
The seagrass litter showed exponential decay throughout
the 2-month period of monitoring across all the
depths in all cases (Figure 5). Significantly faster litter
decay rates were recorded in harvested compared to
control plots [F(1, 2) = 22.50, p = 0.042] while depth
did not have significant effects on litter decay rates
(Supplementary Material).

Surface Elevation
Harvested plots showed a trend of sediment loss over the
course of the experiment, compared with periods of stability
and accretion in controls (Figure 6). Clear differences between

FIGURE 4 | Combined layout of the experimental set up (Images adjusted from: ian.umces.edu/symbols).
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FIGURE 5 | Litter decomposition (mean ± 95% CI) over a two-month period at (A) 5 cm, (B) 10 cm, and (C) 15 cm depths in the harvested and control plots.

treatments appeared 8 months from the start of the experiment
(Figure 7), perhaps implying a loss of belowground, as well
as aboveground, biomass was important; roots and rhizomes
persisted for many months before beginning to die off. The
mean (± 95% CI) sediment elevation over the eighteen-
month period in the control treatment was 7.6 ± 0.4mm
yr−1 compared with −15.8 ± 0.5mm yr−1 in harvested
plots. There was a significant interaction effect between
treatment and time in the repeated measure ANOVA on
sediment elevation change [F(17, 102) = 3.59, p < 0.01;
Figure 6]; the non-overlapping confidence intervals show
significant differences at multiple individual time points
(Supplementary Material).

Speed of Water Movement
The percentage weight loss of clod cards
(

Weight loss after 24 hrs exposure
Original weight

× 100
)

was used as an indicator

for current speed, with a higher percentage weight loss indicating
a larger current speed. Clod cards placed close to the sediment
in the seagrass removal plots lost more weight than those in
the controls within the 24-h exposure period, suggesting higher
current speed in the harvested plots. Weight loss was higher at 15
and 80 cm above the sediment surface, with little differences here
between treatments (Supplementary Material). Hence there
was a significant interaction effect between height and treatment
[F(2, 12) = 6.102, p= 0.015; Figure 7].
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FIGURE 6 | Mean surface elevation change (±95% CI) in the seagrass beds of Gazi Bay relative to the initial height of each pin in February 2015.

FIGURE 7 | Effect of seagrass removal treatment on % loss of gypsum clod cards (central lines are medians, boxes interquartile ranges and the dots are means) over

a 24-h exposure period. Boxplots are based on one measurement per plot (N = 4 per treatment) with three heights (0, 15, and 80 cm from the sediment) and five

measurement times [February (1), March (2), August (3) and December (4) 2015 and June 2016 (5)].

Infaunal and Epifaunal Communities
A total of 33,092 organisms were processed at the two sampling
moments in 2015 and 2016, with almost 27,000 from control and
around 6,000 individuals from harvested plots. There was a total
of 57 taxa, 52 from control, and 38 from harvested plots. Across
all the samples the crustacean taxa of Amphipoda and Ostracoda
and the Polychaete families Orbiniidae/Paraoniidae (grouped
together for convenience within this study) were most abundant.
Control plots were dominated by small crustaceans with a
high abundance of Amphipoda, Apseudomorpha, and Ostracoda

while harvested plots were also dominated by Amphipoda
but the polychaete families of Orbiniidae/Paraonidae and
Cirratulidae were the second and third most abundant taxa.
When comparing treatments, the polychaetes Cirratulidae and
Lumbrineridae/Oenonidae and the Leptocardii (lancelet) stand
out in their higher abundance in harvested than control plots.

There was a larger average biomass of fauna in control [2.240
(±1.854 (95% CI)) g/m2 dry weight] compared with harvested
plots [0.684 (±1.862 (95% CI)) g/m2 dry weight]. Crustacea
formed the heaviest taxon when biomass for both treatments was
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combined. The taxa with the largest contribution to biomass in
control plots were Chordata, dominated by Scorpaenidae and
Apogonidae, and Mollusca. Within harvested plots Crustacea
formed the largest contribution in biomass, especially due to
the biomass of Decapoda in harvested plots which surpassed the
Decapoda biomass in control plots.

One month after the start of the experiment the abundance of
infauna in harvested plots was only∼ one quarter that of controls
(Figure 8), suggesting a rapid loss of fauna that persisted to 13
months. Taxon richness was also reduced in the harvested plots,
with mean [±standard error (SE)] taxon counts for control and
harvested treatments of 36 (±2) and 28 (±3), and 47 (± 2), and
28 (±1), respectively, for 1 and 13 months.

The collected taxa were grouped based on their body type
[soft, rigid (exoskeleton), vertebrate, calcified (mollusc)], body
size (1:<1mm, 2: 1–5mm, 3: >5mm), diet (predator, deposit
feeder/scavenger, suspension or filter feeder, grazer, mixed
feeding methods) and interaction with the sediment (sediment
surface (reside at the sediment surface or in the top few
cm), tube building, mobile (mobile between sediment layers),
pelagic, attached to substrate or flora or commensal). Eight
functional groups (FG) were created based on the distribution
of fauna over these categories: (1) Large molluscs, (2) Small
crustaceans, (3) Small polychaetes and other worms, (4) Large
polychaetes at the sediment surface, (5) Large crustaceans at
the sediment surface, (6) Large burrowing and tube dwelling
polychaetes, (7) Pelagic fish, and (8) Large burrowing crustaceans
(Supplementary Material).

As well as impacting total abundance and taxon richness,
seagrass removal caused a large change in the proportional
importance of different functional groups (FG). Large molluscs
and small crustaceans and worms were particularly vulnerable
to seagrass removal (1–3 in Figure 9). Simultaneously large
burrowing and tube dwelling polychaetes, large burrowing
crustaceans and pelagic fish were groups that increased in
proportional importance in removal plots (6–8 in Figure 9),
indicating a shift toward larger, bioturbating fauna as a result of
seagrass disturbance.

Evidence of bioturbating activity at the surface of the plots,
in the form of burrows and mounds, was monitored from day
156 to 397 of the experiment, following the results of cores
and drop samples which suggested a potential difference in
abundance of bioturbating fauna between treatments. There were
clear and consistent differences, with higher numbers of mounds
and burrows in the harvested treatment (Figure 10). Repeated
measures ANOVA showed significant effects of treatment [F(1, 6)
= 20,872, p = 0.004] and time on the number of mounds, and
a significant interaction [F(8.48) = 4.452, p < 0.001] between
time and treatment for burrow counts, caused by the low count
of burrows in the removal treatment at day 367 (Figure 10)
following a storm event in the bay causing extensive resuspension
of sediment.

DISCUSSION

We found significant differences in Corg in the surface sediment
between harvested and control plots, although these differences

did not extend to the full sediment profile. Hence our results lend
support to those of Macreadie et al. (2015), in their comparisons
of historical sites of disturbance, in suggesting carbon losses
following seagrass removal. They do not concur with the
experiments reported in Macreadie et al. (2014) and Dahl et al.
(2016); in contrast to these studies, we found significant losses
of Corg despite the relatively small temporal and spatial scales of
our work.

These changes in C concentration and the vulnerability of
sequestered C that they imply arise from a combination of
physical and biological factors. Seagrass is very effective in
damping waves, slowing currents and trapping sediment. As
a result, seagrass contributes to coastal protection and to the
healthy functioning of contiguous ecosystems, such asmangroves
(Guannel et al., 2016) and acts synergistically with other blue
carbon habitats to sequester more C together than any of these
ecosystems are likely to trap on their own (Huxham et al., 2018).
Over a period of 500 days, the sediment surface within intertidal
seagrass plots (dominated by E. acoroides and T. hemprichii)
at Gazi showed elevation rates of 25mm yr−1, compared with
erosion of 34mm yr−1 in adjacent un-vegetated control plots
(Potouroglou et al., 2017). The present results, this time using
an experimental rather than survey approach, complement these
findings in showing a similar ability of the intertidal seagrass to
trap and stabilize sediment.

The significant differences in gypsum dissolution recorded at
the sediment surface suggest that impacts on water movement
are a causal mechanism for this enhanced sediment trapping.
Many other studies have demonstrated that even low or sparse
canopy seagrass beds are capable of attenuating wave energy (e.g.,
Christianen et al., 2013; Potouroglou et al., 2017), and here we
show these effects can be significant, even at spatial scales of only
6 m2 in patches surrounded by lush seagrass. Hence the bottom-
up, physical effects of these foundation species on hydrodynamics
partly explain the vulnerability of sediment Corg following
seagrass removal. However, the large and rapid changes we show
in faunal communities following seagrass removal suggest an
important role for top-down biological processes as well.

The presence and density of fauna, especially large
bioturbators, can be used as an indicator and predictor of
the functional status of benthic environments (Eyre, 2011).
Faunal impacts on C storage have been documented in many
blue carbon habitats, including seagrass (Papaspyrou et al.,
2004; Thomson, 2018). Herbivory can have direct impacts on
cover and production through consumption, for example green
turtles (Heithaus et al., 2014) and urchins (Rose et al., 1999)
can remove most aboveground biomass. However, indirect
effects may be at least as important, although they are harder
to document. Bioturbators can have dramatic impacts on C
storage and even on ecosystem persistence, especially when
trophic control by predators is relaxed (Atwood et al., 2015).
For example, salt marsh at Cape Cod, USA is retreating rapidly
because of enhanced burrowing by the crab Sesarma reticulatum,
which has been released from predator control by overfishing
(Coverdale et al., 2014). Callianassid shrimp in Indonesia have
burrows extending down to a meter below the surface and can
cause sediment turnover of 3.4 kg m−2 day−1. Their activities
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FIGURE 8 | Mean (±SE) faunal abundance in control and harvested plots one and 13 months after the start of the experiment (2015 and 2016, respectively).

Aboveground fauna was sampled using drop samples (2016 only), belowground fauna and seagrass biomass were sampled using cores. Seagrass aboveground

biomass contains shoots, belowground biomass roots and rhizomes. Harvested plots appear in a raster pattern.

FIGURE 9 | The proportional distribution of all fauna categorized into 8 (FG) collected in control (dark green) and harvested (light green) treatments. Data are pooled

from core and drop samples, collected 13 months after the start of the experiment. Bars represent the percentage of individuals within each FG that was found in

each treatment. The total number of individuals per FG is given above each bar. (Images: ian.umces.edu/symbols).

may determine the spatial extent of seagrass beds (Kneer et al.,
2013). The seascape at our experimental site is characterized by a
trough and hummock appearance, in which un-vegetated areas
with shrimp mounds are found outside of shallow depressions
full of seagrass. This distribution could originate from the
small tidal pools remaining in the depressions during low tide,
which can protect seagrass against desiccation (Curran and
Martin, 2003; Kneer et al., 2013). The significantly enhanced
number of mounds and burrows in removal plots suggests
that shrimp were able to colonize when seagrass was removed,
and their vigorous bioturbation would have contributed to
the exposure, loss and oxidation of buried carbon. Although
seagrass roots release oxygen during the day, this creates an
oxic microzone around the rhizosphere of only several hundred

micrometers in diameter in otherwise typically anoxic sediment
(Sand-Jensen et al., 2005; Brodersen et al., 2015). In these anoxic
conditions, bioturbation by callianassid shrimp can provide
a substantial input of oxygen into the sediment, particularly
through processes of bio-irrigation, which is predominantly used
in biogeochemical processes and microbial respiration (Webb
and Eyre, 2004). The remineralization processes promoted
by callianassid burrowing activity can result in a 2 to 5 times
increase in CO2 emission (Thomson, 2018). Whilst callianassid
shrimp are the most obvious bioturbators, seagrass removal
resulted in a general shift in community structure toward larger
bodied, more active taxa; perhaps as the physical barriers of
dense seagrass canopy and rhizomes were removed, facilitating
predation, or as the sediment chemistry changed, permitting
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FIGURE 10 | Mean (±95% CI) counts of burrows (top) and mounds (bottom) visible in plots, recorded as evidence of bioturbation by large bodied epi and infauna.

higher sedimentary oxygen levels. Patches dominated by seagrass
or by shrimp and other bioturbators may represent different
stable states in the seascape mosaic here. Clear differences in
the characteristics (including C density) of sediment taken from
seagrass and bioturbator patches, which extend to 50 cm depth,
suggest these small scale structures are surprisingly persistent
(Githaiga et al., 2017b), and that there is mutual inhibition
between seagrass and shrimp, hence relatively small-scale
disturbances, such as those imposed experimentally here, may
result in long-term shifts in community composition and
biogeochemical state, driven by a switch in the dominance of
functional groups.

Evidence for changes in sediment chemistry as a result
of seagrass removal comes from the significantly enhanced
rate of decomposition we found in the harvested plots,
which was consistent down to 15 cm depth, below the
level we detected changes in Corg. Seagrass sediments are
characterized by low levels of oxygen and slow rates of organic
decomposition, a key feature contributing to their ability to
sequester C. Seventy years after the date of disturbances in
their study, Macreadie et al. (2015) found clearly distinct
microbial communities in sediment where seagrass had been
lost compared with intact control areas; the former was
characterized by a higher abundance of aerobic heterotrophs,
the latter by sulfate reducing and anaerobic bacteria. Although
litter decomposition rates do not provide a direct measure of
microbial densities, they can be used as an indirect measure
of microbial activity. The rapid (first 60 days) emergence
of differences in decay rates between seagrass and removal
treatments here suggests that changes in microbial communities

might be very fast, particularly when mediated as here by
macrofaunal shifts.

We recorded a mean reduction in Corg density in the top
5 cm of sediment equivalent to a loss of 2.21Mg C ha−1

. After
18 months there was also a mean difference in elevation of 3 cm
between treatments. Because Corg density does not differ with
depth in control plots [that is, there was no effect of depth
on Corg density down 50 cm cores taken here or in Githaiga
et al. (2017a)], this difference does not arise from comparing
surface sediment in controls with sediment that was previously
buried in harvested plots. Measuring only surface Corg density
underestimates the total impact of seagrass removal on C loss,
since it does not include the aboveground biomass or the
sediment that was lost from harvested plots. We do not know
the fate of the C found in the sediment that was lost; it could
simply move elsewhere, or it could be oxidized. This is true for
most studies of coastal sediment carbon. Indeed, there is a lively
debate about the multiple uncertainties involved in estimating
C stocks and flows in seagrasses at local and global levels. If C
(especially allochthonous C) trapped in seagrass sediment would
be stored elsewhere, for example in coastal basin sediments, were
it not intercepted by seagrass then estimates of total sequestration
by seagrass beds are exaggerated (Johannessen and Macdonald,
2016). Taking the mean C densities for our control plots as
representative, another 2.54Mg C ha−1 could have been lost
within the 18 months of this study if all the C contained in this
eroded sediment was oxidized.

Seagrass is a globally threatened habitat. Across the Kenyan
coast, total coverage of seagrass is declining at 1.59% yr−1,
and in Gazi losses are faster at 1.68% yr−1; decline here
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is likely to be caused mostly by small-scale but persistent
damage from fishing activities (Harcourt et al., 2018). There
are many reasons for concern about these losses, since they
may undermine the livelihoods of local fishers, enhance erosion
and diminish the natural beauty of these coasts. In addition,
as demonstrated here, seagrass removal may lead to the loss of
stored C and future sequestration potential, and faunal changes
can act to speed up this process and perhaps prevent or slow
seagrass recovery.
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